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“Man is a part of nature, and his war against nature is inevitably a war against himself” 

Rachel Carson 

 

“What are the three most important rules of the chemist?” 

“Label clearly. Measure twice. Eat elsewhere.” 

Patrick Rothfuss 
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SUMMARY 

 Perfluoroalkyl substances (PFASs) and fluoroquinolone antibiotics (FQs) are pollutants 

of environmental interest due to their widespread presence in environmental compartments and 

their high toxicity and disrupting effects of original ecosystems, respectively. PFASs are used 

in a wide array of applications, and their chemical structure consists in a fluorinated chain 

attached to a hydrophilic group. Due to their strong C – F bonds, they are hardly photo- and 

biodegraded, which makes them persist in the environment. On the other hand, FQs are widely 

used in human and veterinary medicine to treat diseases caused by both Gram positive and 

Gram negative pathogens. Due to their partial uptake by the organisms and consequent 

excretion, especially when used in livestock, they have been found in different environmental 

matrices. High FQ levels may disrupt the microbial communities of the original ecosystems and 

can generate resistant bacteria strains, thus diminishing their effectiveness for medical 

purposes.  

After a contamination event, an evaluation of the potential threat to humans and 

ecosystems should be performed, a process which is known as risk assessment. Risk assessment 

studies require different input data and parameters to quantitatively evaluate the possible 

outcomes of a contamination episode. Data and parameters include knowing the concentration 

of the target contaminant in a specific scenario, considering toxicity towards different species 

and their possible degradation pathways, and taking into account the specific environmental 

conditions in which the contamination episode occurred (e.g., the physicochemical 

characteristics of the soil/water system) and predicting the mobility of the contaminant along 

environmental matrices, among others. If risk assessment studies evidence that intervention 

actions should be implemented, remediation actions may be taken, including the use of sorbent 

materials such as biochars and activated carbons for the treatment of contaminated soils and 

waters aiming to decrease pollutant mobility.  
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The sorption/desorption process of a contaminant between solid and liquid matrices 

governs its environmental mobility. Understanding the sorption interaction mechanisms 

between sorbents and pollutants is important to extrapolate conclusions in other untested but 

characterized scenarios. Whereas soil OC has been suggested to be the main property affecting 

PFASs sorption by hydrophobic interactions, recently an additional role of the mineral phase 

has been highlighted in scenarios with low OC contents. On the other hand, multiple interaction 

mechanisms have been suggested to occur between FQs and soil organic and mineral phases, 

revealing a non-linear dependence with pH due to FQ speciation, which makes it difficult the 

extrapolation of conclusions to bulk soils. A quantitative parameter used in environmental 

models quantifying the sorption process is the solid-liquid distribution coefficient (Kd). It is 

necessary to develop Kd prediction models based on key pollutant and sorbent physicochemical 

properties descriptive of the interaction mechanisms involved in the sorption process. This, in 

turn may need the creation of robust, critically-reviewed Kd compilation datasets including as 

much information on physicochemical properties of the system as possible made of literature-

gathered data and, if needed, new data derived from ad-hoc laboratory experiments.  

Current Kd prediction models for PFASs and FQs in soil pure components, soils and/or 

carbon-rich materials are scarce, have limitations and require a wider range of applicability. 

Accordingly, the generation of new models aiming to predict its Kd in these environmental 

matrices are required for future risk assessment studies. Considering this, the main goal of this 

thesis has been to identify key parameters affecting PFASs and FQs sorption and to develop Kd 

prediction models in soils and related environmental matrices (including pure soil components 

and carbon-rich materials). To reach this main goal, we have performed sorption experiments 

of PFASs in soils and carbon-rich materials, in addition to sorption experiments of FQs in pure 

soil phases and soils. Besides, critically-reviewed compilations of Kd data of PFASs and FQs 

in these matrices have been created to identify the key physicochemical properties responsible 



21 

for PFAS and FQs sorption and to develop the Kd prediction models, as well as propose best-

estimate Kd values for soils based on relevant soil physicochemical properties.  

The results of this work are presented in four chapters. Chapter III focuses on the 

identification of key soil properties affecting PFAS sorption in soils, and the development of a 

Kd prediction model based only on few soil and PFAS physicochemical properties. Chapter IV 

aims to identify the key sorbent properties affecting PFAS sorption in carbon-rich materials 

(biochar, activated carbon, compost and charcoal fines) and the development of a Kd prediction 

model for PFAS in these sorbents. Chapter V aims to discuss the sorption of FQs in pure mineral 

and organic phases present in soils, in order to get insights of the role and the main factors 

affecting FQ sorption in these phases to latter extrapolate this information to bulk soils. Finally, 

chapter VI develops a Kd prediction model of FQs in soils, as well as propose best-estimate Kd 

(FQ) values in soils based on a few physicochemical properties. 

Regarding the identification of key parameters governing PFASs and FQs sorption in 

soils and other environmental matrices, it has been shown that sorption of PFASs in soils is 

largely governed by soil organic carbon content through hydrophobic interactions, increasing 

with PFAS chain length. The contribution of the mineral phase can play a significant role in 

sorption for those soils with a low organic carbon content, but sorption in these scenarios is 

generally very low. Sorption of PFASs in carbon-rich materials (e.g., biochars and activated 

carbons) is governed by hydrophobic interactions, increasing with PFAS chain length. Sorption 

increases when increasing material aromaticity, and additionally, material surface area plays an 

additional role in sorption providing extra sorption sites. Sorption of FQs in both humic acids 

and phyllosilicate minerals is strong, although highly pH-dependent. This pH dependence is 

due to both the speciation of the FQs and the overall surface charge of the phase, and sorption 

is also dependent on clay nature. On the other hand, sorption of FQs in metal oxides is 

dependent on the metal nature, but for a specific set of metal oxides sorption increases when 
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increasing mineral surface area. The identification of key properties affecting FQ sorption in 

pure soil components allowed to deduce the main phases responsible for sorption in soils. It 

was confirmed that sorption of FQs in bulk soils is pH-dependent, being soil pH, clay and 

organic matter content key parameters descriptors of sorption, besides demonstrating the 

sorption analogy of several widely studied FQs.  

Regarding the development of Kd prediction models for PFASs and FQs in 

environmental matrices, an empiric Kd prediction model for PFASs in soils was developed by 

accounting the relative contribution of organic and mineral phases on the overall Kd. The model, 

included only three variables: the organic carbon and the reactive mineral phase (silt + clay) 

contents, and the number of fluorinated carbons of the PFAS. Besides, a Kd prediction model 

for PFASs in carbon-rich materials has also been developed. The model included only three 

variables: the quality and quantity of sorption sites (represented by the CORG/O molar ratio and 

the specific surface area, respectively) and the number of fluorinated carbons of the PFAS. In 

both cases models had a high applicability, and validation procedures using external data 

confirmed their effectiveness, overcoming previous limitations observed in previous models 

reported in the literature. Several empirical equations have been proposed here to predict the 

Kd of FQs in pure soil components. Specifically, the sorption Kd values in humic acids and 

different phyllosilicate minerals at different pH values were relatively well described by a 

second-grade polynomic fitting, and besides, a linear model was proposed to predict Kd values 

for FQs in metal oxides of Fe at neutral pH according to its surface area. Moreover, an empiric 

Kd prediction model for FQs in soils was developed after multivariate analyses, although it 

revealed a poor prediction ability when tested against literature data. Alternatively, a set of best-

estimate Kd values with associated uncertainty were proposed by refining a Kd dataset for FQs 

in soils grouped according to specific key properties through cumulative distribution functions. 
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1.1. Poly- and perfluoroalkyl substances (PFASs) 

1.1.1. Classification and general features 

Poly- and perfluoroalkyl substances (PFASs) are a complex family of synthetic 

compounds with an anthropogenic origin, which have been used since the 1940s. The chemical 

structure of PFASs basically consists in a fluorinated chain (hydrophobic tail) attached to a 

hydrophilic functional group. Their strong C – F bonds provides a strong thermal resistance, in 

addition to stunt its breakdown. Besides, both their hydrophobic and hydrophilic parts act as 

repellent of both water and oils, in addition to provide superior surface tension lowering 

properties and resistance to thermal, chemical and biological degradation. PFASs are currently 

used in a wide array of costumer and industrial applications such as additives in electronic 

devices, fire-fighting foams, inks, lubricants, food containers and oil and water repellents for 

the leather, paper and textile industries, among others (Prevedouros et al., 2006). 

Polytetrafluoroethylene (PTFE), under its commercial name “Teflon”, was accidentally 

obtained after the polymerization of tetrafluoroethylene in 1938 by Roy J. Plunkett in DuPont’s 

Jackson Laboratory in Deepwater, New Jersey, USA. After realizing its unique properties, other 

non-polymeric fluorinated substances started to be investigated. In 1949, 3M started the 

manufacture of perfluorooctane sulfonic acid (PFOS), and in 1951 began the manufacture of 

perfluorooctanoic acid (PFOA). Global PFOA emissions from 1951 to 2015 are estimated to 

being up to 13,000 tones (Wang et al., 2014). Currently, it is estimated that more than 4,700 

PFASs have reach the global market (OECD, 2021).  

Due to this large amount of compounds, PFASs may be classified according to different 

criteria. Among them, the classification proposed by Buck and co-workers in 2011 (Buck et al., 

2011) has been widely accepted as a standard guideline in terms of their PFASs terminology 

and classification, although recently the Organization for Economic Co-operation and 

Development (OECD) issued a new recommendation guideline for their terminology aiming to
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fulfill some gaps found in Buck’s classification (OECD, 2021). In this document PFASs are 

defined as “fluorinated substances that contain at least one fully fluorinated methyl or 

methylene carbon atom (without any H/Cl/Br/I atom attached to it) i.e., with a few noted 

exceptions, any compound with at least a perfluorinated methyl group (-CF3) or a perfluorinated 

methylene group (-CF2-) is a PFAS”. Regardless this new tinge in Buck’s terminology, their 

proposed PFASs classification is still widely used. According to this classification, the PFASs 

group may be separated into two categories: polymeric and non-polymeric substances. Among 

polymeric substances we can find fluoropolymers (those with carbon-based backbone with 

fluorine atoms directly attached; e.g., PTFE), perfluoropolyethers (polymers with carbon- and 

oxygen-based backbone with fluorine atoms directly attached to carbon) and side-chain 

fluorinated polymers (polymers with variable composition with non-fluorinated backbone but 

with fluorinated side chains; e.g., fluorinated urethane polymers, fluorinated oxetane polymers, 

fluorinated acrylate and methacrylate polymers). On the other hand, non-polymeric PFASs can 

be classified as perfluoroalkyl and polyfluoroalkyl substances. Perfluoroalkyl substances are 

those compounds for which all hydrogens on all carbons (except those associated with 

functional groups) have been replaced by fluorine atoms, and include a wide variety of families: 

aliphatic perfluorocarbons (PFCs), perfluoroalkyl carboxyl acids (PFCAs), perfluoroalkane 

sulfonic acids (PFSAs), perfluoroalkane sulfonamides (PFASAs), perfluoroalkyl iodides 

(PFAIs), perfluoroalkyl aldehydes (PFALs) and perfluoroalkyl phosphinates (PFPiAs), among 

others. On the other hand, polyfluoroalkyl substances are defined as those compounds for which 

all hydrogens on at least one (but not all) carbon have been replaced by fluorines, and include 

a variety of families: perfluoroalkane sulfonamido derivates, fluorotelomer-based  compounds 

(those with some CF2 units replaced by CH2) and semifluorinated n-alkanes and alkenes, among 

others (Buck et al., 2011). Figure 1.1 summarize the abovementioned classification: 
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Figure 1.1 Classification of PFASs (adapted from Buck et al., 2011). 

 

Table 1.1 summarizes the main physicochemical properties of some anionic PFCAs and 

PFSAs, which are the compounds that will be analysed in this thesis. The chemical structure of 

some of these anionic PFCAs and PFSAs included in Table 1.1 are depicted in Figure 1.2:
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Table 1.1 Main physicochemical properties of target PFASs. 

Name PFAS acronym Chemical form CAS number Molecular weight (g/mol) Number of CF2 log KOW pKa log KAW 

Perfluorobutanoic acid PFBA C4HF7O2 375-22-4 214.0 3 2.3 a 0.4 a 0.30
 d 

Perfluoropentanoic acid PFPeA C5HF9O2 2706-90-3 264.1 4 2.9 c N.A. 0.86
 d 

Perfluorohexanoic acid PFHxA C6HF11O2 307-24-4 314.1 5 3.1 a -0.16 a 1.43
 d 

Perfluoroheptanoic acid PFHpA C7HF13O2 375-85-9 364.1 6 3.8 b N.A. 2.00
 d 

Perfluorooctanoic acid PFOA C8HF15O2 335-67-1 414.1 7 4.6 a, b -0.2 a 2.57
 d 

Perfluorononanoic acid PFNA C9HF17O2 375-95-1 464.1 8 5.5 b N.A. 3.14
 d 

Perfluorodecanoic acid PFDA C10HF19O2 335-76-2 514.1 9 6.4 b N.A. 3.70
 d 

Perfluoroundecanoic acid PFUnA C11HF21O2 2058-94-8 564.1 10 7.4 b N.A. 4.18
 d 

Perfluorododecanoic acid PFDoA C12HF23O2 307-55-1 614.1 11 8.1 c N.A. 4.84
 d 

Perfluoropropane sulfonic acid  PFPrS C3HF7O3S 423-41-6 250.1 3 1.7 c N.A. N.A. 

Perfluorobutane sulfonic acid PFBS C4HF9O3S 375-73-5 300.1 4 2.7 a 0.14 a 1.02
 d 

Perfluoropentane sulfonic acid  PFPeS C5HF11O3S 2706-91-4 350.1 5 3.0 c N.A. N.A. 

Perfluorohexane sulfonic acid PFHxS C6HF13O3S 355-46-4 400.1 6 4.3 a 0.14 a 2.15
 d 

Perfluoroheptane sulfonic acid PFHpS C7HF15O3S 375-92-8  450.1 7 4.3 c N.A. N.A. 

Perfluorooctane sulfonic acid PFOS C8HF17O3S 1763-23-1 500.1 8 5.3 a, b -3.27 a 3.29
 d 

Perfluorodecane sulfonic acid PFDS C10HF21O3S 335-77-3 600.1 10 6.4 c N.A. N.A. 

N.A.: not available; a Deng et al., 2012; b Kelly et al., 2009; c Pubchem database (https://pubchem.ncbi.nlm.nih.gov); d Kim et al., 2015 



CHAPTER I: INTRODUCTION 
_______________________________________________________________________________________________________________________________ 

27 

 

PFBS: Perfluorobutane sulfonic acid 

 

PFHxS: Perfluorohexane sulfonic acid 

 

PFOS: Perfluorooctane sulfonic acid 

 
  

PFHxA: Perfluorohexanoic acid PFOA: Perfluorohexanoic acid PFDoA: Perfluorododecanoic acid 

   

Figure 1.2 Chemical structures of several PFAS.
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Different linear, branched and cyclic PFASs have been found in the environment (Xiao, 

2017). Whereas the so called “legacy PFASs” species, which mainly includes linear PFCAs 

and PFSAs with fluorinated chains ranging 3 – 14, such as PFOA and PFOS, have been widely 

monitored in environmental compartments since 2001 (Giesy and Kannan, 2001), these only 

account for a small number of the global PFASs available and, therefore, the environmental 

exposure to PFASs may be underestimated (Willach et al., 2016). Some PFASs may exist under 

cationic, zwitterion, anionic or uncharged forms, and although anionic PFASs have gathered 

the most monitoring attentions in the last years, recent attention has been put for these other 

“novel PFASs” species (Xiao, 2017; Maizel et al., 2021).  

The chain length of the PFASs is usually referred as the number of CF2 units, including 

the final –CF3 moiety. Therefore, PFOS and PFNA have the same number of CF2 units (CF2 = 

8), while the CF2 for PFOA, which has the same number of carbons as PFOS, is 7. Buck and 

co-workers classified PFASs as short- and long-chained according to their number of CF2 units, 

being long-chained PFASs those PFCAs with > 7 CF2 and those PFSAs with > 6 CF2 (Buck et 

al., 2011). PFAS hydrophobicity, expressed as its octanol-water partitioning coefficient (KOW), 

increase with the number of fluorinated carbons. The strong electronegativity of the fluorine 

atoms stabilizes the negative charge along the fluorinated chain, and hence, pKa values for these 

compounds are usually in the range of -3.3 – 0.4. Therefore, they are present under their anionic 

form under most environmental conditions. PFAS accumulation and magnification factors have 

shown to depend on the chain length. Long-chained PFASs accumulate in the wildlife due to 

its higher hydrophobicity (Haukås et al., 2007), whereas short-chained PFASs are more prone 

to accumulate in plants due to its higher water solubility (Lesmeister et al., 2020). Also, PFASs 

volatility, expressed as its air-water partitioning coefficient (KAW) increases with its fluorinated 

chain (Kim et al., 2015), suggesting a major atmospheric transport for long-chained PFASs.  
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1.1.2. PFASs toxicity related to animals and humans  

 A growing number of reported works studying PFASs toxicity is emerging. Adverse 

effects concerning acute and chronic effects including hepatotoxicity, reproductive toxicity, 

neurotoxicity, carcinogenicity and hormonal effects, among others, have been linked to PFASs 

exposure, and despite these studies have been mainly addressed the effects of legacy PFAS, 

novel PFASs can exhibit comparable or even more serious potential toxicity (Wang et al., 

2019). PFASs have been found in human blood plasma samples worldwide (Olsen et al., 2017; 

Tian et al., 2018). The presence of PFOS, PFHxS and PFOA in plasma has decreased along 

2000 – 2015 in general U.S. population likely due to legislation restrictions, although PFNA 

and PFDA concentrations remained relatively constant (Olsen et al., 2017). The presence of 

PFASs in serum has been linked to bone mineral densities alterations in children (Cluett et al., 

2019), and in addition, PFASs have also been detected in liver, kidney, heart, muscle and brain 

tissues (Cao and Ng, 2021). PFASs may disrupt normal reproductive function in women 

through altering hormone secretion, menstrual period and fertility (Rickard et al., 2022), while 

their accumulation in brain may cause toxic effects in the central nervous system, including 

PFAS-induced behavioural and cognitive disorders (Cao and Ng, 2021). The presence of 

PFASs in hepatic cells have been linked to increasing cytotoxicity with increasing carbon chain 

lengths (Ojo et al., 2020), while they have been also been suggested to cause hormone 

disrupting effects in both in vitro and in vivo studies (Bonefeld-Jørgensen et al., 2014). 

Carcinogenic effects and oxidative deoxyribonucleic acid (DNA) damage have been also linked 

to PFASs exposure in rats (Chang et al., 2014), although direct evidences between PFASs 

exposure and cancer outcomes in humans are not clear at date (ATSDR, 2021). Furthermore, 

PFASs-related adverse effects have been reported to aquatic species and soil bacterial 

communities (Ahrens and Bundschuh, 2014; Zhang et al., 2019). 
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1.1.3. PFASs legislation 

 In May 2000, 3M, the principal worldwide PFAS manufacturer, announced a voluntary 

phase-out of PFOS, PFHxS, PFOA and related compounds (EPA Docket EPA-HQ-OPPT-

2002-0051). In 2006, the Environmental Protection Agency (EPA) invited eight major leading 

companies to join a global stewardship program aiming to achieve a 95% reduction in emissions 

of PFOA and related compounds no later than 2010 and committed to eliminate these 

compounds from emissions and products by 2015 (EPA Docket EPA-HQ-OPPT-2006-0621). 

The Stockholm convention, which is an international agreement that entered into force in 2004 

to protect human health and the environment from the exposure to Persistent Organic Pollutants 

(POPs, http://www.pops.int), limited in 2009 the applications worldwide for PFOS, its salts and 

its precursor (perfluorooctane sulfonyl fluoride) (UNEP, 2009). Later, the POPs Review 

Committee also considered a proposal for the potential inclusion of PFOA, its salts, and PFOA-

related compounds into the Stockholm convention by restricting production and use, with 

specific exceptions (UNEP, 2015), and in 2020 were definitely banned in Europe with no 

exceptions. Currently, PFHxS, its salts and related compounds in addition to C9-C14 PFCAs 

have been proposed for restricted production and use (UNEP, 2017; 2021). 

 In Europe, Directive 2013/39/EU established environmental water quality standards for 

PFOS and its derivates with annual average and maximum allowed concentrations in non-

inland surface waters established at 0.13 ng L-1 and 7.2 µg L-1, respectively. Besides, a 

maximum total PFAS concentration of 0.5 µg L-1, with 0.1 µg L-1 for every single compound 

was recommended for drinking water (Directive 98/83/EC). Currently, there is no dedicated 

European legislation on PFAS-impacted soil quality other than the Environmental Liability 

Directive (2004/34/EC) that establishes a framework for preventing and remediating 

environmental damage (European Commission, 2020). 
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1.1.4. PFASs analysis in environmental samples 

  Most of the monitoring studies aiming to determine target PFASs in environmental 

matrices (i.e., aqueous firefighting foams (AFFF)-impacted soils and freshwater) rely on a 

liquid extraction and filtration methods for the solid and liquid matrices, respectively, followed 

by a clean-up and concentration step using solid phase extraction (SPE), and the determination 

of the PFAS in the eluent by high performance liquid chromatography coupled to tandem mass 

spectrometry (HPLC-MS/MS) (Higgins et al., 2005; Habibullah-Al-Mamun et al., 2016; 

Nickerson et al., 2020). For anionic PFASs compounds, electrospray ionization (ESI) working 

in negative mode is widely applied, whereas for cationic and zwitterion PFASs compounds ESI 

working in positive mode needs to be applied (Maizel et al., 2021). As long as ESI is known to 

be susceptible to matrix enhancement/suppression of compounds by co-eluting species, PFAS-

labelled internal standard calibration curves are preferred instead of external or standard 

addition calibration procedures (Washington et al., 2007). Elution time and/or degree of 

similarity in response to ionization between compounds might affect suitability of compounds 

that are candidates for use as matrix internal standards (Higgins et al., 2005). Whereas the 

respective PFAS-labelled compound would be the most suitable internal standard for PFAS 

quantification purposes, this may be costly and may lead to an overestimation of the PFAS 

content due to non-labelled impurities in the respective commercial internal standard. Hence, 

in many studies a few representative PFAS-labelled compounds are used to quantify different 

chain-length PFCAs and PFSAs. For PFCAs, the decarboxylation reaction is usually monitored, 

while for PFSAs the usual transition monitored is the formation of the SO3
- ion. The second 

most abundant transition is selected as confirmation transition. Linear and branched isomers, 

can be identified by slight changes in the retention time of the resulting chromatograms 

(Langlois and Oehme, 2006). Table 1.2 summarize some of the chromatographic conditions 

used to quantify PFCAs and PFSAs in aqueous solutions by HPLC-MS/MS.  
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Table 1.2 Reported HPLC-MS/MS conditions for PFASs analysis in aqueous samples using a triple quadrupole mass spectrometer working in 

negative ESI mode.  

HPLC column Injection volume 

(µL) 

Flow rate 

(mL min-1) 

Aqueous  

Mobile phase A 

Organic  

Mobile phase B 

LOQ 

(ng mL-1) 

Reference 

C18, 2.1×150 mm; 5 μm 3 – 5  0.2 5 mM NH4OAc 5 mM NH4OAc (90% ACN) N.R. Brusseau et al., 2019 

C8, 2.1×50 mm; 3.5 μm 5 N.R. 0.15 % HAc 0.15 % HAc (ACN) N.R. Mejia-Avendaño et al., 2020 

C18, 2.0×125 mm; 5 μm 10  0.4 2 mM NH4OAc ACN N.R. Gómez-Canela et al., 2012 

C18, 2.1×150 mm; 5 μm 10 0.2 10 mM NH4OAc MeOH  0.02 – 0.40 Habibullah-Al-Mamun et al., 2016 

C18, 2.1×100 mm; 5 μm 5 0.2 5 mM NH4OAc MeOH 0.10 – 0.55 Lee et al., 2020a 

C18, 2.0×150 mm; 4 μm 5 0.3 10 mM NH4OAc 10 mM NH4OAc (MeOH) 0.2 – 0.6 Colomer-Vidal et al., 2022 

C18, 2.1×50 mm; 5 μm 10 0.2 10 mM NH4OAc 10 mM NH4OAc (MeOH) 0.17 – 0.59 Dalahmeh et al., 2018 

C18, 2.7×100 mm; 5 μm n.r. 0.2 5 mM NH4OAc 5 mM NH4OAc (MeOH) 0.02– 0.16 Liu et al., 2015 

NH4OAc: ammonium acetate; HAc: acetic acid; ACN: acetonitrile; MeOH: Methanol; LOQ: limit of quantification; N.R.: not reported 
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1.1.5. PFASs input pathways and occurrence in the environment 

PFASs may enter in the environment through different pathways, thus increasing their 

exposure to human beings. Figure 1.3 summarizes some of these pathways. 

 

Figure 1.3 Main PFASs input pathways in the environment. 

 

Although PFASs manufacturing processes have been limited in E.U. and U.S., they are 

still widely produced in other locations. For example, high PFOA concentrations up to 70 µg 

L-1 have been found in rivers close to Chinese fluorochemical facilities (Colomer-Vidal et al., 

2022). PFASs have a low removal rate in conventional wastewater treatment plants (WWTPs, 

Lenka et al., 2021), which may lead to low but detectable levels in drinking water (Tan et al., 

2017). Another important PFASs input in the environment is the use of AFFF. These foams are 

used to tackle large hydrocarbon fires, and AFFF formulations include anionic, neutral, cationic 

and zwitterion PFASs with chain lengths mostly ranging from 4 to 12 (Place and Field, 2012).  
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Consequently, PFASs have been found at high levels in AFFF-impacted soils (Brusseau et al., 

2020). PFASs may be transferred from soils to plants (Lesmeister et al., 2021), which may 

explain their detection in several vegetable species such as lettuce, carrot, potatoes and tomatoes 

(Herzke et al., 2013). On the other hand, PFASs may be mobilized from the soil to surface or 

ground waters (Gellrich et al., 2012), thus increasing their availability towards aquatic species. 

Consequently, PFASs have been widely detected in finfish and shellfish in U.S. markets (Ruffle 

et al., 2020). PFASs are also found in several commercial food contact materials (e.g., popcorn, 

pizza, sandwich and chips bags), and these may migrate to food (Carnero et al., 2021). Overall, 

the presence of PFASs in daily dietary products may cause a direct intake for human beings. 

Moreover, their use in building materials, furnishings, consumer products and industrial-

strength cleaners may contribute to the PFASs presence in air and dust samples (Savvaides et 

al., 2021). PFASs have been detected in indoor and outdoor air samples at levels up to hundreds 

pg m-3, with higher concentrations for fluorotelomer precursors, even in remote areas (Jahnke 

et al., 2009; Goosey and Harrad, 2012). The presence of PFASs in the atmosphere may 

contribute to an additional continuous exposure for human beings. 

Table 1.3 and Table 1.4 summarize some of the PFCAs and PFSAs concentrations 

found in freshwaters, sediments and soils worldwide. Among them, PFOS and PFOA have been 

found at higher concentrations. Specifically, PFOS and PFOA have been found in water bodies 

including lake, river and coastal areas at levels up to few tens of ng L-1 and in the respective 

sediment cores at levels up to several ng g-1. Besides, PFASs have been detected in background 

soils at concentrations up to few ng g-1, although higher levels have been detected in AFFF-

impacted soils, especially for PFOS (levels up to few µg g-1), likely because is the major PFAS 

component in AFFF formulations (Place and Field, 2012). These high concentrations found in 

AFFF-impacted sites gather scientific concern and promote the application of remediation 

actions to reduce PFAS mobility and human exposure (Sørmo et al., 2021).
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Table 1.3 Worldwide selected PFCAs and PFSAs concentration ranges (min – max) found in water (ng L-1) and sediments (ng g-1). 

Location Matrix PFBA PFHxA PFOA PFNA PFDoA PFBS PFHxS PFOS Reference 

Coastal Area  

(Bangladesh, 2015) 

W 

S 

<0.01 – 1.82 

<0.03 – 1.37 

0.16 – 4.07 

0.07 – 0.51 

3.17 – 27.8 

0.09 – 1.49 

0.46 – 4.17 

0.04 – 0.53 

<0.04 – 3.30 

<0.03 – 0.49 

<0.08 – 3.67 

<0.02 – 0.87 

<0.04 – 2.59 

<0.01 – 0.96 

<0.08 – 5.10 

0.30 – 3.56 

Habibullah et al., 2016 

Coastal Area  

(Korea, 2020) 

W 

S 

N.A. 

N.A. 

<0.04 – 2.18 

<0.002 – 0.06 

0.21 – 16.5 

<0.005 – 0.51 

<0.1 – 0.45 

<0.002 – 0.11 

<0.1 

<0.005 – 0.04 

<0.04 – 3.87 

<0.002 – 0.02 

<0.1 – 8.84 

<0.002 – 0.06 

<0.04 – 1.92 

<0.005 – 0.33 

Lee et al., 2020a 

Coastal Area 

(China, 2011) 

S N.D. – 1.34 N.D. – 3.04 N.D. – 1.40 N.D. – 0.43 N.D. N.D. N.D. – 0.41 N.D. – 32  Yan et al., 2015 

Pearl River  

(China, 2013) 

W 

 

N.A. 

 

<0.03 – 3.54 

 

<0.12 – 9.34 

 

0.24 – 2.97 

 

<0.02 – 0.30 

 

0.34 – 12.0  

 

<0.04 – 1.51 <0.02 – 10.6 Liu et al., 2015 

Jiulong River 

(China, 2015) 

W 

S 

N.A. 

N.A. 

<0.01 – 96 

0.02 – 0.20 

1.08 – 24.8 

0.12 – 0.83 

<0.01 – 0.58 

<0.001 – 0.06 

N.A. 

0.01 – 0.05 

<0.01 – 8.61 

<0.002 – 0.19 

0.20 – 2.73 

<0.001 – 0.05 

0.21 – 14.2 

0.02 – 0.95 

Wang et al., 2022 

Llobregat River 

(Spain, 2010) 

W 

S 

0.07 – 111 

0.09 – 12.9 

0.63 – 25.2 

N.D. 

0.07 – 146  

0.36 – 1.52 

0.77 – 52.4 

3.87 

N.D. 

0.11 – 0.22 

0.41 – 4.10 

0.91 – 3.53  

14.2 – 33.2 

0.03 – 0.29 

0.01 – 2,710 

0.15 – 11.4  

Campo et al., 2015 

River water 

(Vietnam, 2014) 

W 

S 

N.A. 

N.A. 

<0.07 – 4.26 

<0.16 

0.13 – 54 

<0.20 

<0.06 – 4.81 

<0.1 

<0.03 – 0.03 

<0.05 – 0.16 

<0.30 – 8.28 

<0.34 – 0.57 

<0.03 – 5.98 

<0.04 - 18 

<0.03 – 40 

<0.08 – 6.72 

Lam et al., 2017 

Nansi Lake 

(Sweeden, 2012) 

W 

S 

N.A. 

N.A. 

N.A. 

N.A. 

35 – 85 

0.11 – 0.44 

0.62 – 1.74 

0.03 – 0.15 

N.A. 

N.A. 

0.36 – 0.78 

N.D. 

0.06 – 0.11 

N.D. 

0.49 – 1.79 

0.17 – 0.83 

Cao et al., 2015a 

Asan Lake 

(South Korea, 2018)  

W 

S 

N.A. 

N.A. 

2.3 – 105 

<0.01 – 0.25 

5.4 – 44 

<0.01 – 0.27 

1.8 – 16.3 

<0.02 – 0.47 

<0.50 

<0.01 – 1.12 

1.4 – 44 

<0.01 – 0.51 

2.9 – 25 

<0.05 – 1.48 

<0.47 – 18.5 

0.04 – 4.36 

Lee et al., 2020b 

W: water; S: Sediment; N.A.: non analysed; N.D.: non detected (limit of detection, (LOD) not reported) 
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 Table 1.4 Worldwide selected PFCAs and PFSAs concentration ranges (min – max) found in background and AFFF-impacted soils (ng g-1).  

Status and location PFBA PFHxA PFOA PFNA PFDoA PFBS PFHxS PFOS Reference 

Jordan, 2020 a N.D. N.D. 0.11 – 0.30 N.D. N.D. N.D. 0.07 0.51 – 0.92 Shigei et al., 2020 

Norway, 2019 a <0.13 – 1.06 <0.04 – 0.18 <0.05 – 0.40 <0.06 – 0.93 <0.09 – 0.40 <0.01 – 0.04 <0.03 <0.04 – 0.64 Grønnestad et al., 2019 

Uganda, 2015 a <1.6 0.21 – 0.44 0.25 – 0.91 0.15 – 0.46 0.12 – 0.38 0.04 – 0.12 <0.67 0.60 – 3.0 Dalahmeh et al., 2018 

China, 2013 a 0.17 – 2.14 0.02 – 0.33  2.84 – 4.99  0.08 – 0.37 0.02 – 0.18 0.01 – 0.10  0.01 – 0.05 0.78 – 4.23 Meng et al., 2018 

USA, 2010 a 0.07 – 0.49 0.03 – 0.09  0.29 – 0.54  N.A. N.A. <0.024 – 0.03 0.03 – 0.11 0.93 – 2.1 Scher et al., 2018 

USA, 2021 b 0.72 – 46  0.80 – 71  1.4 – 6.2  0.52 0.03 – 0.46 0.53 – 29  0.10 – 190  3.7 – 8,600  Maizel et al., 2021 

USA, 2017 b N.A. 54 – 213  237 – 561  0.8 – 8.8  N.D. – 0.8  2.2 – 69  120 – 421  124 – 4,880  Nickerson et al., 2021 

Norway, 2015 b <1.8 – 109  <2.5  <2.8 – 207  <1.8 N.A. <1.8 <1.8 170 – 5,470  Hale et al., 2017 

USA, 2014 b 0.23 – 14  0.19 – 140  0.26 – 140  0.24 – 23  0.92 – 18  0.20 – 72  0.29 – 180  0.38 – 5,700  Anderson et al., 2016 

France, 2014 b <2 – 14  <2 – 58  <2 – 27  <2 – <20  <2 – <20 <2 – 24  <2 – 112  4 – 668  Boiteux et al., 2016 

a Background; b AFFF-impacted; N.A.: non analysed; N.D.: non detected (LOD not reported) 
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1.2. Fluoroquinolone antibiotics (FQs) 

1.2.1. Classification and general features 

 Pharmaceutical and personal care products are considered as emerging contaminants of 

increasing concern. Among them, antimicrobial agents are substances which are able to kill or 

inhibit the growth and reproduction of microorganisms such as bacteria, fungi or protozoa, and 

can have either natural or anthropogenic origin. Currently, they are mainly used in human and 

veterinary medicine, including a wide range of compounds such as aminoglycosides, β-lactams, 

macrolides, tetracyclines, quinolones, nitrofurans, nitroimidazoles, penicillin and 

sulphonamides (Teixidó, 2013). Quinolones are derivatives of quinine, and their antimicrobial 

applications were discovered in the early 1960s by George Lesher and co-workers after 

isolating nalidixic acid as a undesired by-product, further synthetizing related compounds 

(Lesher et al., 1962). Their industrial production was enhanced during the 1970s and 1980s to 

treat diseases caused by both Gram positive and Gram negative pathogens. The general 

structure or ‘pharmacore’ of a quinolone is depicted in Figure 1.4.  

 

Figure 1.4 General structure of a quinolone antibiotic. 
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A nitrogen atom in position X8 resulted in the first naphthyridines compounds, whereas 

a carbon atom in position X8 leads to the first quinolone compounds (e.g., cinoxacin, 

flumequine). The addition of a fluorine atom at position C6 leaded to the first fluoroquinolones 

and was one of the earliest chemical modifications of its structure. The addition of piperazine 

at position C7 (e.g., norfloxacin) improved activity against Gram negative organisms, and their 

antibacterial activity to Gram positive agents was enhanced after adding a cyclopropyl ring or 

a six-member (pyridobenzoxazine) ring at position N1 (e.g., ciprofloxacin, ofloxacin). Further 

improvements in the chemical structure included a five membered or azabicyclic ring at 

position C7 (e.g., moxifloxacin, trovafloxacin), which revealed enhanced activity to both Gram 

positive and especially Gram negative pathogens (Andersson and MacGowan, 2003; Blondeau, 

2004). 

The physicochemical properties of some FQ antibiotics are summarized in Table 1.5. 

Many of the FQs contain both a carboxyl acid and ternary amine groups in their chemical 

structure, in addition to an additional secondary amine present in the piperazine group. The pKa 

values of the secondary amine present in the piperazine group are around -0.2, thus only being 

protonated under extreme acid conditions (Rusu et al., 2012). Therefore, under most 

environmental conditions they may be found under cationic (+), zwitterion (+/-) or anionic (-) 

forms. Solubility and hydrophobicity of the FQs are pH-dependent. The solubility of the 

cationic and anionic species is enhanced, reaching values up to 30 g L-1, while a solubility 

decrease is observed at neutral pH where the zwitterion form is predominant, reaching values 

up to 0.25 g L-1 (Rivagli et al., 2014). FQ hydrophobicity, expressed as its KOW, suggests a high 

affinity for remaining in the aqueous solution, even though KOW is decreased at neutral pH 

where the zwitterion specie is predominant (Cárdenas-Youngs and Beltrán, 2015).  
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Table 1.5 Main physicochemical properties of FQ antibiotics. 

FQ Acronym CAS number Molecular formula Molecular Weight Chemical structure pKa1 / pKa2 log KOW
  

Norfloxacin NOR 70458-96-7 C16H18FN3O3 319.3 

 

 

 

6.20 / 8.55 a -1.17 b 

Ciprofloxacin CIP 85721-33-1 C17H18FN3O3 331.3 

 

6.30 / 8.61 a -0.81 b 

Enrofloxacin ENR 93106-60-6 C19H22FN3O3 359.4 

 

6.22 / 7.90 a -0.43 c 

Ofloxacin OFL 82419-36-1 C18H22FN3O4 361.4 

 

 

 6.13 / 8.21 a -0.58 b 

a Experimental data from Rusu et al., 2012; b Mean log KOW data from Van Doorslaer et al., 2014; c Experimental data at pH 5.3 from Cárdenas-

Youngs and Beltrán, 2015. 
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1.2.2. FQs toxicity and generation of antibiotic resistance genes  

 FQs toxicity tests performed in the laboratory on aquatic organisms revealed a low to 

moderate risk at relevant FQ environmental concentrations (Robinson et al., 2005), which has 

been confirmed after risk assessment studies on specific freshwaters systems (Chen et al., 2015; 

Li et al., 2017; Hu et al., 2018). Besides, they may also affect the growth of soil flora and fauna 

species at high concentrations (Riaz et al., 2018). Low to moderate effects have been noticed 

in bacteria communities in constructed wetlands and soils (Kotzerke et al., 2011; Li et al., 2020), 

although these negative effects may depend on FQ sorption degree and may be dissipated after 

months (Kotzerke et al., 2011; Xiong et al., 2015). The continuous exposure to these 

antimicrobials among the bacterial community may lead to the generation and transfer of 

specific antibiotic resistance genes (ARGs), being one of the most common mechanisms of FQ 

resistance the mutation in one or more genes that encode the primary and secondary targets of 

these drugs, the type II topoisomerases enzymes (DNA gyrase and DNA topoisomerase IV) 

(Redgrave et al., 2014). Mutations in these gens alter the protein structure and subsequently the 

FQ binding affinity of the enzyme. This may eventually cause a potential threat to humans 

beings due to the lower effectiveness of these antibiotics to treat infections caused by certain 

bacteria (WHO, 2017). The amount of ARGs in agricultural soils has been associated with the 

levels of antibiotics applied (Sun et al., 2020), and therefore, a reduction in the use of 

antimicrobial agents is crucial to avoid the generation of new resistant bacteria strains. Besides, 

studying the mobility, degradation, accumulation and dose exposure of FQs to soil bacterial 

communities is crucial for bacterial risk assessment studies (Parkin, 2007). 
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1.2.3. FQs legislation 

 In 2011, the World Health Organization (WHO) Advisory Group on Integrated 

Surveillance of Antimicrobial Resistance prioritized FQs, among other antibiotic families, as 

“critically important compounds to monitor and reduce their use due to potential negative long-

term negative effects” (WHO, 2011). European Council directive 96/23/EC set measures to 

monitor certain substances and residues thereof in live animals and animal products, whereas 

European regulation (EU) No 37/2010 set maximum residue limits (MRLs) in foodstuffs of 

animal origin. This regulation considers the sum of ENR and CIP as marker residues in animal 

species including bovine, ovine, caprine, porcine, rabbits, poultry and other food producing 

species, and set MRLs at levels up to 300 µg kg-1 for selected target tissues such as muscle, fat, 

liver and kidney. However, no current specific regulations for FQ levels affecting soil and water 

quality are available in the EU. 
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1.2.4. FQs analysis in environmental samples  

Monitoring studies aiming to detect low (among ng L-1) levels of pharmaceuticals in 

soils, sediments and water samples often require a solid/liquid or liquid/liquid extraction 

followed up by a clean-up and pre-concentration step using SPE, chromatographic separation 

and detection using tandem mass spectrometry (USEPA, 2007). However, the fluorescent 

properties of the FQs allow them to be quantified in soil slurries by HPLC using a fluorescence 

detector (FLD) at concentrations among hundreds of μg L-1 (Leal et al., 2013), or even by 

Ultraviolet-Visible (UV-Vis) spectrometry at mg L-1 levels (Cao et al., 2015b). Nonetheless, 

the use of HPLC is preferred even when quantifying a single FQ, since it allows the separation 

of dissolved organic species that may alter the fluorescent properties of FQs through quenching 

effects (Pan et al., 2012). 

Table 1.6 summarize the main characteristics of some reported HPLC methods used to 

quantify FQs. Reverse-phase C18 columns and isocratic elution conditions are usually used, and 

albeit the composition of the mobile phase A differs among methods, the mobile phase B is 

mostly composed by ACN or MeOH. Several concerns have been raised in the analysis of FQs 

by HPLC due to the identification of two peaks corresponding to a single FQ analyte. On one 

hand, this has been attributed to ternary complexes with dissolved organic matter (DOM) 

species assisted by calcium cations (FQ-Ca-DOM complexes), which are pH dependent and 

prone to break down with the addition of a complexing agent such as ethylenediaminetetraacetic 

acid (EDTA) or oxalic acid, thus avoiding matrix effect in the quantification (Peruchi et al., 

2015). However, other authors suggested the presence of an esterification reaction of the 

protonated carboxyl group of the FQ with MeOH under acid conditions, being the esterified FQ 

species less retained in the C18 column (De Witte et al., 2007). Overall, the combination of 

formic acid:MeOH as mobile phase seems to lead to a matrix effect that is not observed for 

other mobile phase combinations. 
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Table 1.6 Reported HPLC-FLD conditions for the analysis of different FQs in aqueous soil slurries samples.  

Injection volume 

(µL) 

Flow rate 

(mL min-1) 

Mobile phase composition 

A:B (%) 

LOQ 

(µg L-1) 

Detection Comments Reference 

N.R. 1.0 0.1% formic acid:MeOH (70:30) 10 HPLC-UV-Vis Addition of EDTA Peruchi et al., 2015 

10 1.0 0.1% formic acid:MeOH (70:30) 10 HPLC-UV-Vis Addition of EDTA Martínez-Mejía et al., 2017 

N.R. 0.3 0.1% formic acid:MeOH (70:30) 0.05 – 0.06  HPLC-MS/MS Addition of EDTA Parpounas et al., 2017 

50 1.5 0.01 M oxalic acid (pH 2.2):MeOH (80:20) 2 – 3 HPLC-FLD No matrix effect Teixidó et al., 2014 

50 1.0 0.1% formic acid:ACN (72:28) N.R. HPLC-FLD No matrix effect Leal et al., 2013 

50 1.0 0.01 M oxalic acid (pH 4):MeOH (72:28) 0.2 – 1.8 HPLC-FLD No matrix effect Leal et al., 2012 

N.R. 1.0 0.05 M H3PO4 (pH 2.7):ACN (70:30) 500 HPLC-UV-Vis No matrix effect Vasudevan et al., 2009 

20 1.0 Acetate buffer (pH 3):ACN (70:30) 50 - 100 HPLC-UV-Vis No matrix effect Conkle et al., 2010 

20 0.6 0.025 M H3PO4 (pH 3):ACN (83:17) N.R. HPLC-FLD No matrix effect Zhang et al., 2009 

20 0.8 0.1% H3PO4 (pH 3):ACN (85:15) N.R. HPLC-FLD No matrix effect Graouer-Bacart et al., 2015 

LOQ: limit of quantification; FLD: Fluorescence detector; MeOH: methanol; ACN: acetonitrile; N.R.: not reported. 
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1.2.5. FQs input pathways and occurrence in the environment 

 FQs may reach the environmental compartments through different pathways (Figure 

1.5). Improper disposals of household waste, expired or unused medicines and solid waste from 

pharmaceutical industries in dumping sites may lead to detectable levels of FQs in soils (Arun 

et al., 2020). Besides, their use in aquaculture activities may cause significant pollution issues 

(Vilca et al., 2021). In addition, due to their widespread use in both human and veterinary 

medicine, and since antibiotics are only partly metabolized by animal bodies, they can reach 

the environment after excretion (Rimmington, 2020). High levels (up to a hundred µg L-1) of 

FQs have been detected in hot spots such as hospital effluent wastewaters (Vasconcelos et al., 

2009), and although the removal rate of FQs in WWTPs is relatively high (Burch et al., 2019), 

they are still detected few km far from WWTP effluent discharges (Massey et al., 2010).  

 

 

 

Figure 1.5 Input pathways of FQs in the environment, adapted from Picó and Andreu, 2007. 



CHAPTER I: INTRODUCTION 
__________________________________________________________________________________ 

45 

FQs have been detected in sewage sludge sample at µg kg-1 levels (Lillenberg et al., 

2009). Hence, both the irrigation of agricultural fields with wastewater and the application of 

sewage sludge in agricultural soils as amendments may be considered as input pathway of these 

antibiotics in soils. Also, FQs have been detected at mg kg-1 in chicken droppings, poultry, cow 

litters and pig manure (Riaz et al., 2018), and the use of these amendments in agricultural soils, 

especially in organic farming, is an important FQ input pathway in the environment (Picó and 

Andreu, 2007).  

Extensive monitoring studies have been conducted to assess the environmental levels of 

FQs in soil and freshwater systems during the past decade. Table 1.7 summarizes FQ 

concentrations in sediments and freshwater systems, while Table 1.8 summarizes FQ 

concentrations in soils affected with potential sources of FQs. As can be seen in Table 1.7, FQ 

levels in surface waters range around 5 - 300 ng L-1, thus causing a low to moderate associated 

risk to aquatic species and disrupting the balance of the original ecosystem (Li et al., 2017). 

Similarly, concentrations in bed sediments are around 5 - 200 ng g-1 in the absence of heavily 

antibiotic pollutant activities (Vilca et al., 2021). FQ concentrations in impacted soils, however, 

vary among the FQ input source (Table 1.8). The irrigation of agricultural fields with recycled 

wastewater as well as the addition of sewage sludge as soil amendment may lead to FQ 

concentrations in soils at levels up to 450 ng g-1, while the addition of animal manure may lead 

to higher concentrations among few µg g-1. Once in the soil, FQs are hardly photo- and 

biodegraded and tend to accumulate in surface soils, in addition to disrupt soil bacterial 

communities and eventually be transferred to the plant system or affect its growth (Migliore et 

al., 2003; Girardi et al., 2011; Hawker et al., 2013; Cui et al., 2014; Chung et al., 2017; Pan and 

Chu, 2017; Lin et al., 2018; Hu et al., 2021). 
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Table 1.7 Worldwide selected FQs concentration ranges (min – max) found in water (ng L-1) 

and sediments (ng g-1).  

Location Matrix NOR CIP ENR OFL Reference 

Weihe River 

(China, 2014) 

W 

S 

<1.2 – 23.2 

<2.5 – 28.5 

<1.2 – 15.6 

<2.5 – 17.2 

<1.2 – 9.8 

<2.5 – 10.4 

<1.2 – 12.4 

<2.5 – 20.8 

Li et al., 2017 

Hanjiang River 

(China, 2015) 

W 

S 

<1.3 – 6.4 

<0.5 – 7.1 

<1.3 – 4.5 

<0.5 – 3.7 

<1.3 – 3.6 

<0.5 – 2.4 

<1.3 – 9.5 

<0.5 – 9.9 

Hu et al., 2018 

River water 

(USA, 2006) 

W 

S 

N.A. 

N.A. 

<0.5 – 116  

6.91 – 74  

N.A. 

N.A. 

17 – 182  

28 – 113  

Massey et al., 2010 

Jiyun River 

(China, 2012) 

W 

S 

N.A. 

N.A. 

N.A. 

N.A. 

1.55 – 57.5 

<0.13 – 11.7 

0.36 – 102 

0.46 – 42.2 

Li et al., 2016 

Pearl River 

(China, 2011) 

W 

S 

57 – 227 

2.6 – 21 

N.A. 

N.A. 

N.A. 

N.A. 

5 – 18 

0.7 – 14 

Liang et al., 2013 

Urban River 

(Argentina, 2016) 

W 

S 

<2.53 – 80 

N.D. 

<1.71 – 78 

N.A. 

N.A. 

N.A. 

<2.54 – 69 

N.D. – 39  

Valdés et al., 2021 

Bosten Lake 

(China, 2012) 

W 

S 

N.A. 

N.A. 

17.3 – 112 

21.2 – 213 

<0.10 – 15.2 

3.42 – 20.0 

1.3 – 32.3 

18.4 – 94 

Lei et al., 2015 

Taihu Lake 

(China, 2010) 

W 

S 

<3.6 – 6.5 

<3.9 – 28.4 

<3.6 – 43.6 

<3.9 – 25.3 

N.A. 

N.A. 

<3.6 – 82.8 

<3.9 – 52.8 

Xu et al., 2014 

Hailing bay 

(China, 2013) 

W 

S 

<0.39 – 5.04 

<0.82 – 22.2 

<1.05 – 187 

<1.95 – 4.21 

<0.33 – 56.7 

<0.80 – 2.60 

<0.31 – 13.7 

<0.73 – 19.4 

Chen et al., 2015 

Titicaca Lake 

(Perú, 2016) 

W 

S 

N.A. 

N.A. 

56 – 63  

150 – 3,740  

86 – 653 

950 – 3,010   

N.A. 

N.A. 

Vilca et al., 2021 

Dilúvio River 

(Brazil, 2018) 

W 

 

<5 – 292  <5 – 344  N.A. N.A. Arsand et al., 2020 

Senie River 

(France,  

W 

 

<10 – 163  <10 ≤ 10 <10 - 55 Tamtam et al., 2008 

Bohai bay 

(China, 2009) 

W 

S 

<5.0 – 80.3 

<2.0 – 20.9 

N.A. 

N.A. 

N.A. 

N.A. 

<4.0 – 13.9 

<2.0 – 3.54 

Cheng et al., 2016 

W: Water; S: Sediment; N.D.: non detected (LOD not reported); N.A.: non analysed.
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Table 1.8 Worldwide selected FQs concentration ranges (min – max) found in agricultural soils (ng g-1) after different fertilization or irrigation 

processes.  

Location Status NOR CIP ENR OFL ref 

Mexico, 2009 Agricultural soils irrigated with wastewater N.A. 0.35 – 2.82 0.03 – 0.64 N.A. Dalkmann et al., 2012 

China. 2008 Agricultural soils irrigated with wastewater <0.05 – 84  <0.02 – 85  N.A. N.A. Shi et al., 2012 

China, 2013 Agricultural soils fertilized with sewage sludge 112 – 155  18.4 – 27.5  1.65 – 8.31 111 – 147  Yang et al., 2018 

Switzerland, 1999 Agricultural soils fertilized with sewage sludge 350 450 N.A. N.A. Golet et al., 2003 

France, 2015 Agricultural soils fertilized with sewage sludge <0.7 – 16.5 <1.4 N.A. <0.4 – 1.8  Salvia et al., 2015 

China, 2011 Agricultural soil fertilized with untreated animal manure 14.9 – 150  5.3 – 120  5.1 – 1,348  N.A. Li et al., 2011a 

China, 2009 Agricultural soils fertilized with poultry manure N.A. <5 – 7,220  <5 – 3,059  N.A. Wei et al., 2016 

Turkey, 2009 Agricultural soils fertilized with poultry and cattle manure N.A. N.A. 20 – 50  N.A. Karci and Balcioǧlu, 2009 

China, 2008 Agricultural soils fertilized with livestock manure N.A. 0.8 – 30  N.A. 0.6 – 1.6  Hu et al., 2010 

Italy, 2000 Agricultural soil at several months after fertilization N.A. N.A. 33 – 80  N.A. Sturini et al., 2012 

Turkey,  Agricultural soils fertilized with poultry manure N.A. N.D. – 53  48 – 222  N.A. Uslu et al., 2008 

Austria, 2004 Agricultural soils fertilized with pig and chicken manure N.A. N.A. 130 – 750  N.A. Martínez-Carballo et al., 2007 

N.A.: non analysed; N.D.: non detected.  
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1.3. Environmental risk assessment for PFASs and FQs 

1.3.1. Environmental risk assessment  

 Once a compound is released in the environment, it is important to assess its associated 

risk and the possible threats to human beings and ecosystems. The environmental risk 

assessment is a process that evaluates the likelihood that adverse ecological or health effects 

may occur as a result of the exposure to one or more stressors. The process is used to 

systematically evaluate and organize data, information, assumptions and uncertainties in order 

to help understand and predict the relationships between stressors and adverse effects in a way 

that is useful for environmental decision making. Defining adversity is important because a 

stressor may cause adverse effects on one ecosystem component but be neutral or even 

beneficial to other components. Changes often considered undesirable are those that alter 

important structural of functional characteristics or components of the general ecosystems. An 

evaluation of adversity may include a consideration of the type, intensity and scale of the effect 

as well as the potential for recovery, and the acceptability of adverse effects is determined by 

risk managers according to professional judgement and available information (USEPA, 1992). 

 The environmental risk assessment process is based on the characterization of the effects 

and of the exposure. Therefore, to perform a risk analysis, it is not only important to quantify 

their presence (levels) in the environment, but also quantify a range of other parameters related 

to their toxicity to different species, its photo- and biodegradation under environmental 

conditions, the cumulative risk of a continuous exposure, their mobility through environmental 

compartments and their related interaction mechanisms, among others. In this sense, the 

evaluation of the sorption/desorption process of compounds with environmental matrices (i.e., 

soils and sediments) helps to estimate their potential mobility and therefore potential exposure 

to organisms. Besides, elucidating the chemical interaction mechanisms with these matrices is 

important to extrapolate the knowledge to other untested scenarios. Thus, quantitative 
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parameters descriptors of these sorption/desorption processes are required to assess and predict 

the derived environmental mobility. With all this information, a proper evaluation of the 

potential risk can be assessed, and if necessary, remediation actions can be suggested. These 

may include in-situ and ex-situ techniques, including soil washing, electrochemical 

remediation, phytoremediation and the addition of amendment materials in order to sorb, 

accumulate and immobilize the given pollutant (USEPA, 1992). 

 

1.3.2. The sorption/desorption process 

 Organic pollutants, such as PFASs and FQs, present in environmental aqueous phases 

may be mobilized along environmental compartments and eventually end up in drinking waters 

or be incorporated into the food chain, becoming a potential threat for living organisms. Their 

binding to solid particles may reduce its mobility, and thus soil and sediment particles play a 

key role in the overall fate of these pollutants after pollution events. As exposed previously, the 

understanding of the chemical interaction mechanisms controlling how a pollutant interacts 

with solid phases, and the estimation of their degree of incorporation and retention (i.e., sorption 

intensity and reversibility) in different solid matrices are crucial for environmental risk 

assessment studies. However, their partition and interaction mechanisms may be affected by 

numerous geochemical processes, in addition to be dependent on various physicochemical 

parameters related to the pollutant and/or other environmental conditions.  

The term “sorption” describes the incorporation of a given compound (sorbate) from a 

liquid solution to a solid matrix (sorbent), and encompasses all adsorption, absorption, 

precipitation and related processes. In the case of the soil system, this incorporation may be 

affected by the nature and amount of the organic and mineral fractions of the soil, in addition 

to the physicochemical properties of the liquid phase (e.g., pH; concentration of cations and 

anions; DOM content) and the physicochemical properties of the target sorbate (e.g., speciation; 
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hydrophobicity). Similarly, the term “desorption” describes the release of the sorbate from the 

sorbent to a liquid solution. This process may also be affected by similar variables to those 

affecting sorption. Figure 1.6 represents the overall sorption/desorption process of a pollutant 

in the soil/sediment system. 

 

 

Figure 1.6 Sorption/desorption process of a given pollutant in the soil/sediment system. 

 

Sorption irreversibility may vary along time depending on environmental conditions 

affecting soil properties and on sorption kinetics and mechanisms governing the sorption 

process (interaction dynamics). Thus, the time elapsed since contamination may have an impact 

in the overall sorption process  (Ltifi et al., 2014). 
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1.3.3. Theoretical rationale to describe the interaction mechanisms of organic 

compounds with environmental matrices 

1.3.3.1. Electrostatic interactions 

 The surfaces of solid environmental matrices may be positively or negatively charged 

depending on environmental conditions. Hence, non-covalent attractive interactions may occur 

between charged surfaces and charged organic pollutants of opposite signs, while repulsive 

interactions may occur between charged surfaces and charged organic pollutants of the same 

sign. In this sense, clay minerals usually possess a pH-dependent surface charge, being 

negatively charged under most environmental conditions. The presence of mono and divalent 

cations may compress the electrical double layer of these sorbents and alter the resulting 

electrostatic interactions: the presence of cations such as K+ and Na+ could shield negative 

repulsions between anionic sorbents and anionic sorbates, while divalent cations may act as 

“bridge” to facilitate the formation of anion-cation-anion complexes (Du et al., 2014). 

Moreover, these clay surfaces may compensate the positive and negative charges with sorbed 

anions and cations, respectively, which are able to be replaced by charged pollutants through 

exchange mechanisms. Some of the above mentioned interactions are depicted in Figure 1.7. 

 
Figure 1.7 Examples of electrostatic interactions between PFOS and solid particles. 
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1.3.3.2. Hydrophobic interactions 

 Hydrophobic interactions are the observed tendency of nonpolar substances 

(hydrophobe) to aggregate among each other and exclude water molecules. Carbon-rich 

suspended solid particles may also be considered hydrophobes. When a hydrophobe is present 

in an aqueous medium, hydrogen bonds between water molecules are broken because of its 

presence, thus being an endothermic reaction (ΔH < 0). The distorted water molecules are likely 

to create new hydrogen bonds around the hydrophobe, which makes the system more structured 

with a decrease of the total entropy (ΔS < 0). The resulting ΔH of the system can be negative, 

zero or positive depending on if the new hydrogen bonds have partially, completely or 

overcompensated the hydrogen bonds broken after the hydrophobe entry. However, ΔH values 

are usually insignificant in determining the spontaneity of the reaction because the large ΔS, 

and therefore, hydrophobic interactions are generally spontaneous (ΔG < 0) (Atkins, 2006). 

Figure 1.8 depicts the hydrophobic interaction in aqueous solution.  

 

 

Figure 1.8 Thermodynamic aspects of hydrophobic interactions in aqueous solutions:  

the case of the presence of carbon-rich materials. 
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1.3.3.3. Hydrogen bonding 

 A hydrogen bond is an attractive electrostatic force between a hydrogen atom which is 

covalently bound to an electronegative atom or group (hydrogen bond donor, Dn), and another 

electronegative atom bearing a pair of electrons (hydrogen bond acceptor, Ac). This is generally 

denoted as: Dn – H ··· Ac, where the solid line indicates a polar covalent bond, and the dotted 

line indicates the hydrogen bond. The most frequent donor and acceptor atoms are those with a 

strong electronegativity (i.e., N, O and F). The resulting strength is mainly dependent on the 

nature of both Dn and Ac: those hydrogen bonds formed by Dn and Ac groups with a similar 

pKa will result in a higher bending strength (Thomas, 2002). Accordingly, FQs could effectively 

interact with carboxyl and phenol moieties to form hydrogen bonds, whereas PFASs are not 

likely to form effective hydrogen bonds with functionalities present in environmental matrices 

due to their very low pKa values. 

 

1.3.3.4. Complexation with metals 

Anionic organic pollutants can be considered as organic ligands (L) that can form 

complexes with several metallic atoms (M, i.e., Al, Fe, Cu, Zn). These complexes are formed 

through the interaction of an available electron pair or even an unshared electron pair of the 

ligand with empty electron orbitals of the metallic atom. Several factors affecting the stability 

of the resulting complexes include the nature of both ligand and metalling atom, the ionic 

strength and pH of the aqueous solution, temperature and competing ions. The principal effects 

on ΔH are the formation of the M – L bond, the charge neutralization energy and the 

desolvatation energy for both M and L when forming the M – L complex (Ribas, 2000). As 

both PFASs and FQs may be present in anionic forms, both are eligible to be sorbed by 

complexation mechanisms in environmental matrices and phases such as metal oxides. 

 



CHAPTER I: INTRODUCTION 
__________________________________________________________________________________ 

54 

1.3.3.5. Pore filling 

 Pore filling mechanism are physical interactions in which the sorbate is trapped into the 

porous structure of the sorbent, without the formation of any chemical bond. These interactions 

may occur in highly porous materials such as carbon-rich materials (e.g., activated carbons and 

biochars), and key factors affecting its effectiveness are the molecular size of the sorbent and 

the microporous volumes and width (Du et al., 2014). Those sorbates with a molecular size 

lower than the microporous width may access in the microporous cavities and be trapped, 

avoiding its release back to the aqueous solution. Both PFASs and FQs could therefore interact 

by pore filling mechanism with porous materials.  

 

1.3.3.6. Interactions with π aromatic groups 

 Aromatic structures may interact with each other by attractive noncovalent interactions 

between aromatic rings, also called as π – π stacking, leading to the formation of an electron 

donor-acceptor complex. The strength of the formation of a benzene dimer by π – π stacking 

ranges 8 – 12 kJ mol-1 (Sinnokrot et al., 2002), although the resulting strength is dependent on 

the respective electron-rich and electron-deficient substituents of the aromatic rings. Here, only 

FQs could participate in π – π stacking mechanism as they contain an aromatic ring in their 

structure. Charged species may also interact with aromatic π structures. Cation – π interactions 

are noncovalent molecular attractive interactions between the face of an electron-rich π system 

and a cationic specie. The energetic strength of the interaction range 40 – 90 kJ mol-1 (Zhao et 

al., 2017) and is dependent on both the presence of electron-donor substituents in the aromatic 

ring and the acidic strength of the sorbate. Thus, under acidic pH, FQs could participate in 

cation – π mechanism with highly aromatic sorbents. Besides, anion – π interactions have also 

been described in the literature: they are defined as favourable noncovalent contacts between 

an electron deficient (π acidic) aromatic system and an anion, dominated by electrostatic and 
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anion-induced polarization contributions, being the final binding strength affected by charge 

density, polarity and hydration effect (Schottel et al., 2008). Although these interactions are 

suggested to participate in supramolecular chemistry and catalysis (Schottel et al., 2008), its 

contribution in the binding process of anionic organic pollutants in environmental matrices is 

unclear, although both PFASs and FQs may interact through anion – π interactions with 

aromatic sorbents.  

 

1.3.4. Characteristics of the solid-water system affecting PFAS and FQ sorption 

 The sorption of organic pollutants in environmental matrices may be affected by some 

relevant physicochemical properties of the sorbent, and the identification of key sorbent 

properties responsible of sorption may help to elucidate the interaction mechanisms driving the 

sorption process. Some relevant sorbent physicochemical characteristics participating in 

sorption of PFASs and FQs are detailed below. 

 

1.3.4.1. pH and pHZPC 

For some organic compounds, especially those containing ionisable groups, their 

sorption to solid particles may be affected by both their speciation and the overall surface charge 

of the solid matrix. Whereas soil pH would determine the predominant sorbate species in 

solution, the difference between pH and pHZPC (the pH in which the solid matrix has a net zero 

charge) would rule the overall surface charge able to undergo electrostatic attractions/repulsions 

and other related mechanisms. Increasing pH leads to a higher number of negative charges, 

mainly present in pH charge dependent minerals such as kaolinite or goethite and deprotonated 

acidic functional groups of the soil organic matter components such as humic acids. Hence, the 

sorption of organic pollutants containing acidic functional groups such as FQs and PFASs in 

soils and sediments is usually pH-dependent,  decreasing when increasing pH due to increasing 

electrostatic repulsions between the negative charges present in both the sorbent and sorbate 

(Higgins and Luthy, 2006; Zhang et al., 2009). 
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1.3.4.2. Soil texture and mineralogy  

Soil mineral particles often play a role in the sorption of organic compounds. These 

particles comprise clay minerals, oxides, sesquioxides and (hydro)oxides of metals. The soil 

texture is an operational classification related with the particle size of the mineral particles, 

defined as the relative proportion of clay (< 0.002 mm), silt (0.002 – 0.05 mm) and sand (0.05 

– 2 mm). Clay minerals are usually found in the clay and, to a lesser extent, silt fractions, 

whereas the sand fraction is usually composed by crystalline quartz. A given soil may be 

therefore classified according to this classification proposed by the United States Department 

of Agriculture (USDA) depending on the relative proportion of clay, silt and sand referred to 

the bulk mineral content (Figure 1.9). Soils with high OM content, such as peat soils, are 

unlikely to be classified according to this classification due to their low mineral content. 

 

Figure 1.9 USDA soil classification depending on the relative mineral proportion. 
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The phyllosilicates are the major clay minerals found in soils. These minerals comprise 

1:1 phyllosilicates (e.g., kaolinite), which consist in one silica tetrahedral layer bonded to an 

aluminium octahedral sheet, and 1:2 phyllosilicates (e.g., vermiculite, montmorillonite), which 

consist in two silica tetrahedral layers surrounding an aluminium octahedral layer. Kaolinite 

has a pH-dependent surface charge and lower surface area and cation exchange capacity 

compared to 1:2 phyllosilicates, that have a higher surface area and cation exchange capacity. 

Contrarily to 1:1 phyllosilicates, only weak van der Waals forces exist between these two layers 

in 1:2 phyllosilicates. Therefore, water and hydrated cations can readily enter into the interlayer 

region and be immobilized, thus expanding this interlayer and providing additional sorption 

sites able to bind organic pollutants (Uddin, 2017).  

Sorption of FQs have been shown to have a high sorption affinity to clay minerals such 

as kaolinite and montmorillonite, especially at acid to neutral pH (Wan et al., 2013). Moreover, 

sorption on 1:2 phyllosilicates, especially montmorillonite, has been shown to be two orders of 

magnitude higher than 1:1 phyllosilicates such as kaolinite, due to the intercalation of 

fluoroquinolone molecules in the interlayer (Nowara et al., 1997). The main sorption 

mechanisms between FQs and phyllosilicates are electrostatic and cation exchange interactions. 

Unlike FQs, sorption of PFASs in phyllosilicate minerals seems to be poor, revealing a low 

sorption affinity to both kaolinite and montmorillonite (Johnson et al., 2007; Jeon et al., 2011). 

Besides clay minerals, Fe and Al oxides and (hydro)oxides are commonly found in soils 

in several mineralogical forms (e.g., hematite, goethite, gibbsite and bohemite). These minerals 

have also a pH-dependent surface charge, thus allowing them to interact through electrostatic 

mechanisms with ionic or ionisable organic pollutants. Sorption of FQs in goethite at neutral 

and basic pH is driven by the formation of complexes with the Fe atoms in the goethite surface 

(Paul et al., 2014). On the other hand, PFASs have also been shown to have a weak 

complexation affinity to goethite and bohemite (Johnson et al., 2007; Wang et al., 2012). 
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1.3.4.3. Soil organic matter 

The soil organic matter (SOM) includes high molecular weight organic materials, such 

as polysaccharides and proteins, and other simpler substances, such as sugars, amino acids and 

other small molecules, in addition to humic substances (Ahmed et al., 2015). Humic substances 

account for approximately 85 – 90 % of the total organic carbon (OC) in soils. They are formed 

as a result of the decay and transformation of plant residues and consist in a heterogeneous 

mixture of compounds for which no single structural formula can be attributed, as their 

physicochemical properties are highly dependent on feedstock type and humidification 

conditions. It is assumed that they consist of a skeleton of alkyl/aromatic units cross-linked 

mainly by oxygen and nitrogen groups with the major functional groups being carboxyl acid, 

phenolic and alcohol hydroxyls, ketone and quinone groups. Humic substances are 

operationally classified into fulvic acids (soluble at any pH), humic acids (soluble at basic pH) 

and humin (insoluble at any pH). Humic acids (Figure 1.10A) have a larger average molecular 

size than those of fulvic acids (Figure 1.10B) and are usually found aggregated to mineral 

particles, especially with those of the clay fraction, thus coating mineral particles. Fulvic acids 

have a higher number of alkyl groups than humic acids and their aromatic core is less 

developed. Humin, on the other hand, accounts up to 50% of the total SOM and have a 

polymeric furanic type structure, with a few hydroxyl, aldehyde and ketone functionalities 

(Stevson, 1982).  

SOM is a key property affecting sorption of certain organic compounds, especially 

PFASs. Their sorption in soils is suggested to be mainly driven by the SOM fraction through 

hydrophobic interactions, although their affinity to the different SOM fractions may be affected 

by their chain length (Higgins and Luthy, 2006). On the other hand, FQs have a stronger 

sorption affinity to all SOM fractions compared to PFASs (Aristilde and Sposito, 2013), 

although the interaction mechanisms among them are not totally understood at date.  
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A) 

 

B) 

 

Figure 1.10 General chemical structure for (A) Humic acids and (B) Fulvic acids;  

Extracted from Stevenson (1982). 

 

According to the hydrophobicity of PFAS (expressed as its log KOW, ranging 1.7 – 8.1 

depending on its CF2 number, Table 1.1), these are likely to participate through hydrophobic 

interactions in the sorption process with organic sorbents such as humic substances and other 

carbon-rich materials. In fact, hydrophobic interactions have been suggested to be the main 

sorption mechanism in soils, after observing a positive correlation between the sorption strength 

of PFASs to soil organic matter and their respective log KOW (Milinovic et al., 2015). On the 

other hand, according to the FQs hydrophobicity (log KOW ranging -1.36 – 0.33 at pH 3 – 9, 

Cárdenas-Youngs and Beltrán, 2015), FQs are not likely to participate in the sorption process 
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through hydrophobic interactions, even at neutral pH when log KOW is maximized, and 

accordingly, such interactions have been suggested to play a minor role in FQ sorption, such as 

NOR, in humic acids (Zhang et al., 2012). Whereas PFASs barely form hydrogen bonds with 

hydrogen atoms bonded to functional groups of most environmental matrices (Du et al., 2014), 

likely due to its very strong acidity (pKa < 1), the carboxylate moiety of FQs may participate in 

sorption by hydrogen bonds with protonated functional groups. In addition, such functional 

groups may also bind the F atom of the FQ through hydrogen bonding, as revealed by Fourier 

transformed infrared (FTIR) spectroscopic data run in sorption residues of CIP to humic acids 

(Liu et al., 2017). 

Contrarily to PFAS, FQs may interact with aromatic structures of SOM components 

through π – π stacking. Both the fluorine moiety and N-substituents groups adjacent to the 

aromatic ring, in addition to the charge stabilization of the π electrons by the ketone and 

carboxylate groups, may facilitate π – π stacking interactions with other aromatic substituents 

containing electron-donor groups. Besides, anionic PFAS are unable to interact by cation – π 

interactions, but this mechanism is supposed to mainly drive sorption of cationic and zwitterion 

FQ species in graphene (Zhao et al., 2017). Moreover, both PFASs and FQs could interact 

trough anion – π interactions with aromatic patches of organic materials such as biochars or 

humic acids. However, no evidences of the relevance of anion – π interactions have been 

reported at date in the literature regarding both FQs and PFASs. 
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1.3.4.4. Cation and anion exchange capacity 

 Part of the charges present in the solid surfaces may be balanced by cations or anions of 

opposite charge. Cation and anion exchange capacity (CEC and AEC, respectively) are 

empirical determinations at a certain pH aiming to determine the total negative and positive 

charges, respectively, present in the surface of solid particles. This determination relies on the 

saturation of the material with specific cations and anions that are then exchanged with other 

cations and anions with a higher affinity for the respective charged sites (Sparks, 1996). 

Charged pollutants such as PFASs and FQs may replace sorbed cations and anions balancing 

surface charges during the sorption process. The presence of cation exchange interactions has 

been observed for cationic CIP in kaolinite clay after monitoring the amount of cations released 

along the sorption process (Li et al., 2011b), while anion exchange resins have been suggested 

to be effective sorbents for PFASs removal (Liu et al., 2022). 

 

1.3.4.5. Surface area and porosity 

The specific surface area (SSA) of a given material may be related with the number of 

sorption sites able to bind organic pollutants. SSA gains relevance for those highly porous 

materials such as biochars and activated carbons, which can achieve areas up to 2,000 m2 g-1 

after a proper pyrolysis/activation process (Du et al., 2015). Consequently, their well-developed 

porous structure leads to an enhancement of the number of sorption sites able to interact with 

the pollutants if their size can fit into the porous structure. Both pore width and molecular size 

would determine the accessibility of a compound to the microporous structure, in which pore 

filling or other sorption mechanisms may take place. Regarding PFASs and FQs, they sorption 

in biochars increase when increasing sorbent SSA (Guo et al., 2017; Yang et al., 2019). 
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1.3.4.6. Water-soluble cations and anions 

Water-soluble cations and anions can affect the partitioning of PFASs and FQs in soils. 

Some common soluble cations present in soils include Na+, K+, Mg2+ and Ca2+, whereas some 

common soluble anions include CO3
2-, Cl-, NO3

- and SO4
2-. PFASs sorption in soils increased 

with metal concentration in solution likely due to cation bridge mechanisms and the shielding 

effect of electrostatic repulsions (Higgins and Luthy, 2006; Xiao et al., 2011), whereas for FQs 

cations may compete for cation exchange sites and therefore supress FQ sorption under acid 

and neutral conditions (Kong et al., 2014). On the other hand, although water soluble anions 

may compete for anion exchange sites, only PO4
3- has been found to decrease PFAS sorption 

in activated carbon at very high concentrations (Qian et al., 2017), and to compete for 

complexation sites present in the goethite surface able to bind FQs (Qin et al., 2014). 

 

1.3.4.7. Dissolved organic carbon 

Dissolved organic carbon (DOC) species, sometimes present in colloidal forms, may 

affect the sorption of organic pollutants in soil matrices, likely due to three main mechanisms: 

(i) the blockage of sorption sites present in the microporous structure of the solid matrix; (ii) 

the sorption of colloidal particles to sorption sites of the solid matrix able to bind the target 

compound; (iii) the sorption of the target compound to DOC species, thus competing and 

decreasing sorption. Both PFASs and FQs can interact with DOC, and DOC presence has been 

shown to decrease PFASs and FQs sorption to activated carbons beyond certain DOC 

concentration (Yu et al., 2012; Zhang et al., 2018).  
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1.4. The solid-liquid distribution coefficient (Kd) 

1.4.1 Definition and significance of Kd 

A useful empirical parameter to quantify the sorption processes under equilibrium 

conditions is the solid-liquid distribution coefficient (Kd, L kg-1). This parameter is defined as 

the ratio between the concentration of a compound sorbed in the solid phase (CS, g kg-1) and 

the concentration in the aqueous phase (Ceq, g L-1) as defined in Equation 1.1:  

Kd =  
CS

Ceq
 

(1.1) 

This approach constitutes the simplest sorption model available, and it does not provide 

information about the chemical interaction mechanisms affecting the phase partitioning of the 

target compound. Kd values may be highly sensitive to environmental conditions, including the 

physicochemical properties of both sorbate and sorbent as well as the nature of the aqueous 

solution, and therefore are site-specific. Kd values can vary along several orders of magnitude.  

Kd values < 10 L kg-1 and especially < 1 L kg-1 are indicative of a very weak sorption in the 

solid phase, and thus the compound is expected to have high mobility to other environmental 

compartments and associated risk. Compounds with Kd values ranging 10 – 100 L kg-1 possess 

higher sorption but still can be considered as mobile, whereas Kd values ranging 100 – 1,000 L 

kg-1 indicate strong sorption and thus low expected mobility. Lastly, those sorbates with Kd 

values > 1,000 L kg-1 are essentially immobile.  

Similarly to Kd, desorption processes may also be described by a “desorption” solid-

liquid distribution coefficient (Kd,des, L kg-1), which is defined as the ratio between the sorbed 

concentration in the solid phase after desorption equilibrium is reached (CS,des, mg kg-1) and the 

concentration in the solution (Ceq,des, mg kg-1) desorbed from the solid phase:  

 

Kd,des =  
CS,des

Ceq,des
 

(1.2) 
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The hysteresis coefficient (H, dimensionless) is defined as the ratio between Kd,des and Kd: 

H =  
Kd,des

Kd
 

(1.3) 

A hysteresis coefficient for a given substance higher than 1 is indicative of an irreversible 

sorption process. PFASs and FQs sorption in soils is expected to be generally irreversible, with 

H coefficients higher than 1 (Drillia et al., 2005; Miao et al., 2017). 

 

1.4.2. Methods for quantifying sorption 

 The sorption process of organic pollutants in environmental matrices can be evaluated 

through different experimental approaches. The most widely applied include flow-through 

experiments, batch sorption experiments and in-situ experiments, which are described below. 

 

1.4.2.1. Laboratory flow-through method 

 Also known as “column” method, it consists in a solution containing a known amount 

of the target analyte which passes through a column containing a packed sorbent of a known 

bulk density and porosity, which permits to evaluate its maximum sorption capacity. The 

analyte concentration in the effluent is monitored as a function of time. A known amount of 

non-sorbing tracer may also be introduced into the column and its time-varying concentration 

provides information about the pore-water velocity. The resulting data are plotted as a break-

through curve, and the velocity of each constituent is calculated as the length of the column 

divided by the constituent’s mean residence time. The calculation of a retardation factor 

(defined as the ratio between pore-water velocity to contaminant velocity) may allow the 

derivation of Kd (USEPA, 1999).  
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1.4.2.2. In-situ method 

 A method for evaluating the distribution coefficient in a field scale is the in-situ method 

(Kim and Carlson, 2007). This method is generally used to analyse sorption in aquifers (then 

implying sediments), although it can also be applied for soils. In brief, both sediment and 

overlaying water are sampled, and the concentration of the given analyte in each phase is 

determined. This method also applies to soils after extracting their interstitial pore water. Later, 

distribution coefficients can be derived from the ratio between the concentrations found in both 

phases. Evaluating sorption by the in-situ method does not necessarily imply that the system is 

under equilibrium. Therefore, the distributions coefficients obtained by the in-situ method are 

often referred as pseudo-partitioning coefficients (K’d) and may better describe real 

environmental dynamic scenarios.  

 

1.4.2.3. Batch method  

 The most common procedure to quantify the sorption/desorption process in a laboratory 

scale is through batch experiments, performed according to the OECD-based guidelines 

(OECD, 2000). In these experiments, a given amount of sorbent material is placed in a 

centrifuge tube and later a given amount of solution is added in the tube, leading to a solid 

suspension of the sorbent. The optimum soil-to-solution ratio used is determined according to 

preliminary tests and the sorption strength of the sorbate in the sorbent, aiming to achieve 

sorption percentages > 50% but also being able to perform a reliable determination (e.g., final 

concentration two orders of magnitude higher than method LOQ). The contact solution is 

recommended to be composed by 0.01 M CaCl2 in order to keep a constant ionic strength and 

facilitate comparisons among studies, unless the effect of ionic strength or composition is aimed 

to be evaluated. In addition, several antimicrobial agents such as HgCl2 or NaN3 can be added 

in the solution if the sorbate is likely to suffer biodegradation, whereas applying dark conditions 

is recommended if the sorbate is likely to suffer photodegradation. 
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 The suspension is then shaken at a given temperature during a given amount of time to 

achieve a pre-equilibrium state between both phases, and after, a known volume of working 

solution containing the sorbate is added in the tube. It is recommended that spiked 

concentrations do not exceed half of the solubility limit. In case that the sorbate solution is 

prepared in other solvents rather than water, spiking volumes should preferably not exceed 1% 

to avoid co-solvent effects (e.g., partitioning among three phases). Once the sorbate has been 

added in the suspension, the tubes are shaken during a given amount of time (established after 

analysing the sorption kinetics) until sorption equilibrium is reached, and then, the suspension 

is centrifuged (> 3,000 g) and the supernatant removed and preferably filtered. Checking 

changes in the liquid phase (e.g., pH, amount of soluble cations) before and after the sorption 

process is recommended, since changes may contribute to elucidating sorption mechanisms.  

 Quality controls must be run in parallel to each batch. These includes blank samples to 

ensure that no target chemical was previously present in the sorbent and aqueous samples 

(without sorbent material) spiked at representative concentrations used in the experiments to 

account for possible losses during the experimental setup. Although it is recommended to 

analyse the concentration of the sorbate in both solid and liquid matrices through validated 

analytical methods, the concentration sorbed in the solid phase can also be calculated by mass 

balance if negligible losses are observed in the aqueous control experiments.  

A similar experimental approach can be applied to quantify the desorption process. The 

solid residues after sorption experiments or samples originated from contaminated sites can be 

analysed to quantify desorption, after adding fresh contact solution but without the presence of 

the target analyte. The tubes are shaken for a pre-established time, and the supernatants analysed 

for quantitating the amount of analyte desorbed from the solid phase (Figure 1.11).  
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Figure 1.11 General set-up to run batch sorption and desorption experiments. 

 

1.4.3. Sorption parameters and information derived from batch experiments 

 Sorption experiments performed in the laboratory allow to evaluate several sorption 

features that may affect the overall process (OECD, 2000). These include the optimization of 

contact/shaking time, which is related to sorption kinetics; the evaluation of the effect of the 

initial concentration of the analyte, which may recommend the construction of sorption 

isotherms; the effect of solution composition (i.e., pH, ionic strength, DOC content), which may 

lead to the evaluation of the effect of these properties in the sorption; and the effect of 

temperature. Some of the abovementioned factors are discussed below. 

 

1.4.3.1. Sorption kinetics 

Sorption kinetics affect the optimum contact/shaking time at which sorption reach 

equilibrium conditions. Kinetic experiments can be performed by monitoring changes in the 

sorbed concentration in the solid phase and the related concentration in the liquid phase along 
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time. Several mathematical models can then be applied to fit experimental data to obtain 

mechanistic information. Some widely used models to fit kinetics data are the pseudo-first-

order model (PFOM), the pseudo-second-order model (PSOM), and the Elovich and Boyd 

models, among others (Qiu et al., 2009). Sorption equilibrium time may vary for a single system 

if modifying experimental parameters such as temperature, shaking speed, pH, status of the 

aqueous solution and initial pollutant concentrations (Ho and McKay, 1998). Once the optimum 

contact time is established, sorption tests can be carried on under the assumption of equilibrium 

conditions.  

 

1.4.3.2. Sorption isotherms 

The sorbent used in the sorption experiments has a certain number of sorption sites able 

to interact with the sorbate. The number of sites able to participate in the sorption process 

depends on the characteristics of the sorbent, as well as the nature of the sorbent-sorbate 

mechanistic interactions. Higher analyte concentrations than the amount of available sorption 

sites can lead to a sorption saturation of the sorbent. A useful approach to determine the amount 

and nature of the sorption sites is based on the construction of sorption isotherms, which are 

built up by evaluating the sorption at different analyte initial concentrations at a constant 

temperature and soil-to-solution ratio. Sorption isotherms are therefore defined as the observed 

pattern between the sorbed concentrations in the solid phase in respect to the remaining 

concentration in the aqueous phase for different analyte initial concentrations. Sorption 

isotherms may generally be displayed plotting CS vs. Ceq for the different initial concentrations 

tested, although other plots are also possible (e.g., Kd vs. Ceq). Regarding CS vs. Ceq plots, four 

main types of patterns (C, L, H and S; see Figure 1.12, Limousin et al., 2007) can be found. 
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Figure 1.12 Common types of sorption isotherms, adapted from Limousin et al., (2007). 

 

C-type isotherms are characterized by a linear trend with a null y-intercept. In these 

situations, it is assumed that the sorbent possesses a sufficient and accessible amount of sorption 

sites with equivalent affinity able to interact with the sorbate. This type of isotherm is often 

observed in those scenarios with both a high sorbent dosage (high solid-to-solution ratio) and 

low initial concentrations, leading to trace concentrations in the remaining solution. It ensures 

the derivation of Kd values from the slope of the isotherm. L-type isotherms are indicative that 

the sorbent has a limited amount of sorption sites. The sorbate firstly interact with high affinity 

sorption sites, and when higher initial concentrations of sorbate are tested, other sorption sites 

with less affinity participate in the sorption process. Due to this limitation, increasing initial 

concentrations beyond a certain threshold does not lead to a significant sorbate uptake in the 

solid phase, and the isotherm reaches a plateau. This plateau can be more or less evident 
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according to the nature of the sorption sites and the interaction mechanisms between sorbent 

and sorbate. Similarly, H-type isotherms are a particular case of L-type isotherms, in which a 

clear plateau is obtained and the initial slope of the isotherm is very high. S-shape isotherms 

are a result of at least two opposite mechanisms, and usually have at least one inflection point 

due to a phenomenon which is called “cooperative sorption”. Initially, it is observed a low 

sorption affinity, but as soon as the material surface is covered, sorption becomes more favoured 

(Limousin et al., 2007). 

The data obtained from the experiments aiming at the construction of sorption isotherms 

can be fitted to different mathematical models, thus obtaining information about the nature of 

the sorption sites and sorption parameters related to the physicochemical processes taking place 

during sorption. C-type isotherms may be fitted to a Linear model with a null y-intercept (see 

Equation 1.1). Therefore, the slope of the isotherm can be considered a reliable Kd of the system. 

This model assumes that the sorbent has a sufficient number of equally-affinity sorption sites, 

thus obtaining a constant partition along different the initial concentrations tested. L-type 

isotherms can be fitted to different models depending on the resulting shape of the isotherm. 

For those isotherms without a strict plateau, usually the Freundlich equation describes better 

the experimental data. This model (Equation 1.4) considers a parameter (KF, (mg kg-1) / (mg L-

1) N ) related to the affinity of the sorbate-sorbent interaction and a dimensionless parameter, N, 

related to the heterogeneity of sorption sites:  

CS =  KF (Ceq) N  (1.4) 

For N = 1, the model assumes that the sorbent has a sufficient amount of equally-affine 

sorption sites able to bind the sorbate, and therefore, Equation 1.4 equals to Equation 1.1 and 

KF equals to Kd. However, N < 1 values are indicative of sorption sites with different affinity 

for the sorbate, which is assumed to sorb at high-affinity sites during the first stage of the 

sorption process, while other low-affinity sorption sites take part in the sorption process when 
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higher initial concentrations are tested, without reaching a strict plateau due to material 

saturation (Limousin et al., 2007). Contrarily, L-type isotherms with a strict plateau are usually 

well fitted by the Langmuir model (Equation 1.5):  

CS =  
KL CS,MAX Ceq

1 +  (KL Ceq)
 

(1.5) 

This model assumes a limited number of sorption sites that are identical, energetically 

and sterically independent of the sorbed quantity and that retain one molecule per site. Thus, 

the sorbate interacts with the sorption sites until they gradually become occupied and an 

increase in the initial concentration does not lead to an increase in the sorbed concentration, 

thus provoking a plateau in the sorption isotherm. Langmuir fitted parameters are KL (L kg-1), 

related to the affinity of the sorbent-sorbate interaction, and CS,MAX (kg kg-1), related to the 

number of sites of the sorbent. (Limousin et al., 2007). 

Lastly, S-type isotherms can be fitted with the Freundlich fitting within the Ce range 

prior to reach the inflection point. In these cases, an N > 1 coefficient is obtained, suggesting a 

cooperative sorption. Once the inflection point is reached, increasing initial concentrations 

leads to a sorption site saturation, being the Sigmoidal or Sigmoidal-Langmuir model a suitable 

descriptor of the isotherm (Limousin et al., 2007). 

 PFASs sorption in soils have often been described by non-linear isotherms well fitted 

by the Freundlich model, although few cases of linear isotherms have also been described (Sima 

and Jaffé, 2021). Contrarily, sorption isotherms of PFASs in biochars and activated carbons are 

usually fitted by the Langmuir model, as deriving CS,MAX values for different sorbents is of 

interest for water remediation purposes (Gagliano et al., 2020). Similarly, FQs sorption in soils 

is also described by both linear and non-linear isotherms well fitted by the Linear and 

Freundlich models, respectively (Riaz et al., 2018), whereas L-type, H-type and in few 

occasions S-type sorption isotherms have also been observed in pure mineral phases such as 

kaolinite and montmorillonite (Li et al., 2011; Rivagli et al., 2014). 
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1.4.4. Sources of Kd variability  

 According to previous discussions, Kd values are affected by various sources of 

variability. Figure 1.13 summarizes some of these, including the applied methodology and the 

physicochemical properties of the solid phase and the aqueous solution, in addition to target 

compound properties and speciation and time elapsed since contamination. 

The characteristics of the solid and liquid phases of natural environmental matrices may 

extraordinarily differ among sites to be assessed. Therefore, modellers assessing risk have to 

either use site-specific data or, better, to know the multivariate dependence of the Kd with 

relevant solid and liquid properties (some of them not always available in routine 

characterization analyses) and thus to predict Kd values based on those correlations. However, 

the lack of a fully characterization of the environmental matrices and/or the absence of 

knowledge of such correlations often only permits to use a best-estimate Kd value representative 

for a group of soils according to the values of a general property.  

 

 

Figure 1.13 Sources of Kd variability. 
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As stated, Kd is affected by multiple sources of variability. In addition to the variability 

caused by the differences in the physicochemical properties of the respective solid and aqueous 

phases (i.e., soil texture and OC content; solution pH and DOC), these include the methodology 

used to derive these Kd values (e.g., Kd data derived from batch, flow through or in-situ 

methods, may vary among applied methodology), the physicochemical properties of the target 

compound (i.e., prediction models based on pKa and KOW values) and the interaction dynamics 

due to the time elapsed since contamination (i.e., short or long term after the contamination 

event). 

Due to the above described main sources affecting Kd variability, ancillary information 

accompanying the Kd values reported in the literature plays a major role. When considering to 

use data from the literature, acceptance criteria is crucial for constructing datasets. Besides the 

sorption parameters (basically Kd itself), these datasets have to include the main 

physicochemical properties of the sorbent and sorbate, in addition to the methodology and 

experimental conditions used to obtain such information. Acceptance criteria may be applied 

to materials (i.e., decision about including analogous geological materials to soils and 

sediments, such as pure organic and inorganic soil phases), methodology (i.e., decision about 

including only sorption data derived from batch experiments; acceptance of characterization 

data based only on specific, official characterization methods) or other expert-judgment based 

criteria.  
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1.5. Carbon-rich materials as sorbent candidates for the remediation of 

polluted soil and water bodies 

When environmental risk assessment studies point at a potential threat to organisms due 

to harmful effects of a given compound, specific remediation actions should be taken. A 

common strategy to reduce the associated risk is the use of organic and/or inorganic materials 

as sorbents to immobilize the pollutant.  Ideally, a good remediation sorbent material should 

have the following features: (i) to have a high sorbent affinity (high Kd), fast sorption kinetics, 

high sorption capacity and high sorption irreversibility towards the target pollutant; (ii) to be 

stable along time and changes in environmental conditions; (iii) to require low dosages to be 

applied; (iv) to be geographically available, sustainable and economic.  

Several organic and inorganic materials, among them carbon-rich materials, have been 

tested to immobilize both PFASs and FQs from polluted waters (Genç and Dogan, 2014; Inyang 

and Dickenson, 2015) and they have been shown effective to remediate them in contaminated 

soils in comparison to other materials such as bentonites, hydrotalcites and zeolites (Sleep and 

Juhasz, 2021). Therefore, some of these carbon-rich materials and their potentiality as PFASs 

and FQs sorbents are described below. 

 

1.5.1. Activated carbons 

 Activated carbons are produced from carbonaceous materials, such as bamboo, coconut 

husk, lignite, coal or petroleum pitch, through pyrolysis at temperatures up to 2,000 ºC. 

Activated carbons have a black appearance, a high carbon content and a developed porous 

structure, which give them prominent sorption properties towards organic pollutants due to their 

large surface area.  
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Activated carbons can be produced either by physical or chemical activation processes. 

In the physical activation, the material is pyrolyzed at temperatures within the range of 600 – 

1,200 ºC in an inert atmosphere with gases such as N2, followed by its exposure to oxidising 

agents. On the other hand, in the chemical activation the material is impregnated with an acid, 

strong base or a salt (e.g., 25% H3PO4, 5% NaOH or 25% ZnCl2) and subjected to high 

temperatures (250 – 600 ºC). In both processes, the carbonaceous structure is forced to open 

up, thus increasing its surface area due to increasing developed porous structure.  

Activated carbons are therefore complex products that can be classified on the basis of 

their behaviour, surface characteristics, preparation methods and industrial application. Two of 

the most used types of activated carbons are powered activated carbon (PAC), which are based 

on fine granules made up of crushed carbon particles that pass through a given mesh sieve, and 

granulated activated carbon (GAC), that have larger particle size compared to PAC.  

Activated carbons are often used in several types of WWTPs and have been successfully 

used to remove both PFASs and FQs from aqueous solutions in a laboratory scale, revealing 

fast sorption kinetics (> 87 ·103 mg kg-1 h-1) and high sorption capacities (> 100 mg g-1) (Yu et 

al., 2009; Ahmed and Theydan, 2014). 

 

1.5.2. Biochars 

 Biomass waste may be transformed to other materials with higher environmental interest 

through several thermal processes, thus deriving a number of added-value residues such as 

biochar (solid residue), bio-oil (liquid residue) and biogas (gas residue). The thermal process 

applied vary depending on the desired by-product proportions. Among these, torrefaction 

processes lead to the highest biochar rates, although pyrolysis treatments are often preferred 

since higher carbon contents are achieved. Two main pyrolysis processes are used for the 

obtention of biochar: the “slow pyrolysis”, which achieves temperatures up to 400ºC during 
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residences times ranging from minutes to days, and the “fast pyrolysis”, which achieves higher 

temperatures up to 800ºC during faster residence times, usually within the time interval of 

seconds or minutes. Slow pyrolysis processes usually achieve higher biochar yields with higher 

carbon contents (Meyer et al., 2011). The decomposition of hemicellulose, cellulose and lignin 

occurs at 250 – 350ºC, being lignin the most thermally stable component. Therefore, in addition 

to the release of water and other volatile compounds, at this temperature range a decrease in the 

original feedstock mass is expected, and the result is an amorphous material where a mixture 

of polyaromatic and altered biopolymers coexist (Barskov et al., 2019). This graphene-like 

aromatic structures, which also contain functional groups such as carboxylic acids, carbonyls, 

lactones and phenols, aggregate with each other forming crystalline composites, which are 

aleatory distributed in the final material. Their final relative percentages of %C, %N and %O 

as well as other properties such as specific surface area and porous distribution are highly 

dependent on both feedstock properties and pyrolysis conditions (Hassan et al., 2020). Some 

biomass waste materials often transformed to biochars are wood and pine chips, rice husk or 

straw, hardwood litter, and bamboo, sugarcane, eucalyptus and pericarp coconut wastes, 

although biochars derived from sewage sludge and animal manure have been also described 

(Ahmad et al., 2014). 

Biochar may be applied to soils either as conditioner or amendment, in order to improve 

selected soil physicochemical properties. Some environmental advantages of the addition of 

biochars in soils are the decrease of nutrient runoff, the increase in soil organic carbon and the 

improvement of soil fertility and ease of tillage practices. In addition to this, biochar production 

is considered a carbon negative process: the carbonization of the biomass to a stable carbon 

form reduces CO2 emissions, with the benefit of obtaining energy through the process. 

 Biochar can achieve similar values of relevant physicochemical properties, such as 

carbon content, surface area and porous volumes, to those reported for activated carbons, thus 
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having the possibility to achieve comparable sorption yields for both organic and inorganic 

pollutants (Ahmad et al., 2014). Therefore, they have been suggested as alternative, cheaper 

substitutes for activated carbons in WWTPs (Inyang and Dickenson, 2015). Their ability to 

immobilize both PFAS and FQs has been demonstrated in laboratory (Yi et al., 2016; Guo et 

al., 2017), but their sorption potential and affinity is highly dependent on biochar properties, 

and the main interaction mechanisms among them are not totally understood at date. Also, they 

have also been applied to polluted soils to immobilize both organic and inorganic pollutants, 

and in the context of soil remediation biochar are prominent sorbents candidates in the design 

of remediation actions due to their sustainable and economic advantages (Ahmad et al., 2014; 

Inyang and Dickenson, 2015; Tan et al., 2015).  

 

1.5.3. Compost 

Organic wastes can be revalorized after composting processes. These are based on a 

biological degradation of the organic matter and occur under aerobic conditions, being compost 

(solid residue) and biogas the main resulting by-products of the composting process. Some of 

the environmental benefits of using compost is the enhancement of soil quality, as compost 

contributes to retain moisture and suppress plant diseases and pests, to reduce the need of 

fertilizers and to enhance the production of beneficial bacteria and fungi that degrade soil 

organic matter to create humus. The composting process at industrial scale is usually performed 

in aerated static piles, since it does not need intensive physical manipulation.  

Alike biochars, compost may also be considered as a soil remediation candidate 

material. A compost sample obtained from municipal organic waste revealed a prominent 

ability for remediating metal-contaminated soils after observing its strong sorption properties 

(Venegas et al., 2015). Although limited data regarding sorption of organic pollutants in 

compost samples exist at date, some explorations of composted materials derived from wood 
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fibres and barks revealed a relatively low sorption affinity for PFASs (Sörengård et al., 2020). 

Therefore, the generation of new sorption data regarding PFASs sorption in extensively 

characterized compost samples is of interest to assess its potential remediation ability for 

PFASs-polluted soils.   

 

1.5.4. Charcoal fines 

 Charcoal fines, or non-magnetic fines, are one of the main by-products of the 

metallurgical industry, for which they are unsuitable for reuse because their small particle size 

(< 9.2 mm) causes clogging of gas passages, hence decreasing the efficiency of blast furnaces 

(Angelo et al., 2014). Due to their large waste generation and scarce applicability, they usually 

end up in landfills, and therefore, their applicability for remediation is of interest to support 

circular economy. Although literature data examining charcoal fines sorption affinity to organic 

pollutants are scarce, their application to low organic carbon soil at low amendment doses 

revealed a considerable decrease in PFASs leaching, albeit no significant immobilization was 

noticed in high organic carbon soils with much higher doses (Zhang et al., 2022). Therefore, 

the generation of new PFASs sorption data in these materials may help to better assess their 

potential remediation effectiveness. 

 

 

 

 

 

 

 

 



CHAPTER I: INTRODUCTION 
__________________________________________________________________________________ 

79 

1.6. Prediction Kd models and current limitations for PFASs and FQs 

 Prediction Kd models should determine the objectives and the type of the model to be 

built up and applied, in addition to set its relevant boundary conditions and domain of 

applicability. Besides, peer-reviewed data criteria acceptance to build up model calibration and 

validation datasets have to be clearly defined  (USEPA, 2009).  

 Environmental models may be classified according to different criteria, depending on 

the processes the model attempt to reproduce, the time and spatial scale of the processes and 

the mathematical nature of the model. Probabilistic models, sometimes also referred to as 

statistical or stochastic models, are often used in the description and prediction of environmental 

variables (USEPA, 2009). They use the entire range of available data to develop a probability 

distribution of the variable to be modelled (here, Kd) rather than to derive a single value result. 

They can be used to evaluate and describe the variability of datasets and to derive best-estimate 

values of the target variable, according to selected physicochemical properties. In this context, 

cumulative distribution functions (CDFs) have been used to decrease and describe data 

variability and derive best-estimate Kd values, associated with the central value of the 

distribution (50th percentile), for inorganic pollutants and radionuclides by classifying soils 

according to relevant properties affecting the sorption process, such as texture, pH and/or OC 

contents (Ramirez-Guinart et al., 2020a; 2020b; 2020c). According to our knowledge no 

probabilistic Kd models are available for PFASs or FQs in the current literature. 

On the other hand, deterministic models provide a numeric solution rather than a set of 

probabilistic outcomes, and therefore, do not necessarily simulate the effects of data uncertainty 

and variability (USEPA, 2009). Thus, changes in model outputs are solely due to changes in 

model components, boundary conditions or initial conditions, and repeated simulations under 

constant conditions will result in consistent results. Among these models, empirical models 

include very little information on the underlying mechanisms and rely upon the observed 
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relationships among experimental data and material properties. Therefore, they are extremely 

sensitive to the ranges of values of the variables used for their construction. Their parameters 

may or may not have real-world interpretation and often suffer from lack of extrapolation. 

Different mathematical tools may be used for fitting purposes, such as single or multiple linear, 

polynomic, potential, or exponential correlations.  

An example of this in the context of this doctoral thesis is the prediction of the sorption 

of PFOA by running a multiple linear regression between a set of 100 Kd values derived from 

soils and their physicochemical properties (Knight et al., 2021). The resulting model included 

only significant correlations with OC, clay and pH. However, due to the range of variation of 

the soil properties of the data used for the model calibration, its applicability was only limited 

to soils with OC < 3.5%. Similarly, an empirical Kd prediction model was proposed to predict 

the sorption of NOR (Gong et al., 2012). The model was developed by a partial least squares 

(PLS) regression after deriving Kd values in 23 soils of different physicochemical properties, 

The final model variables included pH, clay, Fe, OM and calcium contents. However, the model 

failed to predict data representative for scenarios different to those used in the calibration step, 

and it could not be extrapolated to cases in which higher sorption was noticed (Leal et al., 2013). 

On the other hand, mechanistic models, another subtype of empirical models, aim at 

providing description about the sorption mechanisms, being the model parameters related to 

relevant mechanisms, and these models usually permit extrapolation. In the case of Kd 

prediction models, these could use specific sorbent and sorbate properties that describe certain 

interaction mechanisms (e.g., soil properties such as OC responsible for hydrophobic 

interactions and pollutant hydrophobicity, expressed as KOW). An example of a mechanistic 

model in the frame of this doctoral thesis is the prediction of the sorption of anionic surfactants, 

including PFAS, in soil organic matter (Higgins and Luthy, 2007). Such model included both 

hydrophobic and electrostatic components and estimates the contribution of each in Kd using 
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Gibbs free energy terms. The inclusion of non-easily measurable input parameters (e.g., density 

and electrostatic potential of the organic matter and its fraction accessible to the sorbate) and 

their mathematical complexity makes it difficult to apply such model for early risk assessment 

studies. Regarding Kd (FQ) prediction models, a charge distribution-multisite complexation 

model was developed to model the surface complexation of zwitterion OFL in goethite by 

separately accounting for interactions of charged surface with the positively and negatively 

charged functional groups (Paul et al., 2014). The model incorporated a basic Stern layer 

approach, goethite surface mineralogy characteristics, surface acid-base reactions, binding of 

electrolyte ions to the goethite surface, aqueous acid-base equilibrium reactions for OFL and 

surface complexation reactions involving different OFL species.  

As stated, current available Kd prediction models in environmental matrices for PFASs 

and FQs in the literature are scarce and have limitations. In addition, prediction models in pure 

soil components, which may help to assess their overall fate in bulk soils, are also scarce. 

Besides, the applicability of some models developed for soils has not been assessed to a wider 

range of scenarios and they have not been yet externally validated. Furthermore, the use of soil 

properties in the model which are not totally descriptive of sorption may difficult the model 

applicability.  

According to all the previous discussions, the understanding of the chemical interactions 

between PFASs and FQs with different environmental matrices such as bulk soils, pure soil 

organic and inorganic soil components and carbon-rich materials, in addition to the construction 

of Kd prediction models based on key sorbent and sorbate physicochemical properties 

governing sorption, are important stages previous to environmental risk assessment analyses. 

However, the Kd prediction models for PFASs and FQs in environmental matrices available at 

date are scarce and have limitations, and therefore, the development of new models is required, 

an overall objective that will be explored in this thesis.  
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Poly- and perfluroalkyl substances (PFASs) are anthropogenic pollutants which may 

cause severe adverse health effects, and have been widely found in different environmental 

matrices. On the other hand, fluoroquinolone antibiotics (FQs) are synthetic pharmaceutical 

compounds and their use in veterinary medicine has led to high levels of FQs in manure and 

droppings. These materials can be then used as amendments to improve soil physicochemical 

properties, especially organic carbon and nitrogen content, which then leads to the 

incorporation of FQs in soils.  

After a contamination event it is mandatory to assess its associated risk and estimate 

pollutant exposure to animal and human beings, which requires the quantification of a number 

of interaction parameters. These include, among others, pollutant concentration, toxicity, and 

potential mobility within environmental compartments. This latter requires the evaluation of 

the sorption and desorption process of pollutants in environmental matrices such as soils and 

sediments. A widely used parameter in environmental models to estimate pollutant mobility is 

the solid-liquid distribution coefficient (Kd), which quantifies the equilibrium of the pollutant 

between solid and liquid phases. Low Kd values are associated with a high mobility, being the 

pollutant present mainly in the aqueous phase, and thus able to be transported along 

environmental compartments (e.g., plant and groundwater).  

To better describe the sorption and desorption process, and extrapolate this information 

to other untested but characterized scenarios, the identification of key sorbent properties 

affecting Kd, in addition to the elucidation of the chemical mechanisms responsible for the 

pollutant binding in the solid phase, are required. Elucidating sorption mechanisms in pure soil 

phases, such as humic substances, phyllosilicate minerals and metal oxides may also be of 

interest to later extrapolate the drawn conclusions to bulk soils, in where all these phases may 

coexist.  
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The identification of the key sorbent properties affecting sorption can be assessed by 

examining the correlation of Kd values with single or multiple soil/sediment properties.  This 

approach relies on robust, critically-reviewed compilations of Kd values, covering diverse 

scenarios and wide ranges of property values, and made of literature-gathered data and, if 

needed, new data derived from ad-hoc laboratory experiments.  

Models derived from calibration datasets built-up with data from contrasted scenarios 

have a wider range of applicability than those obtained under narrower conditions, which may 

be only applicable to selected scenarios. Unfortunately, current Kd prediction models for PFASs 

and FQs in soils suffer from certain limitations in their applicability, and there is a need of 

developing new prediction models with a wider range of applicability.  

After assessing the environmental risk, remediation actions may be needed. These can 

include the application of carbon-rich materials such as activated carbons, biochars or compost 

to soils in order to sorb and immobilize the pollutant in the new solid phase. The effectiveness 

of this strategy depends on the physicochemical properties of the carbon-rich material. Thus, 

prediction Kd models in these sorbents are of interest for screening purposes of their potential 

sorption affinity for organic pollutants. In this context, no current sorption Kd models for PFASs 

in these materials are available at date. 

 

Considering this, the main goal of this thesis has been to identify key parameters 

affecting PFASs and FQs sorption and to develop Kd prediction models in soils and related 

environmental matrices (including pure soil components and carbon-rich materials). To reach 

this main goal, the following work has been carried out:  
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 Performing sorption experiments of PFASs in soils and carbon-rich materials. 

 Performing sorption experiments of FQs in pure soil phases and soils. 

 Construction of critically-reviewed compilations of Kd data of PFASs and FQs, with 

own and literature-gathered data in these environmental matrices. 

 Identification of the key physicochemical properties responsible for PFASs and FQs 

sorption in these matrices by using univariate and multivariate correlation tools.  

 Development and validation of prediction models of Kd (PFAS) in soils and in carbon-

rich materials. 

 Development and validation, when feasible, of prediction models of Kd (FQ) in pure 

soil phases and bulk soils. 

 Proposal of best-estimate Kd (FQ) values for soils based on relevant soil 

physicochemical properties.  

 

The results of this work are presented in four chapters. Chapter III focuses on the 

identification of key soil properties affecting PFASs sorption in soils, and the development of 

a Kd prediction model based only on a few soil and PFAS physicochemical properties. Chapter 

IV aims to identify the key sorbent properties affecting PFASs sorption in carbon-rich materials 

(including biochar, activated carbon, compost and charcoal fines) and the development of a Kd 

prediction model for PFAS in these sorbents. Chapter V discusses the sorption of FQs in pure 

mineral and organic phases present in soils, in order to get insights of the role and the main 

factors affecting FQs sorption in these phases to latter extrapolate this information to bulk soils. 

Finally, chapter VI aims to develop a Kd prediction model of FQs in soils, as well as to propose 

best-estimate Kd (FQ) values in soils based on a few physicochemical properties.  
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3.1. Introduction 

 PFASs, among them PFCAs and PFSAs, are anthropogenic organic pollutants with a 

fluorinated carbon chain attached to a functional group. These substances have been used for 

more than 50 years in a variety of applications including fire-fighting foams, inks, lubricants, 

and oil and water repellents for the leather, paper and textile industries (Prevedouros et al., 

2006). Because they are widely used, highly toxic, and can bioaccumulate and persist in the 

environment, PFASs have garnered considerable scientific attention in recent years (Kannan, 

2011). They have been found in environmental matrices such as soil, sediment, and biological 

samples, as well as in rain, freshwater, seawater, and groundwater (Prevedouros et al., 2006). 

Specifically, they have often been detected at levels of up to a few mg kg-1 in contaminated 

soils and at levels of up to several hundred µg L-1 in groundwater of contaminated sites 

(Brusseau et al., 2020; McGuire et al., 2014). Given these high concentrations, it is important 

to evaluate PFASs sorption in soils in order to develop sorption prediction models and to assess 

their mobility in the environment more accurately.  

 Several soil properties have been suggested to affect PFAS sorption in soils, including 

OC, silt and clay phases, pH and status of divalent metals. Higgins and Luthy (Higgins and 

Luthy, 2006) found that soil OC content was the main parameter affecting the sorption 

behaviour of PFASs in sediments, suggesting that most sorption occurred via hydrophobic 

interactions, although soil pH and the concentration of divalent cations might also play a role 

in the sorption process via electrostatic interactions. The presence of hydrophobic interactions 

in soils was further addressed by Milinovic et al. (Milinovic et al., 2015), and the effect of 

salinity and pH on sorption to sediments with OC < 1% has also been evaluated elsewhere (You 

et al., 2010). However, even though pH and ionic strength may play a role in the sorption 

process in mineral soils under controlled scenarios, these effects are minor compared to the 

effect of OC content. Moreover, studies exploring the sorption of PFASs on low OC soils (< 
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5%) have suggested that the mineral phase may have a positive influence on the sorption 

process (Knight et al., 2019; Martz et al., 2019). A literature review evaluating the role of soil 

and sediment properties in the sorption of PFASs concluded that OC alone could not 

satisfactorily account for the sorption of PFASs and suggested that other parameters, such as 

soil pH and clay content, should also be considered (Li et al., 2018). However, these conclusions 

were based on a data set that included mostly studies of soils or sediments with OC content < 

10% and very few samples of soils with higher OC content, which may be representative of 

environmental scenarios such as meadows, forest soil layers or peat soils. In addition, the 

sorption pattern was deduced from the widely-evaluated PFOS and PFOA, while only limited 

sorption data are available for other shorter or longer-chained PFASs in soils and sediments. 

Among the models for predicting the sorption behaviour of PFASs currently in use,  a 

mechanistic model was developed to predict the sorption of PFCAs, PFSAs, and linear 

alkylbenzenes in sediments with OC ranging from 0.6 to 9.7% via both electrostatic and 

hydrophobic interactions with the organic matter (Higgins and Luthy, 2007). The model was 

tested for its ability to predict the sorption parameters of PFCAs and PFSAs with 7–11 

fluorinated carbons under specific experimental conditions. Moreover, Knight et al. (Knight et 

al., 2019) developed a model based on OC and soil silt and clay content, able to predict the 

sorption of PFOA under selected experimental conditions in soils with OC content ranging from 

0.1–3.5%, thus excluding organic soils. Therefore, new experimental data for deriving PFAS 

sorption and desorption parameters in a diversity of soil types are required to improve current 

sorption models, making them less site-specific and covering a wide variety of PFASs, 

including the least commonly regulated species (especially short-chained PFASs, Sima and 

Jaffé, 2021). 
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In this chapter, we aim to construct a simple and global parametric model, based on a 

small number of easily-measurable physicochemical properties of soil and- PFASs, to predict 

the sorption solid-liquid distribution coefficient (Kd) of any PFCAs and PFSAs with a number 

of fluorinated carbon units between 3 and 11, and applicable to both mineral and organic soils. 

First, sorption parameters (Kd, Kd,des, %S, %D) of eight PFASs in seven soils with OC ranging 

from 1.6 to 41% were determined to enrich an overall dataset of Kd values of PFASs created 

with literature data. Then, normalized sorption coefficients (with respect to soil OC and mineral 

phase contents, KOC and KMIN, respectively) were deduced by correlating Kd values with the 

soil organic fraction. Moreover, normalized sorption coefficients with respect to the humin and 

humic+fulvic fractions (KHumin and KHumic+Fulvic, respectively) were deduced. The correlation of 

KOC and KMIN with specific PFAS physicochemical properties allowed the deduction of the 

main interaction mechanisms in each phase and set the basic equations to construct a parametric 

Kd prediction model. The model was validated with external data and the contribution of both 

mineral and organic soil phases on the overall Kd was quantified.  

 

3.2. Materials and methods 

3.2.1. Reagents and standards 

Milli-Q double deionized water (18.2 MΩ cm-1) was obtained from a water purification 

system (USF PureLaB Plus, Spain). HPLC-grade acetonitrile (≥99.9%), as well as extra-pure 

sodium azide (≥99.0%) and calcium chloride dihydrate (99%), were supplied by Merck 

(Germany), and ammonium acetate (96%) was supplied by Panreac (Spain). Analytical 

standards of PFBA (98%), PFHxA (97%), PFOA (96%), PFNA (97%), PFDoA (95%), and 

PFHxS (98%) were supplied by Sigma-Aldrich (Germany). Analytical standards of PFBS 

(98%) and PFOS (95%) were supplied by Fluka (Austria). Isotope-labelled sodium perfluoro-

1-[1,2,3,4,-13C4]-octane sulfonate (MPFOS) and perfluoro-n-[1,2,3,4,-13C4]-octanoic acid 
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(MPFOA), both at concentrations of 50 g mL-1 in methanol, were supplied by Wellington 

Laboratories (Canada). An ACN-based solution of 500 ng mL-1 for both MPFOS and MPFOA 

was prepared by appropriate dilution of the commercial standard. Working solutions of 1,000 

µg mL-1 containing the individual PFAS were prepared in acetonitrile, whereas working 

solutions of MPFOS and MPFOA were prepared separately at 20 µg mL-1 in ACN by diluting 

the commercial stock solutions. All solutions were stored at -18°C in glass vials with 

polyethylene caps (Sigma-Aldrich, Germany).  

The main physicochemical properties of all PFASs considered in this study, including 

those not used in our experiments but incorporated in the database for our parametric model, 

are summarized in Table 1.1. Buck and co-workers suggested a unified classification of PFASs 

into short- and long-chained groups (Buck et al., 2011). However, according to the differences 

in the log KOW (see Table 1.1), in this study we decided to adapt the PFASs definition by 

grouping the PFASs in short-, mid- and long-chained. We considered PFASs with ≤ 5 CF2 

(PFBA, PFBS, PFPeA, and PFHxA) to be short-chained PFASs. PFASs with 6-9 CF2 (PFHpA, 

PFHxS, PFOA, PFNA, PFOS, and PFDA) and > 9 CF2 (PFUnA, PFDS, and PFDoA) were 

considered to be mid- and long-chained PFASs, respectively.  

 

3.2.2. Materials and characterization 

Seven field soil samples (topsoils; taken at 0–10 cm depth) with physicochemical 

properties varying within a wide range were selected for our PFASs sorption and desorption 

experiments (Table 3.1). The soil samples generally had an acidic pH ranging from 5.2 to 5.8 

and a CaCO3 content below 3%, with the exception of the DELTA2 soil, which had a slightly 

basic pH of 8.0 likely due to its higher CaCO3 content. The OC content of the soil samples 

ranged from 1.6 to 41%; four samples having an OC content above 25%. Amorphous Fe, Al 

and Mn contents ranged 1,000 – 20,000; 170 – 1,700 and 200 – 1,400 mg kg-1, respectively. 
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DOC contents ranged 15 – 290 mg C L-1, with higher content for the organic soils, and SSA 

values ranged 0.5 – 6.5 m2 g-1. 

The pH of the soil was determined in a 40 g L-1 Milli-Q water suspension slurry after 

being shaken during 48 hours, whereas OC content was determined by elemental analysis (EA-

1108 C.E Instruments, Thermo Fisher Scientific). Soil texture (sand, silt and clay contents) was 

determined by the pipette method (Burt, 2004). The amount of amorphous Fe was determined 

by ascorbic extraction (Kotska and Luther, 1994), whereas the amount of amorphous Al and 

Mn was determined by oxalate extraction (Carter and Gregorich, 2006). The calcium carbonate 

content, CaCO3, was determined by the Bernard method (Müller and Gastner, 1971). The DOC 

in the soil suspensions was determined using a DOC analyser (Shimadzu TOC-5000 A, Japan) 

after acidification to pH 2.0 using HCl 1 N. SSA was determined by Nitrogen adsorption using 

the Brunauer-Emmett-Teller (BET) method (TriStar 3000, Micromeritics). Additional 

information about the soil samples is provided elsewhere (Ramírez-Guinart et al., 2017). 

Additional characterizations in BRA and KOM soils were performed elsewhere (Rigol 

et al., 1998). Briefly, fats and waxes contents of the soil were extracted after refluxing the soil 

with an ethanol/toluene mixture. Then, soil humic and fulvic acid fractions were quantified after 

three consecutive extractions with 0.2 M NaOH, and the resulting residue (containing humin + 

mineral fractions) was neutralized, washed and freeze-dried. The humin fraction was then 

purified by removing the mineral fraction after consecutively digesting the resulting residue 

with HF. Detailed information about these procedures are provided in Rigol et al. (1998). 
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Table 3.1 Main soil physicochemical properties. 

Soil pH OC a 

(%) 

Clay b 

(%) 

Silt b 

(%) 

Fe c 

(mg kg-1) 

Al c 

(mg kg-1) 

Mn c 

(mg kg-1) 

CaCO3 

(%) 

DOC d 

(mg L-1) 

SSA e 

(m2 g-1) 

ALM 5.5 1.6 11 35 1.01 ·103 400 200 2.0 15 2.0 

DELTA2 8.0 7.7 34 52 2.97 ·103 230 330 51 39 6.5 

OVI01 5.2 9.4 19 40  4.52 ·103 380 390 3.0 250 1.8 

UIAR 5.8 27 3.0  51  6.50 ·103 1.73 ·103 560 0.2 180 0.5 

BRA 5.7 32 2.0 63  1.24 ·104 1.03 ·103 600 2.0 175 0.6 

DUBLIN 5.7 39 1.3  78  1.06 ·104 170 1.44 ·103 1.6 290 0.6 

KOM 5.7 41 1.1  79 1.97 ·104 480 390 0.5 190 0.8 

a OC: Organic Carbon; b Clay and Silt contents referred to mineral phase; c Amorphous metal content; d DOC: Dissolved Organic Carbon;                        

e SSA: Specific Surface Area. 

 



CHAPTER III: SORPTION OF PFASs IN SOILS 
__________________________________________________________________________________ 

125 

3.2.3. Sorption and desorption experiments 

To test the sorption behaviour of each PFAS in each soil, three grams of dried soil were 

placed in 80-mL polypropylene (PP) centrifuge tubes with 30 mL of 0.01 mol L-1 CaCl2 solution 

containing 1 g L-1 of NaN3 as a biodegradation inhibitor (OECD, 2000). The resulting 

suspensions were end-over-end shaken at 30 rpm for 24 h, and then known volumes of 

individual PFAS stock solutions were added to the suspensions. The initial spiked 

concentrations of each PFAS (Table 3.2) were selected to ensure that: (i) the Kd value fell 

within the linear range of the sorption isotherm according to previous studies of PFAS sorption 

in soils performed by our research group (Milinovic et al., 2015); (ii) the final sorbed 

concentrations were representative of concentrations that might be found in contaminated soils 

(Brusseau et al., 2020); (iii) PFAS concentrations in the final liquid solution were below 70 μg 

L-1, a value also representative of concentrations found in groundwater of PFAS-impacted sites 

(McGuire et al., 2014); and (iv) the final concentration in the liquid solution led to reliable 

results after their analytical determination. After being spiked with a PFAS, tubes were shaken 

again at 30 rpm for 24 h to ensure that the equilibrium was reached in accordance with previous 

kinetic studies (Li et al., 2019; Miao et al., 2017; Wei et al., 2017; Xiang et al., 2018). Then, 

tubes were centrifuged for 30 min at 4 ºC and 7,800 g (AJ2-HS, Beckman Coulter, USA) and 

supernatants were removed using a plastic syringe, filtered through 0.45 µm and stored in 50 

mL glass vials at 4 oC until analysis. For the desorption experiments, soil residues from the 

sorption experiment were dried at 40°C and then tested using the same procedure as above, but 

without PFAS spiking, except for PFBA and PFBS that presented, in general, very low sorption 

levels. Shaking desorption time was 24 hours, in agreement with previous kinetic desorption 

experiments on soils and sediments with varying OC content (Miao et al., 2017; Zhi and Liu, 

2018). The pH of the resulting supernatants from sorption and desorption experiments did not 

significantly differ (± 0.2) from the soil pH reported in Table 3.1. 
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Table 3.2 Spiked PFAS initial concentrations (ng mL-1) in each soil for the sorption 

experiments. 

Soil PFBA PFBS PFHxA PFHxS PFOA PFNA PFOS PFDoA 

ALM 30 30 35 50 50 60 170 330 

DELTA2 30 30 35 50 50 170 170 500 

OVI01 30 30 35 50 50 170 170 500 

UIAR 30 50 50 140 150 570 670 1,000 

BRA 30 50 50 140 150 570 670 1,000 

DUBLIN 30 50 50 140 150 570 670 1,000 

KOM 30 50 50 140 150 570 670 1,000 

 

3.2.4. Quality control 

All sorption and desorption batch experiments were performed in duplicate. The relative 

standard deviation (% RSD) between replicates was approximately 20% in the worst scenarios. 

Quality control of the analyses included blank soil samples that were tested using the same 

procedure described in Section 3.2.3, but without PFAS spiking, to test whether PFASs were 

present in the soil samples. In addition to this, aqueous control samples at PFAS concentrations 

representative of the tested concentration range were assayed to quantify PFAS losses during 

the experimental stages of the batch test. Results from the analyses of blank soil samples 

showed that no PFASs were present in the soils prior to the analysis. Regarding aqueous control 

samples, although some authors have reported sorption of PFOA on common laboratory 

equipment (Lath et al., 2019), our results agree with those reporting negligible losses for short- 

and mid-chained PFASs (Ahrens et al., 2011; Milinovic et al., 2015; Campos Pereira et al., 

2018). However, for the long-chained PFDoA only 40% was recovered, and the results were 

corrected accordingly.  

 



CHAPTER III: SORPTION OF PFASs IN SOILS 
__________________________________________________________________________________ 

127 

3.2.5. PFASs analysis by HPLC-MS/MS 

To quantify the PFASs concentration resulting from the sorption and desorption 

experiments, 750 µL aliquots of the supernatants were transferred into a 2-mL chromatographic 

vial. 10 µL of either the MPFOS or MPFOA internal standard working solution and 240 µL of 

ACN were then added into the vial to reach a final volume of 1 mL, and the PFASs were 

subsequently analysed via HPLC-MS/MS. The HPLC was equipped with an auto-sampler 

(Agilent 1100 Wellplate) thermostatized at 10 ºC and a pump and solvent system (Agilent 1100 

LC). A Luna C18 (2)-HST reverse phase column (2.5 µm, 100 x 2.00 mm, Phenomenex) 

thermostatized at 45ºC was used for the chromatographic separation. The chromatographic 

separation conditions were adapted from elsewhere (Gómez-Canela et al., 2012) and briefly 

consisted in an injection volume of 10 µL (full loop) with a mobile phase A composed of 10 

mmol L-1 ammonium acetate and a mobile phase B composed of ACN. The flow rate was set 

at 300 µL min-1 while the elution gradient was set at 75% A during one minute and then reached 

until 85% B during 5 minutes. After, mobile phase reached 100% B during the next 30 seconds 

and this percentage was hold during 30 more seconds being reduced at 25% B during the next 

minute. This elution grade of 25 % B was held during the next 7 minutes to condition the column 

for the next analysis.  

Detection was performed using a triple quadrupole mass spectrometer (API3000 Perkin-

Elmer Sciex Instruments) provided with a ionization chamber (Turblon SprayTM) located at 10 

mm from the analyser and working in the negative mode, ESI(-). The most significant m/z 

transition of each PFAS was used for quantification while the second one was used for 

confirmation. The dwell time for each transition was established at 30 ms, and the software 

used for the determination was Absciex Analyst. Experimental parameters of the mass 

spectrometer are specified in Table 3.3. 
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Table 3.3. Experimental parameters of the mass spectrometer. 

 

Quantification was performed using 1/x weighted calibration curves with standards of 

0; 0.5; 2; 5; 10; 20; 50; 100 and 200 ng mL-1 for each PFAS, together with the inner standards 

MPFOS and MPFOA spiked at 5 ng mL-1. The Pearson coefficients of the resulting calibration 

lines were up to 0.999. The LOD and LOQ were determined as a signal-to-noise ratio set at 1:3 

and 1:10 respectively, and were similar to other LODs and LOQs reported elsewhere (Liu et 

al., 2015; Habibullah-Al-Mamun et al., 2016). Repeatability was determined after ten 

consecutive injections at a concentration of 20 ng mL-1. The quality figures of the method are 

reported in Table 3.4. 

Table 3.4 Quality figures of the method. 

PFAS Transition (m/z) Declustering Potential 

(V) 

Focusing Potential 

(V) 

Collision Energy 

(V) 

PFBA 213 > 169 -17 -91 -18 

PFHxA 313 > 269, 119 -20 -104 -21 

PFOA 413 > 369, 169 -23 -122 -20 

PFNA 463 > 419, 169 -27 -123 -21 

PFDoA 613 > 569, 319 -32 -110 -24 

PFBS 299 > 80, 99 -40 -121 -45 

PFHxS 399 > 80, 119 -43 -133 -58 

PFOS 499 > 80, 130 -44 -131 -68 

MPFOA 417 > 372, 172 -23 -122 -20 

MPFOS 503 > 80, 99 -44 -131 -68 

PFAS Repeatability at  

20 ng mL-1 (%RSD) 

LOD 

(ng L-1) 

LOQ 

(ng L-1) 

Pearson coefficient 

of calibration curves 

Recovery of 

controls (%) 

PFBA 4 0.10 0.30 0.999 > 98 

PFHxA 5 0.04 0.10 0.991 > 98 

PFOA 3 0.02 0.08 0.997 > 95 

PFNA 4 0.01 0.05 0.998 > 95 

PFDoA 4 0.01 0.04 0.995 40 

PFBS 5 0.03 0.10 0.997 > 98 

PFHxS 5 0.03 0.10 0.998 > 98 

PFOS 5 0.06 0.20 0.999 > 95 
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3.2.6. Quantification of sorption and desorption parameters  

Kd (L kg-1), was calculated as the ratio between the concentration of the target PFAS 

sorbed at the solid phase, CS (ng g-1), and the concentration of the target PFAS in the aqueous 

phase at equilibrium, Ceq (ng mL-1): 

Kd = 
CS

Ceq

 (3.1) 

where Ceq values were directly determined by HPLC-MS/MS, and CS was calculated using the 

following equation: 

CS = 
(C

in
- Ceq)·V

m
 (3.2) 

where Cin (ng mL-1) represents the initial concentration of PFAS in the suspension (Table 3.2), 

V (mL) is the total volume of contact solution, and m (g) refers to the dry mass of soil. 

As with Kd (Equation 3.1), Kd,des (L kg–1), was calculated as follows:  

Kd,des = 
CS,des

Ceq,des

 (3.3) 

where CS,des (ng g-1) and Ceq,des (ng mL-1) are PFAS concentrations in the solid and aqueous 

phases, respectively, after the desorption experiments. Ceq,des values were directly determined 

by HPLC-MS/MS, whereas CS,des values were calculated as the difference between the initial 

PFAS concentration in the solid residue resulting from the sorption experiments (Cin,des, ng g-1) 

and the PFAS desorbed with regard to the mass of soil, as follows: 

CS,des = Cin,des - 
Ceq,des·V

m
 (3.4) 

Cin,des depends on CS and the amount of PFAS present in the residual volume (Vres, mL-1) of 

solution that remained in the soil after the sorption experiment: 

Cin,des = CS + 
Ceq· Vres

m
 (3.5) 
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The sorption and desorption percentages (%S and %D, respectively) were calculated as 

follows: 

% S = 
(C

in
- Ceq)

Cin
·  100 (3.6) 

% D = 
(C

eq,des
· V)

Cin,des ·  m
·  100 (3.7) 

 

3.2.7. Construction of the PFASs Kd datasets 

Three datasets including Kd (PFAS) values in soils and analogous geological materials 

(i.e., subsoils and sediments) were constructed using our own experimental data and additional 

data gathered from the literature. Ancillary information about the soils, such as sand, silt, clay, 

and OC content, was also included in all datasets. The acceptance criteria to include a Kd value 

from the literature were: (i) data was originated from batch experiments, given that Kd values 

obtained from in situ experiments have been shown to be significantly higher due to the non-

equilibrium nature of natural systems (Li et al., 2018); (ii) only studies in which a Kd value 

could be confidently derived (i.e., linear isotherms with constant Kd; non-linear isotherms, but 

with the reported Kd falling within the linear range of the isotherm; Kd values calculated from 

a low initial concentration, assuming that sorption saturation was not reached) were considered; 

(iii) we only included data for PFCAs and PFSAs that contained from 3 to 11 fluorinated 

carbons; (iv) for those studies reporting Kd values at varying pH, the Kd value at ±1 pH unit of 

the native soil pH was considered; (v) for those studies reporting Kd values at varying ionic 

strength, the lowest ionic strength was considered. 

The first dataset, hereinafter referred as “own dataset” included only our experimental 

data, consisted of 56 entries and was used to preliminary evaluate the key soil parameters 

affecting PFASs sorption. The second dataset hereinafter referred as “overall dataset”, included 

our experimental data and 379 additional Kd data in 222 soil and sediment samples gathered 
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from the literature, and comprised a total of 435 entries. Table 3.5 provides the references and 

information for the calibration dataset used to build the PFASs sorption model. Of the 222 

samples, 167 were soils, 171 had an OC content less than 2%, and only 10 had an OC content 

above 10%. Among these 222 samples, 183 reported additional soil texture characterization. 

Figure 3.1 displays the USDA soil classification of these samples according to both the relative 

proportion of sand/silt/clay and the OC contents. As the USDA classification only classify soils 

according to the relative sand/silt/clay percentages of the bulk soil, the OC of the soils was 

labelled in different colours. The samples covered a wide range of soil types, with a majority 

of samples with OC contents < 2%, and only 7 soil samples had an OC content greater than 

10%. PFOS and PFOA were the two PFASs with the highest number of entries, whereas limited 

data were available in the literature for other PFASs. 

 

Figure 3.1 USDA classification of the 183 soil/sediment samples included in the calibration 

dataset according to its OC content and sand/silt/clay relative percentages.
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Table 3.5 List of references including information about which PFASs were used to construct the overall dataset. 

 

Reference Number of 
samples 
(total entries)  

OC range 
(%) 

PFBA PFBS PFPeA PFHxA PFHpA PFHxS PFOA PFNA PFOS PFDA PFUnA PFDS PFDoA 

Chen et al., 2012 5 (5) 0.42 – 1.43         X     

Mejia-Avendaño et al., 2020 5 (15) 1.7 – 7.3       X  X X    

Chen et al., 2013 5 (10) 0.52 – 16       X  X     

Enevoldsen and Juhler, 2010 2 (12) 0.42 – 1.0  X   X  X X X X    

Guelfo and Higgins, 2013 3 (30) 0.8 – 4.5 X X X X X X X X X X X   

Higgins and Luthy, 2006 5 (24) 0.56 – 9.66       X X X X X X  

Higgins and Luthy, 2007 1 (1) 4.34             X 

Ellefson, 2000 4 (4) 1.3 – 2.8         X     

Du Pont, 2003 4 (4) 0.8 – 5.76       X       

Jeon et al., 2011 3 (6) 0.21 – 0.55       X  X     

Johnson et al., 2007 1 (1) 2.5         X     

Milinovic et al., 2015 2 (6) 0.2 – 3.9  X     X  X     

Knight et al., 2019 100 (100) 0.1 – 3.5       X       

You et al., 2010 15 (15) 0.16 – 1.49         X     

Kwadijk et al., 2013 1 (1) 2.6         X     

Martz et al., 2019 5 (5) 0.05 – 11.7       X       

Miao et al., 2017 10 (10) 0.52 – 5.76       X       

Ahrens et al., 2011 3 (5) 0.03 – 1.6       X  X     

Oliver, et al., 2020 19 (57) 0.1 – 11      X X  X     

Wei et al., 2017 6 (6) 0.87 – 2.71         X     

Gredelj et al., 2020 1 (9) 1.43 X X X X X  X X X X    

Pan et al., 2009 1 (1) 0.75         X     

Chen et al., 2009 1 (1) 0.91         X     

Brusseau et al., 2019 2 (2) 0.10 – 0.38         X     

Xiao et al., 2019 5 (5) 0.10 – 5.3       X       

Chen et al., 2016 1 (5) 2.52      X X X X X    

McLachlan et al., 2019 2 (24) 0.40 – 0.93 X X X X X X X X X X X  X 

Aly et al., 2019 1 (6) 1.44  X   X X X X X     

Campos Pereira et al., 2018 1 (6) 45 X X X X X   X       

Xiang et al., 2018 1 (1) 0.69       X       

Zhi and Liu, 2018 1 (2) 47       X  X     

This study 7 (56) 1.6 – 41 X X  X  X X X X    X 
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The final model was externally validated elsewhere (Fabregat-Palau et al., 2021) in 

terms of excluding a representative third of the calibration data using the Kennard and Stone 

algorithm  and use it as validation data (Kennard and Stone, 1969), while remaining two thirds 

of the data in calibration set. In this chapter, however, a third dataset, hereinafter referred as 

“validation dataset” was constructed with new sorption data available in the literature not 

included previously in the calibration dataset (Table 3.6).  

 

Table 3.6 List of references informing which PFAS were included in the validation dataset. 

Reference 

PFAS 

Nguyen et al., 2020 Cai et al., 2022 Wang et al., 2022 Yin et al., 2022 

Number of samples  

(total entries) 

10 

(154) 

2  

(16) 

3  

(6) 

1  

(7) 

OC range (%) 0.08 – 4.9 2.6 – 4.9 2.0 – 4.0 0.37 

PFBA X    

PFPeA X    

PFHxA X X   

PFHpA X X   

PFOA X  X  X 

PFNA X X  X 

PFDA X X X X 

PFUnA X   X 

PFDoA X  X  

PFBS X X   

PFPeS X X   

PFHxS X X   

PFHpS X X  X 

PFOS X X  X 

PFNS X X   

PFDS X   X 
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Acceptance criteria to include data in the validation dataset mimicked the 

abovementioned criteria. This dataset consisted in a total of 183 entries, including data from 16 

soils in which both OC and silt+clay contents were reported. The database also included 

sorption data for PFCAs and PFSAs with CF2 units ranging 3 – 11 and 4 – 10, respectively.  

To evaluate the predictive accuracy of the model, the root square mean error (RMSE) 

and the residual predictive deviation (RPD) were calculated as: 

RMSE = √
 ∑  (log Kd,measured,i - log Kd,predicted,i)

2n
i=1

N
 

(3.8) 

where log Kd,measured and log Kd,predicted are the measured and predicted log Kd values, 

respectively, i is the entry being tested and N is the total number of entries included in the 

model. The RPD was calculated as:  

RPD = 
SD

RMSE
 

(3.9) 

where SD is the standard deviation of the original log Kd,measured data. RPD values therefore 

relate the variability of the original data to the variability of the prediction errors, and are 

indicative of the quality of the model. Despite RPD thresholds are subjective and dependent on 

imposed quality requirements, usually RPD values < 1.5 are considered as models with poor 

prediction ability; RPD values ranging from 1.5 to 2.0 are considered as models with acceptable 

prediction ability; RPD values ranging from 2.0 to 3.0 are considered as models with good 

prediction ability, and RPD values > 3.0 are considered as models with excellent prediction 

ability (Knight et al., 2019). 
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3.3. Results and discussion 

3.3.1. PFASs sorption and desorption patterns in soils 

Kd and Kd,des values for each PFAS in each of the seven soils examined are summarized 

in Table 3.7, while sorption and desorption percentages are summarized in Table 3.8. Short-

chained PFASs (PFBA, PFBS and PFHxA) generally had Kd values below 7 L kg-1, regardless 

of the soil characteristics or the PFAS functional group, indicating their low sorption affinity in 

soils and their potentially high mobility (Gellrich et al., 2012). On the other hand, mid-chained 

PFASs (PFHxS, PFOA, PFOS and PFNA) had higher Kd values ranging from 2 to 295 L kg-1 

depending on the PFAS and the soil characteristics, indicating higher sorption affinity in the 

examined soils and therefore a lower potential mobility. Sorption in low OC soils, as 

exemplified by the ALM soil, was significantly lower than in the rest of soils, and in general, 

Kd values increased with OC content. The long-chained PFAS, PFDoA, had the highest Kd 

values (> 400 L kg-1) among the PFASs tested, with a high Kd even for the low OC ALM soil, 

indicating a very low mobility of these PFASs. 

Kd values for short-chained PFAS agreed with those obtained for ≤ 5 CF2 in both mineral 

(OC < 2%) soils and a single organic (OC = 45%) soil sample, which ranged from 0.10 to 9.0 

L kg-1 (Campos-Pereira et al., 2018; McLachlan et al., 2019). Kd values for the mid-chained 

PFHxS, PFOA and PFOS in ALM, DELTA2 and OVI01 soils were comparable to those 

previously reported values (0.35 – 8.2 L kg-1, 0.93 – 15 L kg-1 and 3.8 – 103 L kg-1 for PFHxS, 

PFOA and PFOS, respectively) in soils and sediments with OC < 10% (Higgins and Luthy, 

2006; Oliver et al., 2020). Besides, PFHxS, PFOA and PFOS Kd values for the organic soils 

DUBLIN and KOM were within the Kd values range found in peat soils and pure humic acid 

samples (10 – 15 L kg-1, 18 – 71 L kg-1 and 77 – 324 L kg-1 for PFHxS, PFOA and PFOS, 

respectively) with OC contents ranging 45 – 54% (Campos-Pereira et al., 2022; Zhi and Liu, 

2018). 
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Table 3.7 Kd and Kd,des values of PFASs in the seven examined soils. The number of CF2 in each PFAS is indicated into brackets. 

Parameter  Soil PFBA 

(3) 

PFBS 

(4) 

PFHxA  

(5) 

PFHxS 

(6) 

PFOA 

(7) 

PFNA 

(8) 

PFOS 

(8) 

PFDoA 

(11) 

Kd (L kg-1) ALM  0.55 0.60 2.9 2.4 2.6 11 32 422 

 DELTA2 0.89 1.6 2.5 4.1 3.9 35 76 623 

 OVI01 0.33 1.4 1.2 5.4 7.1 39 110 738 

 UIAR 0.91 1.5 2.6 18 26 96 144 1.38 ·103 

 BRA 1.2 3.0 5.4  17 27 117 171 2.03 ·103 

 DUBLIN  1.7 6.8 5.1 21 38 122 295 1.84 ·103 

 KOM 1.2 3.0 6.5 18 37 128 207 3.08 ·103 

          

Kd,des (L kg-1) ALM  N.Q. N.Q. N.Q. 4.4 18 35 43 761 

 DELTA2 N.Q. N.Q. N.Q. 16 11 43 83 6.59 ·103 

 OVI01 N.Q. N.Q. 9.1 7.7 12 57 107 7.12 ·103 

 UIAR N.Q. N.Q. 25 18 38 177 437 9.38 ·103 

 BRA N.Q. N.Q. 29 29 41 226 560 1.27 ·104 

 DUBLIN  N.Q. N.Q. 32 41 61 262 760 1.32 ·104 

 KOM N.Q. N.Q. 23 37 48 297 749 1.79 ·104 

N.Q.: Not quantifiable 
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Kd values for mid-chained PFASs were higher than the corresponding short-chain 

PFASs, indicating that sorption was favoured by greater PFAS hydrophobicity. Despite having 

the same CF2, PFOS had higher Kd values than PFNA, suggesting an additional influence of 

the hydrophilic functional group in sorption, with a slightly higher affinity of the sulfonate 

group than the carboxylate group. These differences between the sorption affinity for PFOS and 

PFNA have also been described elsewhere (Higgins and Luthy, 2006; Enevoldsen and Juhler, 

2010) and confirm that PFCAs have a higher mobility than PFSAs (Sepulvado et al., 2011). Kd 

values for PFDoA agreed with those reported in both mineral (OC < 2%) soils and an organic 

(OC = 45%) soil sample, which ranged 150 – 9,000 L kg-1 (Campos-Pereira et al., 2018; 

McLachlan et al., 2019). 

Sorption percentages reported in Table 3.8 followed the same trend as the respective Kd 

values, with PFAS sorption percentages increasing as the number of CF2 units increased. 

Sorption percentages were as low as < 10% for short-chained PFASs and reached values > 99% 

for PFDoA. The reversibility of the sorption process was also quantified in terms of the 

hysteresis coefficient (Equation 1.3). Kd,des values derived from the batch experiments are 

reported in Table 3.7 and were higher than the corresponding Kd values. As with Kd values, 

Kd,des increased with increasing PFASs chain length. The hysteresis coefficient was larger than 

one in all cases. Desorption percentages therefore decreased from 25 – 50% for short-chained 

PFAS to less than 1% for PFDoA (see Table 3.8). These results indicate the irreversibility of 

PFAS sorption in soils and sediments, and are in agreement with previous studies (Enevoldsen 

and Juhler, 2010; Miao et al., 2017).  
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Table 3.8 %S and %D of PFASs in the seven examined soils. The number of CF2 in each PFAS is indicated into brackets. 

Parameter  Soil PFBA 

(3) 

PFBS 

(4) 

PFHxA  

(5) 

PFHxS 

(6) 

PFOA 

(7) 

PFNA 

(8) 

PFOS 

(8) 

PFDoA 

(11) 

%S ALM  5.2 5.7 23 19 21 52 76 98 

 DELTA2 8.2 14 20 29 28 78 88 98 

 OVI01 3.2 12 11 35 42 80 92 98 

 UIAR 8.3 13 21 64 72 91 94 > 99 

 BRA 11 23 35 63 73 92 95 > 99 

 DUBLIN  15 41 34 68 79 92 97 > 99 

 KOM 11 23 39 64 79 93 95 > 99 

          

%D ALM  N.Q.  N.Q.  N.Q.  70  36  23  19  0.70  

 DELTA2 N.Q.  N.Q.  N.Q.  39  48  19  11  0.05  

 OVI01 N.Q.  N.Q.  53  57  45  15  8.6  0.05  

 UIAR N.Q.  N.Q.  29  38  21  5.3  2.3  0.03  

 BRA N.Q.  N.Q.  26  25  20  4.3  1.8  0.03  

 DUBLIN  N.Q.  N.Q.  24  20  13  3.7  1.3  0.03  

 KOM N.Q.  N.Q.  30  21  18  3.2  1.3  0.02  

N.Q.: Not quantifiable 
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3.3.2. Correlation of sorption and desorption parameters with soil OC 

Given the importance of soil OC content for PFASs sorption and desorption parameters, 

especially for mid- and long-chained PFASs, Kd values reported in Table 3.7 were further 

examined for their dependence on the fraction of OC (fOC), expressed as kg of OC per kg of 

soil. We additionally examined the relative contribution of OC and mineral binding sites to the 

overall sorption. Specifically, iron, aluminium and titanium oxides have all been reported to be 

able to interact with PFASs and to participate in PFAS sorption (Lu et al., 2016). Although a 

preliminary overview of our results showed that Kd values were correlated with extracted 

amorphous Fe content, this correlation might be attributed to the correlation between extracted 

Fe and soil OC (r2 = 0.81, p < 0.01, data derived from Table 3.1). This conclusion agrees with 

previous studies which observed no correlation between Kd and Fe content in soils where OC 

was the primary driver of PFASs sorption (Higgins and Luthy, 2006; Miao et al., 2017).  

The OC-normalized sorption coefficient (KOC, L kg OC-1) is defined as the ratio between 

Kd and the soil fOC (OECD, 2000).  

KOC = 
Kd

fOC

 
(3.10) 

According to Equation 3.10, a KOC value can be derived for a single soil sample, or 

contrarily, as the slope of the Kd vs. fOC plot when considering different soils with a wide range 

of OC. However, Equation 3.10 considers that the sorption is driven entirely by soil OC, and it 

may overestimate KOC if the soil mineral fraction plays a role in the sorption, a situation that 

several authors have pointed out for PFASs in mineral soils (Li et al., 2018; Knight et al., 2019; 

Wang et al., 2021). Thus, a constant term has to be added in equation 3.10 referring to the 

sorption contribution of non-OC soil fractions, which may be attributed to the soil mineral 

fraction (Kd,MIN, L kg-1) (Milinovic et al., 2015; Sorengard et al., 2019):  

Kd = Kd,ORG + Kd,MIN = KOC fOC + Kd,MIN (3.11) 
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Hence, Kd,MIN can be quantified by the y-intercept of the correlation at fOC = 0. In this 

scenario, sorption is driven entirely by the mineral fraction (fMIN = 1) and thus Kd,MIN could be 

directly considered as the normalized sorption coefficient referring to the mineral phase (Kd,MIN  

≈ KMIN, L kg mineral-1). Figure 3.2 show the application of Equation 3.11 for deriving KOC and 

KMIN for a set of soils with a given OC range.  

 

Figure 3.2 Derivation of KOC and KMIN values for a set of soils with a given OC range. 

 

The KOC and KMIN values obtained for each PFAS after applying Equation 3.11 using 

both the own and overall datasets are summarized in Table 3.9. To our knowledge, although 

other authors have attempted to calculate different mineral-normalized sorption coefficients 

(Sorengard et al., 2019; Wang et al., 2021), this is the first time that mineral-normalized sorption 

coefficients values have been calculated from data assembled from the literature. Significant 

correlations for each PFAS (p < 0.05) were obtained between Kd and fOC for both datasets. 
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Table 3.9 KOC and KMIN values for PFASs derived from the own and overall datasets. Standard 

errors of parameters are given into brackets.  

 Own dataset (n=7) Overall dataset 

PFAS KOC KMIN KOC KMIN n 

PFBA 2.3 (0.7) 0.44 (0.19) 2.9 (0.6) 0.43 (0.13) 13 

PFBS 10 (3.8) 0.41 (0.11) 11 (1.5) 0.44 (0.29) 19 

PFPeA N.A. N.A. 15 (2.4) 0.46 (0.42) 7 

PFHxA 10 (3.1) 1.5 (0.83) 15 (1.8) 0.46 (0.41) 14 

PFHpA N.A. N.A. 50 (1.3) N.Q. 10 

PFHxS 47 (5.6) 1.6 (1.5) 50 (2.2) 1.2 (0.29) 33 

PFOA 94 (5.7) N.Q. 107 (4.5) 3.3 (0.34) 182 

PFOS 496 (98) 36 (27) 609 (19) 9.4 (1.8) 95 

PFNA 300 (16) 11 (4.4) 324 (10) 2.0 (1.7) 20 

PFDA N.A. N.A. 604 (221) 14 (7.7) 19 

PFUnA N.A. N.A. 2,450 (510) 25 (20) 8 

PFDS N.A. N.A. 4,600 (560) N.Q. 5 

PFDoA 5,440 (1,030) 208 (178) 5,370 (670) 229 (152) 10 

N.A.: Not analysed; N.Q.: Not quantifiable;  

 

Derived KMIN values of PFASs were lower than the respective KOC values, indicating 

that PFASs have a higher sorption affinity to the OC sites present in the soil. The application 

of Equation 3.11 to the overall dataset allowed us to derive KOC and KMIN for PFASs not 

included in our experiments, such as PFPeA, PFHpA, PFDA, PFUnA, and PFDS. Since the Kd 

values of the overall dataset were obtained under a wide range of experimental conditions, the 

KOC and KMIN values derived were affected by the intrinsic variability of the literature data. 

Besides, KMIN values derived from the overall dataset can be considered more representative 

than those derived from ours, as the overall dataset contained a higher number of soils with low 

OC.  
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The KOC values of PFASs we obtained were lower than KOC values calculated solely 

based on Equation 3.10 reported elsewhere (Enevoldsen and Juhler, 2010; Guelfo and Higgins, 

2013; McLachlan et al., 2019) but comparable to reported KOC derived by considering sorption 

at mineral sites  as well (Higgins and Luthy, 2006; Milinovic et al., 2015). Direct comparisons 

with previously reported KMIN values were not possible. However, Kd data of PFASs are 

available for pure mineral phases, such as phyllosilicate minerals, which can serve as analogues 

for soils with fOC = 0. The overall Kd in these materials therefore equals Kd,MIN and, 

consequently, KMIN. For the mid-chained PFOS and PFOA, two of the most frequently studied 

PFAS, the KMIN values that we derived from the overall dataset were 9.4 and 3.3 respectively. 

These values are in agreement with the range of Kd values obtained for PFAS on pure 

phyllosilicate minerals (Table 3.10), but slightly lower than other silt+clay normalized sorption 

coefficient reported for PFOS (19 L kg silt + clay-1, Wang et al., 2021). Furthermore, KMIN 

values for PFOS were higher than for PFNA, in agreement with previous observations (Xiao et 

al., 2011). Besides, KMIN values for PFASs with ≤ 5 CF2 were lower than 1; this is consistent 

with the hypothesis that sorption of short-chained PFASs is not thermodynamically favourable 

under systems with low ionic strength (1 - 10 mM) (Xiao et al., 2011), which are the most 

common scenarios of the experiments used to construct the overall database.  

 

Table 3.10 Kd values (equivalent to KMIN) for PFAS in pure clay minerals.  

PFAS Mineral Kd (L kg-1) Reference 

PFOA Kaolinite 0.40 Jeon et al., 2011 

 Kaolinite 2.3 Xiao et al., 2011 

 Montmorillonite 1.3 Jeon et al., 2011 

 Montmorillonite 4.4 Tian et al., 2016 

 Illite 0.13 Li et al., 2012 

PFOS Kaolinite 2.7 Jeon et al., 2011 

 Kaolinite 5.3 Johnson et al., 2007 

 Kaolinite 14 Xiao et al., 2011 

 Montmorillonite 5.0 Jeon et al., 2011 

PFNA Kaolinite 5.5 Xiao et al., 2011 

PFDA Kaolinite 20 Xiao et al., 2011 

PFUnA Kaolinite 50 Xiao et al., 2011 
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KOC,des and KMIN,des were calculated similarly using our own desorption data. For all 

PFAS, KOC,des and KMIN,des values were higher than the respective KOC and KMIN values, further 

demonstrating sorption irreversibility. Besides, KOC,des values were similar to other reported 

values in the literature (Enevoldsen and Juhler, 2010; Sepulvado et al., 2011). No similar 

comparison could be performed for PFAS KMIN,des as no data on either the KMIN,des or Kd,des of 

pure mineral phases were available in the literature. Because desorption data were scarce in the 

literature and only available for a few PFASs, all subsequent analyses focus solely on sorption 

data.   

 

3.3.3. Correlation of KOC and KMIN with PFAS physicochemical properties 

 As shown in Table 1.1, the hydrophobicity of the PFASs, expressed as log KOW, 

increased linearly with each fluorinated carbon added to the alkyl chain (log KOW = 0.71 (± 

0.08) × number of CF2, r
2 = 0.97, p < 0.001, n = 13). Due to this strong correlation, the effect 

of PFAS properties on KOC and KMIN can reasonably be evaluated based on either the number 

of CF2 or log KOW. In principle, KOW values better differentiate PFASs that have the same 

number of CF2 but different functional groups, such as PFOS and PFNA, but log KOW values 

vary significantly in the literature depending if they are experimental or calculated values. 

Therefore, correlations were performed using the number of CF2, an easily available parameter 

that is descriptive of PFAS hydrophobicity. As shown in Figure 3.3, the KOC and KMIN values 

derived from both our experimental and literature-assembled datasets were logarithmically 

correlated with the number of CF2 of the PFASs.  
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A) 

 

B) 

 

Figure 3.3 Correlations between KOC (blue) and KMIN (orange) values and PFAS CF2 derived 

from the own (A) and overall (B) dataset. 
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log KOC = 0.42 (± 0.05) CF2 - 0.89 (± 0.38); r2 = 0.98; p < 0.01 

.log KMIN = 0.36 (± 0.10) CF2 - 1.67 (± 0.67); r2 = 0.95; p < 0.01 

 

log KOC = 0.41 (± 0.04) CF2 - 0.70 (± 0.30); r2 = 0.98; p < 0.01 

.log KMIN = 0.32 (± 0.08) CF2 - 1.70 (± 0.60); r2 = 0.89; p < 0.01 
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The correlations were significant, and both the slope and the y-intercept were 

comparable between datasets. Equation 3.12 and Equation 3.13 show the relationships between 

the number of fluorinated carbons and each of KOC and KMIN derived from the overall dataset:  

 

log K
OC

= 0.41 (± 0.04) × number of CF2 – 0.70 (± 0.30); r2 = 0.98; p < 0.001 (3.12) 

log KMIN = 0.32 (± 0.08) × number of CF2 – 1.70 (± 0.60); r2 = 0.89; p < 0.001 (3.13) 

 

The high quality of these correlations allowed us to derive predicted KOC and KMIN 

values for PFASs for which only the number of CF2 units were available. In agreement with 

previous findings (Milinovic et al., 2015), KOC values increased with higher PFAS 

hydrophobicity, which strongly suggested that sorption to OC was mainly driven by 

hydrophobic interactions. Humic substances, which are the main organic compounds present in 

the soil organic phase, often possess hydrophilic moieties that can also interact with PFASs 

through mechanisms such as hydrogen bonding or divalent cation bridging (Du et al., 2014). 

However, experiments testing the sorption of PFASs on humic acids extracted from soils have 

shown that these hydrophilic contributions are not predominant, thus confirming that 

hydrophobic interactions are the main sorption mechanism (Xiang et al., 2018; Zhao et al., 

2014).  

KMIN values also increased with increasing PFAS chain length, a finding that is 

comparable to the Kd increase reported for the C7–C10 PFAS series on kaolinite clay (Xiao et 

al., 2011). The interaction between the negatively charged kaolinite surface and the negatively 

charged PFAS could be explained by the presence of divalent cations either acting as an 

intermediate bridge in electrostatic interactions (Du et al., 2014), which may explain the 

positive effects of the presence of calcium on the Kd (PFAS) (Higgins and Luthy, 2006), or 

inhibiting the negative repulsions within the electrical double layer of the mineral surface (Xiao 
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et al., 2011). However, spectroscopic studies pointed to ligand exchange and acid/base 

interactions with clay surfaces, being sorption affected by both PFAS hydrophobic chain length 

and functional group (Zhang et al., 2014). In agreement with these findings, recent 

computational studies pointed to a direct coordination of carboxylate and sulfonate groups with 

hydroxyl groups present in the kaolinite surface, thus avoiding hydrophobic domains, and the 

formation of aggregated clusters of PFAS molecules varying in size (Loganathan and Wilson, 

2022). The hydrophobic interactions among PFAS molecules, stabilized with increasing chain 

length, may therefore favour the formation of clusters of PFAS molecules and explain the 

increase in KMIN values with the CF2 of the PFAS. Contrarily, computational studies have 

identified the hydrophobic patches of montmorillonite clay as the primary adsorption domains 

and the stabilization of adsorption enthalpy in the presence of cations (Willemsen and Bourg, 

2021). Nevertheless, further mechanistic insights between negatively charged PFASs and 

different clay minerals are still required.  

Overall, these results suggest that both sorption of the PFASs in the mineral and organic 

phases of the soil become more favourable as the PFAS chain length increases. However, the 

ratio between KOC and KMIN values also increased with increasing PFAS chain length, 

indicating that long-chained PFASs have a higher affinity for the organic phases than mid- and 

short-chained PFASs.  

 

3.3.4. Exploration of the contribution of humic substances in PFASs sorption 

According to the importance of soil OC on the sorption of PFASs in soils, we aimed to 

evaluate the specific contributions of each organic species (humin and humic+fulvic acids) on 

the overall Kd (PFAS). This evaluation was performed in two organic soil samples previously 

tested for PFAS sorption (BRA and KOM) since its humin and humic+fulvic contents have 

been previously characterized (Rigol et al., 1998).  
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Table 3.11 summarize these additional characterizations performed in both BRA and 

KOM soils. Both soils had a similar humic and fulvic acid content (about 50% w/w) but KOM 

soil presented a higher humin content. Fat and waxes contents were negligible (≤ 3%) in both 

soils.  

 

Table 3.11 Additional fat, waxes, humin, humic and fulvic acids characterizations. 

Soil OC  

(%) 

OM  

(%) 

Fats and waxes  

(%) 

Humic+fulvic acids  

(%) 

Humin  

(%) 

Mineral matter 

(%) 

BRA 32 67 2.2 52.9 10.1 34.8 

KOM 41 84 3.1 54.5 21.8 20.7 

 

It has been previously hypothesized in the literature for a peat soil sample that short-

chain PFASs are more prone to sorb in the humic and fulvic fractions of the soil, whereas long-

chained PFASs have a higher sorption affinity to the humin fraction (Campos-Pereira et al., 

2018). In order to confirm this hypothesis, the relative contribution of the humin and 

humic+fulvic acids on the overall sorption were assessed by deriving humin (KHumin, L kg 

humin-1) and humic+fulvic (KHumic+Fulvic, L kg humic + fulvic acids-1) normalized sorption 

coefficients for each PFAS using a two compartment distribution sorption model. This approach 

to derive normalized sorption coefficients has been previously used for PFOS to derive 

normalized sorption coefficients to the OC and silt + clay fractions of the soil (Wang et al., 

2021).  

Due to the organic nature of these peat soils, the relative contribution of the mineral 

phase in sorption is expected to play a minor role (Campos-Pereira et al., 2022; Wang et al., 

2021). Therefore, the organic phase is expected to be the only sorption domain for PFASs, and 

accordingly, Kd in these scenarios may be expressed for each PFAS in each soil as shown in 

Equations 3.14 and 3.15:  
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Kd,BRA = KHumin × fHumin (BRA) + KHumic+Fulvic × fHumic+Fulvic (BRA)                          (3.14) 

Kd, KOM = KHumin × fHumin (KOM) + KHumic+Fulvic × fHumic+Fulvic (KOM)                    (3.15) 

 

where fHumin and fHumic+Fulvic are the humin and humic+fulvic acids fractions, respectively, 

expressed as grams of each fraction per gram of organic matter. Both, KHumin and KHumic+Fulvic 

were deduced for each PFAS by solving the respective system of equations, and results are 

summarized in Table 3.12: 

 

Table 3.12 Derived KHumin and KHumic+Fulvic values for different chain-length PFAS. 

 

 Despite the lack of sorption data of different chain-length PFAS in humic substances, 

the obtained KHumin and KHumic+Fulvics values for PFHxS, PFOA and PFOS were relatively close 

to those reported in a humin sample and humic acid samples extracted from soils (Jia et al., 

2010; Xiang et al., 2018; Zhao et al., 2014; Zhi and Liu, 2018). KHumin and KHumic+Fulvics are 

affected by intrinsic sources of variability, including the chemical nature of each fraction (i.e., 

OC content; amount of functionalities), the experimental conditions used to derive the sorption 

data (i.e., composition of the aqueous solution) and the methodology used to derive such 

coefficients. Whereas KHumin and KHumic+Fulvics normalized sorption coefficients could be 

reliably derived by correlating soil Kd values with its respective varying humin and 

humic+fulvic contents, as well as performing sorption experiments with pure organic isolates, 

 KHumin KHumic+Fulvic 

PFBA 1.1 1.2 

PFBS 2.9 3.0 

PFHxA 12 4.1 

PFHxS 18 17 

PFOA 90 15 

PFOS 191 103 

PFNA 404 126 

PFDoA 8,806 744 
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the lack of soil characterization data in this regard and the limited number of studies evaluating 

sorption of different chain-length PFASs in soil organic components, respectively, hamper this 

analysis. Hence, here we used a two compartment distribution sorption model as an approach 

to preliminary derive KHumin and KHumic+Fulvic values, although a deeper analysis with a higher 

number of soils would be required. The resulting KHumin and KHumic+Fulvic reported in Table 3.12 

were logarithmically correlated with the number of CF2 of the PFAS (Figure 3.4). As with KOC, 

significant linear correlations between both log KHumin and log KHumic+Fulvic with CF2 were 

obtained. This further confirmed that hydrophobic interactions are the main interaction 

mechanisms between PFASs and SOM (Zhao et al., 2014). Besides, Figure 3.4 revealed a 

stronger sorption affinity of mid- (CF2 6 – 9) and long-chained (CF2 > 9) PFAS on the humin 

fraction of the soil, while short-chained (CF2 ≤ 5) PFAS had comparable or even higher sorption 

affinity for the humic and fulvic soil fractions, thus confirming previous hypothesis (Campos 

Pereira et al., 2018). 

 

Figure 3.4 Correlations between log KHumin (orange) and log KHumic+Fulvic (blue) with PFAS CF2. 
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Lastly, we used the relationships between KHumin and log KHumic+Fulvic with CF2 to 

calculate the relative contribution of these fractions on the overall Kd for KOM and BRA soils. 

We selected PFBA, PFOA, PFOS and PFDoA as representatives of short-, mid- and long-

chained PFASs (Figure 3.5). The humin fraction contributed up to 30% for PFBA, and 

increased up to 80% for PFDoA. The contribution of the humin fraction in Kd for KOM soil 

was higher than BRA due to its higher humin content. The relative contribution of different 

humic substances on the overall Kd of different chain-length PFASs may be of interest to better 

assess the influence of the soil OC in the sorption process of PFASs, especially in organic soils.  

 

 

Figure 3.5 Contributions of the humin (orange) and humic + fulvic acids (blue) fractions in 

the overall Kd for PFBA, PFOA, PFOS and PFDoA. 
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3.3.5. Development and validation of a PFASs sorption model in soils 

To develop a parametric model to predict Kd (PFCA) and Kd (PFSA) in soils based only 

on the number of CF2 of PFAS and on a few physicochemical properties of the soil, we used 

the correlations presented in Equation 3.12 and Equation 3.13 as descriptors of the sorption on 

the OC and mineral pool sites, respectively. Based on a multiple regression analysis, Li et al. 

concluded that soil OC, clay content, and pH all have a significant effect on the Kd (PFAS) (Li 

et al., 2018). Similarly, Knight et al. found that OC and the mineral silt and clay fractions 

contributed significantly to the sorption of PFOA in a large number of mineral soils (Knight et 

al., 2019). The silt and clay fractions have also been reported to have a positive effect on the Kd 

of PFOS, PFOA and PFHxS in sediments (Oliver et al., 2020), and a study of PFOA sorption 

on various soil size fractions confirmed that Kd decreases along the sequence: clay > fine silt > 

coarse silt > fine sand > coarse sand (Xiang et al., 2018). Indeed, Wang and co-workers derived 

a silt+clay normalized sorption coefficient using a three-compartment distribution model to 

account for the contribution of the mineral fraction to the overall Kd (Wang et al., 2021).  

Preliminary attempts to model the Kd values of PFASs in soils based only on CF2 and 

OC led to an underestimation of Kd values in mineral soils, thus highlighting that the mineral 

contribution needed to be considered in the modelling. KMIN values were derived in Section 

3.3.2 at fOC = 0 after correlating Kd values derived from soil with their respective fOC, as detailed 

in Equation 3.11. However, to quantify the contribution of the mineral phase on the overall Kd, 

KMIN values needs to be weighted by the amount of mineral fraction (fMIN, expressed as kg of 

mineral phase per kg of soil).  

Therefore, the Kd of PFASs was further modelled from a separate contribution of the 

organic and mineral phases (Kd,ORG and Kd,MIN respectively), regardless of the fOC value:  

 

Kd = KOC fOC + KMIN fMIN  (3.16) 
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According to the above discussion, the mineral phases mainly responsible for PFAS 

sorption are silt and clay. Then, fMIN should be limited to the silt+clay fraction, fS+C, expressed 

as kg of silt+clay per kg of soil, and the KMIN values reported in Table 3.9 could be considered 

as silt+clay normalized sorption coefficients (KS+C, L kg silt+clay-1), leading to the following 

model based on the CF2 of the PFAS and OC, and silt+clay content s: 

 

Kd = KOC fOC + KMIN fS+C = 10(0.41 number of CF2 – 0.70) fOC + 10(0.32 number of CF2 – 1.70) fS+C  (3.17) 

 

We preliminary tested the predictive ability of this model using only the entries from 

our datasets that contained data for both soil OC and textural fractions. The predictive accuracy 

for the model was quite satisfactory both for our experimental data and for the overall dataset 

(see Figure 3.6A and Figure 3.6B, respectively). The model’s RMSE and RPD values when 

tested with the overall data (0.39 and 1.90, respectively) indicated that its quality was 

acceptable. Moreover, the model’s predictive ability increased if the KOC and KMIN values for 

each PFAS, reported in Table 3.9, were used rather than the KOC and KMIN values predicted 

from the correlations with the number of CF2 (log Kd,model = 0.92 (± 0.05) × log Kd,experimental, r
2 

= 0.78, p < 0.001, n = 353). In that case, RMSE and RPD values were 0.37 and 1.94, 

respectively. However, such model cannot be applied to PFASs for which no KOC and KMIN 

data are available.  

Although the inclusion of other soil properties (e.g., the status of divalent metal ions, 

pH, or metal oxide content) could be examined to further improve the established prediction 

model, this would also increase the model’s complexity without enhancing its range of 

application. According to the RPD of the model derived from the  overall dataset (Figure 3.6B), 

and although some scattering of the data was observed, this model is useful to estimate Kd 

values for categorizing scenarios with very low (Kd < 10 L kg-1), medium (Kd of 10 – 1,000 L 

kg-1), and high (Kd > 1,000 L kg-1) sorption. 
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A) 

 

B) 

 

Figure 3.6 Prediction ability of the model for the own (A) and overall (B) datasets. 
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The resulting Kd (PFAS) prediction model (Equation 3.17) was then tested against the 

validation dataset (which gathered data not contemplated for the model construction, see Table 

3.6) and resulted in the following prediction (Figure 3.7): 

 

Figure 3.7 Prediction ability of Equation 12 against the external validation dataset. 

 

 The prediction ability of Equation 3.17 against the external validation data resulted in a 

slope and y-intercept statistically equal to one and zero, respectively, described 86% of the data 

variance and obtained RMSE and RPD values of 0.40 and 2.25, respectively, indicating that the 
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3.3.6. Assessment of the contribution of organic and mineral phases on Kd 

Although OC sites have a higher affinity for PFASs sorption than silt+clay sites (that is, 

KOC is higher than KMIN), the relative amount of OC and mineral sites also influences the total 

Kd (PFAS) in a given soil. Thus, mineral sites may govern PFAS sorption in mineral soils with 

low OC, especially in the case of short and mid-chained PFASs. We therefore used our well-

established prediction model to quantify the actual distribution of PFASs among OC and 

silt+clay sites. The proportional contribution of mineral sites, which we quantified as the 

percentage of Kd,MIN with respect to the overall Kd (% Kd,MIN), was calculated using the Kd 

values predicted from the overall dataset. We specifically evaluated % Kd,MIN for PFBS, PFOA, 

PFOS and PFDoA, which served as representatives of short-, mid-, and long-chained PFASs. 

Results were grouped by soil classes defined by their OC content, as shown in Table 3.13.  

Sorption at OC sites was predominant (% Kd,MIN ≤ 3) for all the PFASs in soils with OC 

> 10%. In soils with a lower OC content, especially < 2%, the contribution of mineral sites (% 

Kd,MIN) varied significantly with the soil and PFAS properties, as the % Kd,MIN values depended 

on the silt+clay content (higher % Kd,MIN for soils with higher silt+clay content). Thus, % Kd,MIN 

increased with the silt+clay content, especially for the soils with OC < 2% and the short-chained 

PFASs. Hence, the model was not only capable of roughly predicting Kd (PFAS) values in soils, 

but also allowed to quantify the contribution of the organic and mineral soil phases to the overall 

Kd. Despite this relatively higher PFASs affinity for mineral sites in low OC soils, we note that 

low OC soils had generally low overall Kd values of PFASs, indicating that in these soils PFASs 

contamination might result in a higher environmental risk. 
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Table 3.13 Contribution of the mineral sorption sites to the overall Kd for different OC-content soils and PFASs. 

 PFBS PFOA PFOS PFDoA 

Soil group (% OC) n Kd % Kd,MIN n Kd % Kd,MIN n Kd % Kd,MIN n Kd % Kd,MIN 

< 2 8 0.07-0.8 20-95 119 0.5-15 3 - 93 44 1.8-48 3 - 90 2 156-422 12 - 13 

2 – 10 4 0.8-2.4 18-37 28 0.9-20 3 - 43 23 14-110 3 - 37 3 407-738 3 – 7  

> 10 4 1.5-6.8 ≤ 3 6 27-41 < 3 6 144-295 < 3 4 1,300-3,080 < 3 
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3.4. Conclusions 

The results presented in this chapter confirm that the overall sorption behaviour of 

PFASs in soils of varying OC content increase with increasing both soil OC content and PFAS 

chain length, being this sorption more irreversible for long-chained PFASs. Short-chain PFASs 

are more likely to sorb in the humic and fulvic fractions of the soil, whereas mid- and long 

chained PFASs have a higher affinity for the humin fraction. Sorption in mineral phases also 

contribute to the sorption process, being important to explain the low Kd values observed for 

PFASs in mineral soils. Hence, these Kd values of PFASs in soils can be estimated by modelling 

the relative sorption at OC and mineral sites for each PFAS specie. The validation of the model 

ensured that it is able to predict, with acceptable accuracy, scenarios from very low to high 

sorption of target PFCAs and PFSAs (with a total number of fluorinated carbons ranging from 

3 to 11), based on only a few physicochemical properties of the soil (OC and silt+clay content) 

and the number of fluorinated carbons of the target PFAS. This information may be relevant 

for an early evaluation of the potential PFAS mobility after a contamination event. Although 

soil OC content is the main parameter governing PFASs sorption, the relative contribution of 

the sorption at mineral sites can be significant when short-chained PFASs are sorbed in soils 

with low OC and high silt+clay content. However, the associated Kd (PFAS) for these scenarios 

are generally very low, and therefore a high related PFAS mobility is expected, and remediation 

actions might be required.  
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4.1. Introduction 

PFASs, such PFCAs and PFSAs, have gained attention in recent years due to their high 

persistence in the environment, their bioaccumulation, and their toxicity. PFASs have been 

widely used for more than 50 years in industrial applications such as fire-fighting foams, inks, 

lubricants, surfactants, and oil and water repellents for leather, paper and textile goods. Their 

strong C-F bonds contribute to their high resistance to thermal, biological and photolytic 

degradation, and they are found in a range of environmental matrices (Prevedouros et al., 2006).  

PFASs have been detected at levels up to several mg kg-1 and μg L-1 in soils and 

freshwater environments respectively (Brusseau et al., 2020; Colomer-Vidal et al., 2022). They 

can be transferred from soil to plants through root uptake and bioaccumulate in these organisms 

(Lesmeister et al., 2020). PFASs can also reach groundwater by soil run-off (Gellrich et al., 

2012). Hence, remediation techniques to decrease PFASs mobility in the environment are of 

attracting increasing attention. In this regard, activated carbon has been shown to be an effective 

sorbent for PFASs removal from residual waters (Ochoa-Herrera and Sierra-Alvarez, 2008; 

Qian et al., 2017), and is occasionally tested in the laboratory to remediate contaminated soils 

(Kupryianchyk et al., 2016). Biochars are a sustainable alternative to activated carbon, given 

their similar sorption properties towards organic pollutants (Ahmad et al., 2014), and they may 

be considered a cost-effective alternative for soil remediation (Silvani et al., 2019; Askeland et 

al., 2020; Sørmo et al., 2021). Additionally, other organic by-products such as charcoal-based 

materials rejected by the steel industry and compost have been reported to be capable of sorbing 

PFASs (Sörengård et al., 2020). 

It has been suggested that sorbent properties such as SSA and surface chemistry may 

play important roles in PFASs sorption in activated carbons (Saeidi et al., 2020a). Furthermore, 

PFASs sorption generally increases with greater fluorinated chain length (Sörengård et al., 

2020). Other factors such as pH, ionic strength and DOC levels can also modify sorption in 
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activated carbons (Saeidi et al., 2020a; Xiao et al., 2017; Yu et al., 2012). However, new 

systematic studies are required to evaluate the role of different factors governing PFASs 

sorption in biochars of contrasted properties, as well as to obtain sorption parameters for PFASs 

with different chain lengths in other carbon-rich materials such as compost and charcoal fines. 

The current literature on PFASs sorption by carbon-rich materials mainly focuses on the 

evaluation of the maximum loading capacities of the materials, aiming to determine their 

efficiency in the context of wastewater remediation (Zhang et al., 2020). The estimation of Kd 

may be a suitable parameter to assess the sorption affinity of PFASs for a given material, 

helping to assess its potential remediation effectiveness. However, descriptions in the literature 

of Kd prediction models for PFASs sorption by these carbon-rich sorbents are scarce. 

The aim of this chapter is to evaluate the sorption kinetics, sorption isotherms and the 

effects of pH, calcium concentration and DOC content on PFASs sorption by several carbon-

rich materials eligible to be used for remediation purposes (including biochars, compost, 

charcoal fines and activated carbon) in order to assess its sorption affinity for PFASs. These 

effects will be evaluated for PFOS as PFAS-representative, and additionally, Kd values for 

PFCAs and PFSAs that contain fluorinated carbons ranging from 4 to 11 will be derived in a 

set of ten carbon-rich materials. The key sorbent properties affecting PFASs sorption will be 

identified by principal component analysis (PCA), which will set the basis to develop a 

multivariate linear Kd prediction model. The model will be based on robust stepwise multiple 

linear regression and will be validated using external sorption data gathered from the literature. 

The developed model may help to identify the most promising carbon-rich materials for the 

remediation of areas contaminated with PFASs. 
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4.2. Materials and methods 

4.2.1. Reagents and standards 

Milli-Q double deionized water (18.2 MΩ cm-1) was obtained from a water purification 

system (USF PureLaB Plus, Spain).  HPLC-grade ACN (≥ 99.9%) as well as extra pure 

sodium azide (≥ 99.0%) and calcium chloride dihydrate (99%) were purchased from Merck 

(Germany), while ammonium acetate (96%) was obtained from Panreac (Spain). Analytical 

standards of PFHxA (97%), PFOA (96%), PFNA; (97%), PFDoA (95%) and PFHxS (98%) 

were obtained from Sigma-Aldrich (Germany). Analytical standards of PFBS (98%) and PFOS 

(95%) were purchased from Fluka (Austria). The physicochemical properties of the PFASs, 

including those PFASs used to test the developed model, are summarized in Table 1.1.  

Individual PFAS stock solutions of 1 g L-1 were prepared in ACN, while the working 

solutions for the sorption experiments were prepared by the dilution of the stock standards in 

acetonitrile. Isotopically labelled standard solutions of MPFOS and MPFOA, both at 

concentrations of 50 g mL-1 in MeOH, were purchased from Wellington Laboratories 

(Canada). Working standard solutions of both MPFOS and MPFOA were prepared at 500 ng 

mL-1 of each PFAS in ACN. All solutions were stored at 5°C in glass vials with polyethylene 

caps (Sigma-Aldrich, Germany). 

Based on the pKa values reported in Table 1.1, all the PFASs were expected to be in 

their anionic form in the experimental conditions of the sorption tests. The PFASs chain length 

in this study refers to the total number of fluorinated carbons in the alkyl chain (CF2), including 

the final –CF3 moiety.  
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4.2.2. Materials and characterization 

Six biochar, one coal fines, one compost and two activated carbon samples were 

examined. Biochar obtained from tree barks (TB) was provided by a wine factory after 

pyrolyzing the feedstock under a nitrogen atmosphere at 400ºC for 3 hours, while biochars from 

crop eucalyptus (CE), sugarcane bagasse (SB), castor meal (CM), pericarp of coconut (PC) and 

water hyacinth (WH) were obtained after pyrolyzing each feedstock at 350ºC for 70 minutes as 

described elsewhere (Doumer et al., 2015). The coal fines (CF) sample was provided by a 

Brazilian metallurgical company, while municipal organic waste (MOW) compost was 

provided by a waste management treatment plant in Barcelona (Spain). The initial carbon-rich 

bulk samples of a few kg were sieved at < 2 mm. The sample mass was homogenized and 

representatively reduced using riffle splitters before sorption tests. Two granular activated 

charcoal, GAC (C2889) and NGAC (Norit® 1240W), were purchased from Sigma-Aldrich 

(Steinheim, Germany). These materials were tested without any further treatment.  

Total carbon (%TC), nitrogen (%TN), hydrogen (%TH), sulphur (%TS) and oxygen 

(%TO) contents were determined all by elemental analysis (EA-1108 C.E Instruments, Thermo 

Fisher Scientific). The pH of the materials was measured in a 40 g L-1 0.01 M CaCl2 suspension 

after being equilibrated during 48 hours. Total organic carbon content (%CORG) was also 

determined by elemental analysis with previous acidification with 2.0 mol L-1 HCl. The pHZPC 

was determined adding one gram of material in a 80 mL PP centrifuge tube containing 40 mL 

of a 0.01 M NaCl solution adjusted at pH ranging 2 – 12 using 0.5 N NaOH and 0.5 N HCl. 

The final pH was recorded after shaking the tubes for 24 hours and the differences between the 

initial and final pH were used to determine pHZPC (Yu et al., 2009). Ash content was determined 

after calcination of the samples at 750ºC during 4 hours (ASTM D3174-02).  
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CEC was determined by the barium exchange method at material initial pH (UNE-EN 

ISO 11260:2018). Water soluble cations and anions were extracted using a 40 g L-1 Milli-Q 

water suspension and analysed by inductively coupled plasma – optical emission spectrometry 

(ICP-OES, Perkin Elmer, Optima 3200RL) and anionic chromatography (Jasco 2000 Plus), 

respectively. Detection wavelength (nm) and LOQ (mg L-1) for the selected metals were: 590 

nm / 0.5 mg L-1 for Na; 766 nm / 0.5 mg L-1 for K; 279 nm / 0.05 mg L-1 for Mg and 318 nm / 

0.05 mg L-1 for Ca. Anionic chromatography was performed using a IC-Pak™ Anion HR (4.6 

x 75 mm) column and a gluconate-borate mobile phase at a flow rate of 0.8 mL min-1. Particle 

size distribution was determined by laser diffraction (Beakman Coulter LS 13320) using the 

dry method, while SSA and average pore width were determined by nitrogen adsorption 

(TriStar 3000, Micromeritics) using the BET method. DOC content of the blank supernatants 

was measured using a DOC analyser (Analytic Jena Multi N/C 3100) with previous 

acidification to pH 2.0 using HCl. The UV-Vis spectra of the blank supernatants was recorded 

(Varian Cary 100) using a 1 cm optical cell, and the specific ultraviolet absorbance at 254 nm 

(SUVA254), which has been related to the degree of aromaticity of the DOC, was calculated for 

those materials with DOC contents above 20 mg L-1 according to elsewhere (Weishaar et al., 

2003). FTIR spectra of the materials was obtained by solid KBr dilution (Thermo Nicolet 5700). 

The surface morphology of the solid particles was examined by scanning electron microscopy 

(SEM, JEOL JSM 7001F) at 15 kV. 

. 

4.2.3. Sorption experiments 

Two biochars (TB and CE), a compost sample (MOW) and a charcoal fines sample (CF) 

were selected to assess PFAS sorption kinetics, sorption isotherms and the effects of pH, 

calcium concentration and DOC content on sorption. TB and CE were selected due to their 

different physicochemical properties compared to other reported biochars (Fagbayigbo et al., 
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2017; Guo et al., 2017), whereas the evaluation of compost and charcoal fines has been barely 

studied in the literature. Additionally, the activated charcoal sample NGAC was used for 

comparison purposes of the sorption isotherms obtained by the other selected materials. PFOS 

was selected as the PFAS-representative. Once the equilibration time and initial concentrations 

were optimized, sorption experiments of seven PFASs were performed in the 10 carbon-rich 

materials. 

To run all the sorption experiments (OECD, 2000), one gram of dried material was 

introduced into 80-mL PP centrifuge tubes before the addition of 25 mL of a 1 g L-1 NaN3 

solution (pH 7.7 unless specified otherwise). The resulting suspension was shaken in an end-

over-end shaker at 30 rpm and room temperature (18-20ºC) for 24 h to obtain a pre-equilibrium 

state between the solid material and the solution. Selected volumes of individual PFAS working 

solutions were then added to the suspensions to achieve a given initial concentration. All 

experiments were run in triplicate.   

For the sorption kinetics, PFOS was spiked at 400 ng mL-1, while the initial 

concentrations for PFOS sorption isotherms ranged from 10 to 600 ng mL-1 for TB, CE, MOW 

and CF, and 500 to 10,000 ng mL-1 for NGAC, as higher sorption coefficients were expected 

for NGAC. The pH of all the resulting experiments did not differ (± 0.2) from the initial sample 

pH. For the evaluation of the effects of pH and calcium concentration, specific contact solutions 

were adjusted according to previous acid/base tests using 0.5 N HCl and 0.5 N NaOH to achieve 

a final suspension pH of 5, 7 or 11 after the pre-equilibration step, with the final volume being 

25 mL. For each pH, several compositions of the contact solutions were tested. These solutions 

contained NaN3 at 1 g L-1 and calcium at a natural concentration, 10 mM or 100 mM. The 

suspensions were spiked with 400 ng mL-1 of PFOS after the pre-equilibration step, and the 

DOC content in the supernatants of these experiments was also monitored. 
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For the remaining PFASs, sorption experiments were conducted to derive Kd values at 

a single spiking concentration (Table 4.1). In view of the results from the PFOS sorption 

isotherms in the five representative materials, it was assumed that the derived Kd values were 

within the linear range of PFAS sorption. In all the experiments, after each individual PFAS 

spike, tubes were shaken at 30 rpm for 48 hours and centrifuged for 30 min at 4ºC and 7,800 g 

(AJ2-HS, Beckman Coulter, USA). After centrifugation, the supernatants were removed using 

a plastic syringe, passed through 0.45 µm filters and stored at 4ºC in glass vials until analysis.  

 

Table 4.1 PFASs initial concentrations (ng mL-1) for the batch experiments.  

Material PFBS PFHxA PFHxS PFOA PFNA PFOS PFDoA 

TB 100 100 100 100 400 N.A. 500 

CE 100 100 100 100 400 N.A. 500 

SB 100 100 100 100 400 400 500 

WH 100 100 100 100 400 400 500 

CM 100 100 100 100 400 400 500 

PC 100 100 100 100 400 400 500 

MOW 100 100 100 100 400 N.A. 500 

CF 100 100 100 100 400 N.A. 500 

GAC 2,000 2,000 2,500 2,500 4,500 4,500 5,000 

NGAC 2,000 2,000 2,500 2,500 4,000 N.A. 5,000 

N.A.: Non Analysed (Kd data was derived from the isotherm experiments) 

 

4.2.4. Quality control 

The %RSD between the replicates was generally lower than 15%, and up to 30% in few 

worst-case scenarios. Quality control of the analyses included blank samples that were tested 

using the same procedure described in 4.2.3, but without PFAS spiking, to test for the presence 
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of PFAS in the samples. In addition, aqueous control samples with a PFAS concentration 

representative of the tested concentration range were assayed to quantify PFAS losses during 

the experimental stages of the batch test. Results from the analyses of the blanks showed that 

no PFAS were present in the samples prior to the analysis. Regarding the aqueous control 

samples, negligible losses were observed for all the PFAS, except for PFDoA, of which only 

40% was recovered, and results were corrected accordingly. 

 

4.2.5. PFASs analysis by HPLC-MS/MS 

To quantify the PFASs after the sorption experiments, a 750-µL aliquot of the 

supernatant was transferred to a 2-mL chromatography vial. 10 µL of the MPFOS and MPFOA 

internal standard working solution and 240 µL of ACN were added to the vial to obtain a final 

volume of 1 mL. The PFASs were subsequently analysed by HPLC-MS/MS. Details about the 

chromatography methods can be found Section 3.2.5 of this thesis.  

 

4.2.6. Data treatment 

The Kd (mL g-1), was calculated as the ratio of the concentration of the target PFAS 

sorbed into the solid phase, CS (ng g-1), to the concentration in the aqueous phase at equilibrium, 

Ceq (ng mL-1): 

Kd = 
CS

Ceq

 (4.1) 

Ceq values were directly determined by HPLC-MS/MS, whereas CS was calculated with the 

following equation: 

 

CS = 
(C

in
- Ceq)·V

m
 (4.2) 
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where Cin (ng mL-1) corresponds to the initial concentration of PFAS added to the suspension, 

V (mL) is the volume of solution and m (g) refers to the dry mass of the material. The sorption 

percentage, S (%), was calculated as follows: 

S (%) = 
(Cin −  Ceq)

Cin

·100 
(4.3) 

The kinetic data were fitted to the PSOM equation: 

t

CS,t
=  

1

K2 CS,eq
2 +  

t

CS,eq
=  

1

V0
+  

t

CS,eq
 

(4.4)  

 

where CS,t (ng g-1) is the sorbed concentration at time t (h), K2 (g ng-1 h-1) is the PSOM rate 

constant, CS,eq (ng g-1) is the sorbed concentration at equilibrium and V0 is the initial sorption 

rate (ng g-1 h-1) (Yu et al., 2009).  

 The isotherm data was fitted to the Linear (Equation 4.1) and Freundlich (Equation 4.5) 

model. This last model considers a parameter (KF, (mg kg-1) / (mg L-1) N ) related to the affinity 

of the sorbate-sorbent interaction and a dimensionless parameter, N, related to the heterogeneity 

of sorption sites. For N = 1, the model assumes that the sorbent has a sufficient amount of 

equally-affine sorption sites able to bind the sorbate, and therefore, Equation 4.5 equals to 

Equation 4.1 and KF equals to Kd (Limousin et al., 2007). 

CS =  KF (Ceq) N  (4.5) 

Both the kinetic and isotherm data were fitted using the least-squares method (cftoolbox, 

Matlab® R2009a (MathWorks Inc., USA)). Fisher’s least significant difference (FLSD) test 

was run, using Statgraphics Centurion 18.1.14 (Statgraphics Technologies, USA) and log10-

transformed data. To identify the key sorbent properties affecting PFAS sorption, a principal 

component analysis (PCA) was performed (PLS Toolbox 703, Matlab® R2009a (MathWorks 

Inc., USA)) after autoscaling and performing a log10 transformation of the data (with the 

exception of pH, pHZPC and log KOW).  
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4.2.7. Model construction 

The Kd prediction model was constructed using a calibration set based on our 70 own 

experimental Kd data in addition to 15 additional literature entries (Deng et al., 2015; Xiao et 

al., 2017; Siriwardena et al., 2019) selected to enlarge the range values of the relevant properties 

used as model variables. These additional entries also permitted to obtain a better distribution 

of the Kd values along the calibration set, regardless the type of material. Additional data 

gathered from the literature was used as a validation set (Table 4.2). The acceptance criteria 

for including literature data were: (i) data must originate from batch experiments with PFAS 

and carbon-rich sorbents with experimental conditions similar to OECD 106 test (OECD, 

2000); (ii) tested materials should be similar to those used in our work, such as biochars or 

activated carbons, but excluding data derived from studies using modified/doped materials or 

material mixtures (i.e., soil + biochar); (iii) the characterization data of the sorbents must be 

available; (iv) the Kd values for the PFAS should be reported or be derivable from the 

information reported in the study, resulting in Kd values within the linear sorption range.  

Contrarily to soils, in which linear and Freundlich-type isotherms (reporting Kd values 

within the linear sorption range) for PFASs are commonly observed, many sorption studies in 

carbon-rich materials aims to identify the maximum sorption capacity of the sorbents, and thus 

the sorption isotherm reaches a plateau, being well described by the Langmuir equation. 

However, Kd values within the linear range of the sorption isotherms in these cases are barely 

reported. Hence, in this study we had to derive Kd values from the literature using other reported 

sorption data such as Langmuir, Freundlich, kinetic and sorption percentage parameters.  

Kd values in this section were mostly derived from reported Langmuir parameters. Kd 

values derived from non-linear isotherms are concentration-dependent, thus hampering the 

selection of a given concentration to derive a Kd value representative of the linear range of the 

sorption isotherm. 
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Table 4.2 List of references used to build up the validation dataset 

Material information (number of samples) Target PFAS Number of entries Reference 

Activated Carbons    

Synthetic magnetic Activated Carbon (1) PFCA: PFOA; PFSA: PFBS, PFHxS, PFOS 4 Meng et al., 2019 

Commercial Activated Carbon (Filtrasorb 300 *) (1) PFSA: PFOS 1 Steigerwald and Ray, 2021 

Commercial Activated Carbon (Filtrasorb 400 **) (1) PFCA: PFOA; PFSA: PFOS 2 Yao et al., 2014 

Commercial Activated Carbon (Filtrasorb 400 **) (1) PFCA: PFPeA, PFHpA, PFOA  

PFSA: PFPeS, PFHxS, PFHpS, PFOS 

7 Yan et al., 2020 

 

Commercial Activated Carbon (Filtrasorb 400 **) (1) PFSA: PFOS 1 Senevirathna et al., 2010 

Commercial Activated Carbon (Filtrasorb 400 **) (1) PFCA: PFOA; PFSA: PFBS, PFOS 3 Ochoa-Herrera et al., 2008 

Commercial Activated Carbon (Filtrasorb 400 **) (1) PFSA: PFBS, PFOS 2 Carter and Farrell, 2010 

Commercial Activated Carbon (NORIT ® 1240W ***) (1) PFCA: PFBA, PFPeA, PFHxA, PFHpA, PFOA, PFNA 

PFSA: PFBS, PFHxS 

8 Stebel et al., 2019 

Commercial Activated Carbon (NORIT ® 830) (1) PFCA: PFBA 1 Inyang and Dickenson, 2017 

Biochars    

Biochars derived from maize straw and willow sawdust (2) PFSA: PFOS 2 Chen et al., 2011 

Biochars derived from different feedstocks (3) PFCA: PFBA, PFOA 6 Inyang and Dickenson, 2017 

Biochars derived from Spend Coffee Grounds and Mountain 

Crest Gardens (2) 

PFSA: PFOS 2 Steigerwald and Ray, 2021 

Commercial hardwood biochar (1) PFCA: PFOA; PFSA: PFOS 2 Zhi and Liu, 2018 

Bamboo-derived biochar (1) PFCA: PFHxA, PFHpA, PFOA 3 Du et al., 2015 

*  additional characterization data from Ulrich et al. (2015); ** additional characterization data from Morlay et al. (2012); *** characterization data derived from this study. 
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Nonetheless, a concentration independent Kd value may be derived from Langmuir 

parameters as the product of KL (indicative of the affinity of the sorbate for the sorption sites) 

and CS,MAX (indicative of the quantity of sorption sites), as shown in Equation 4.6, as a result 

of forcing the sorption isotherm at very low Ceq levels, in which the sorption isotherm is 

assumed to behave linearly.  

lim
Ce→0

Kd =  
CS

Ceq
=  

KL CS,MAX Ceq

1 + (KL Ceq)

Ceq
=  KL CS,MAX 

 

(4.6) 

A few data was also derived from reported Freundlich (Equation 4.5) parameters. 

Deriving Kd values from Freundlich parameters at very low environmental concentrations could 

in some cases lead to anomaly high Kd values for isotherms with N < 1 coefficients, as Kd in 

these scenarios tends to infinitive when lowering Ceq. In the cases in which Kd values needed 

to be derived from reported Freundlich isotherms, expert judgment was applied to select a given 

aqueous concentration that felt within the linear range of the reported sorption isotherm.  

Additionally, a few Kd data was derived from reported kinetic and sorption percentages 

data. One of the fitted parameters in the PSOM (Equation 4.4) is the maximum sorption 

(CS,PSOM) at a given initial concentration at equilibrium. With the reported solid-to-solution 

ratio, CS,PSOM values may be expressed with respect to the liquid phase, allowing the calculation 

of Ceq by mass balance with Cin. With CS,PSOM and Ceq, a Kd value can be calculated. Similarly, 

Kd values can be derived from reported sorption percentages (Equation 4.3, sometimes also 

referred as removal rates). Using the reported percentage and the given Cin, Ceq values can be 

derived, and with the given solid-to-solution ratio, Cs values referred to the solid phase can be 

calculated by mass balance. With Ceq and CS, a given Kd value can be derived. In either cases 

is then dependent on further experimental evidences or expert judgement the quality acceptance 

of the derived Kd (i.e., felts within the linear range of the sorption isotherm) to be included in 

the database. 



CHAPTER IV: SORPTION OF PFASs IN CARBON-RICH MATERIALS 
__________________________________________________________________________________ 

183 

 

The model was constructed by stepwise multiple linear regressions (SMLR), and the 

least squares of the regressions were iteratively weighted with a bisquare weighting function to 

avoid the potential skewness provoked by data in the calibration set. Once the model was built 

up, it was tested against the validation dataset. This included the sorption Kd data from biochars 

and activated carbon for both PFCA and PFSA with a fluorinated alkyl chain number ranging 

from 3 to 8. The total number of accepted entries of the validation set was 44 (15 for biochars 

and 29 for activated carbons).  

To evaluate the predictive accuracy of the model, RMSE and RPD values were 

calculated as: 

RMSE = √
 ∑  (log Kd,measured,i - log Kd,predicted,i)

2n
i=1

N
 

 

(4.7) 

where log Kd,measured and log Kd,predicted are the measured and predicted log Kd values, 

respectively, i is the entry being tested and N is the total number of entries included in the 

model. The RPD was calculated as:  

RPD = 
SD

RMSE
 

(4.8) 

where SD is the standard deviation of the original log Kd,measured data. RPD values therefore 

relate the variability of the original data to the variability of the prediction errors, and are 

indicative of the quality of the model. Despite RPD thresholds are subjective and dependent on 

imposed quality requirements, usually RPD values < 1.5 are considered as models with poor 

prediction ability; RPD values ranging from 1.5 to 2.0 are considered as models with acceptable 

prediction ability; RPD values ranging from 2.0 to 3.0 are considered as models with good 

prediction ability, and RPD values > 3.0 are considered as models with excellent prediction 

ability (Knight et al., 2019). 



CHAPTER IV: SORPTION OF PFASs IN CARBON-RICH MATERIALS 
__________________________________________________________________________________ 

184 

 

4.3. Results and discussion 

4.3.1. Physicochemical properties of the samples 

The main physicochemical properties of the materials are summarized in Table 4.3. The 

%TC of the biochars ranged from 27 to 80%, and the presence of inorganic carbon species was 

minor (< 7%) according to the differences between %CORG and %TC. Total nitrogen and 

hydrogen content ranged 0.47 – 7.0% and 2.2 – 4.4%, respectively, and the presence of sulphur 

was minor (< 0.5%) in all materials. The CORG differed among the biochars obtained under the 

same pyrolysis conditions likely due to differences in the feedstocks (Doumer et al., 2015). The 

CORG/O molar ratio of the biochar and compost samples ranged from 1.3 to 8.6 and correlated 

well (r2 = 0.91, p < 0.001, n = 7) with the percentages of aromatic carbon revealed by 13C 

nuclear magnetic resonance (13C-NMR, Doumer et al., 2016; Venegas et al., 2015) and 

therefore, this parameter was chosen as an indicator of the aromaticity of the material. The 

median particle size distribution of the samples ranged from 40 to 1,010 µm (see Figure 4.1). 

With the exception of TB, the SSA of the biochars was ≤ 3 m2 g-1, with average pore width 250 

– 4,800 Å. By contrast, the commercial GAC and NGAC samples presented both developed 

porosity and a high SSA, reaching SSA values up to 1,000 m2 g-1, and with pore widths ranging 

20 – 30 Å. Despite the low SSA of some of these sorbent materials, SEM images revealed a 

relatively well-developed porous structure (see Figure 4.2).  

CEC of the materials ranged 4.7 – 63 cmolc kg-1. The pH and pHZPC of the samples 

ranged from 6 to 10 and from 5 to 11, respectively. Since pHZPC is defined as the pH at which 

the material presents a net neutral charge, positively-charged surfaces may be expected for 

pHZPC > pH, whereas negatively-charged surfaces may be expected for pHZPC < pH. Therefore, 

the difference between pHZPC and pH was considered a qualitative indicator of the overall bulk 

net surface charge. Ash contents ranged 4 – 15% for most materials, although increased up to 

35% for WH, MOW and CF. The main water-soluble cation and anion levels in the blank 
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samples are reported in Table 4.4 and their sum ranged 0.2 – 12 and 0.1 – 14 meq L-1, 

respectively, with the exception of WH, that presented higher water-soluble cations and anions 

levels. With the exception of TB, the DOC content of the biochars was relatively high (> 100 

mg L-1). The SUVA254 of the biochars ranged 1.0 – 3.8 L mg-1 m-1, which was within the range 

of other values reported elsewhere for biochars pyrolyzed at < 400 ºC (Jamieson et al., 2014). 

The aromaticity of these DOC species, roughly calculated according to elsewhere (Weishaar et 

al., 2003), ranged 12 – 30% and indicated a fulvic acid-like structure, although it increased up 

to 40% for the compost sample. These high DOC contents, which may be attributed to the 

presence of unpyrolyzed carbon species, were confirmed by the FTIR bands at 2,860 and 2,930 

cm-1 (see Figure 4.3) that were related to symmetric and asymmetric aliphatic C – H  stretch 

vibrations, respectively. The 800 – 2,000 cm-1 region of the FTIR spectra for the biochar 

samples agreed with the pattern observed for a woody powder sample with different lignin, 

cellulose and hemicellulose contents (Horikawa et al., 2019), while MOW spectra, that did not 

present this pattern, was similar to the FTIR spectra reported for a municipal solid waste 

compost (Carballo et al., 2008). 
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Table 4.3 Main physicochemical properties of the sorbent materials. 

 

 TB CE SB WH CM PC MOW CF GAC NGAC 

Solid phase           

TC (%) 80 70 65 45 55 65 27 50 76 79 

CORG (%) 77 65 60 43 55 63 27 43 73 79 

TN (%) 0.65 0.57 0.60 4.0 7.0 1.0 1.8 1.4 0.47 0.38 

TH (%) 2.2 4.0 4.4 3.3 5.4 4.0 2.9 2.3 0.59 0.49 

TS (%) <0.10 <0.10 <0.10 0.25 <0.10 <0.10 0.47 <0.10 0.17 0.45 

TO (%) 12 26 22 25 22 24 27 21 8.5 2.3 

CORG/O  

molar ratio 

8.6 3.3 3.6 2.3 3.3 3.5 1.3 2.7 12 46 

pH 8.9 7.2 6.0 9.2 7.3 8.9 8.3 8.0 10.1 8.7 

pHZPC 9.3 6.3 5.2 9.1 6.4 5.7 9.3 7.5 10.4 10.9 

(pHZPC – pH) 0.4 -0.9 -0.8 0.1 -0.9 -3.2 -1.0 -0.5 0.3 2.2 

Ash (%) 4.0 4.5 5.0 31 11 5.5 35 24 6.6 14 

CEC (cmolc kg-1) 4.7 9.6 5.2 48 10 10 51 63 17 4.5 

Median particle  

size (µm) 

40 378 226 87 482 381 1010 386 N.A. 1135 

SSA (m2 g-1) 162 0.61 1.3 3.0 0.06 0.97 9.2 7.3 580 964 

Pore width (Ǻ) N.Q. 334 246 4771 290 2203 346 300 28 22 

Liquid phase           

DOC (mg L-1) 8.4 185 122 827 832 125 134 13 2.7 1.9 

SUVA254 N.Q. 2.4 1.2 3.8 1.6 1.0 5.4 N.Q. N.Q. N.Q. 

∑ Soluble anions  

(meq L-1) 

0.89 3.9 0.10 60 3.6 14 11 2.2 2.2 0.10 

∑ Soluble cations  

(meq L-1) 

1.5 3.6 1.2 70 5.8 8.4 12 2.3 3.6 0.20 

N.A.: not analysed; N.Q.: not quantifiable. 
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Figure 4.1 Particle size distribution of the sorbent materials. 
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Figure 4.2 SEM images of the sorbent materials. 

 

 



CHAPTER IV: SORPTION OF PFASs IN CARBON-RICH MATERIALS 
__________________________________________________________________________________ 

189 

 

Table 4.4 Water soluble cations and anions of the sorbents. 

 TB CE SB WH CM PC MOW CF GAC NGAC 

Soluble cations           

Ca (meq L-1) 0.90 0.79 0.33 2.2 1.4 0.06 1.6 0.34 1.0 0.14 

Mg (meq L-1) 0.22 1.8 0.38 25 2.0 0.35 1.8 0.31 1.6 0.02 

K (meq L-1) 0.33 0.76 0.47 31 2.3 5.3 3.0 1.6 0.68 0.01 

Na (meq L-1) 0.07 0.26 0.04 12 0.06 2.7 5.7 0.05 0.29 0.03 

Soluble anions           

Cl (meq L-1) 0.20 1.4 0.07 58 0.85 12 8.8 0.31 0.33 0.05 

SO4 (meq L-1) 0.25 2.3 0.03 1.8 1.1 0.08 1.8 0.22 1.9 0.04 

NO3 (meq L-1) 0.41 0.17 N.D. N.D. N.D. N.D. 0.25 1.7 0.02 0.01 

PO4 (meq L-1) 0.03 N.D. N.D. N.D. 1.6 1.6 0.19 N.D. 0.01 N.D. 

N.D.: not detected  

 

Figure 4.3 FTIR spectra of the sorbent materials. 
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4.3.2. Effect of equilibration time on PFOS sorption 

The evaluation of the sorption kinetics of PFOS in the four tested materials revealed that 

equilibrium was reached within the first 12 – 24 hours (see Figure 4.4), except for MOW, 

which required longer times. Thus, sorption experiments were carried out during 48 hours, in 

agreement with previous kinetic studies evaluating PFOS sorption in biochars with contrasting 

properties (Guo et al., 2017). The kinetic data were fitted to a PSOM, obtaining Pearson 

correlation coefficients close to one (Table 4.5). The PSOM results confirmed that PFOS 

sorption was faster in biochars than in compost and charcoal fines, although MOW showed a 

stronger affinity at longer times than the biochar CE. It has been hypothesized that in activated 

carbons particle size is one of the major factors controlling kinetic adsorption rates (Zhi and 

Liu, 2015). The V0 values obtained followed the trend: TB > CE > CF > MOW, which were 

roughly negatively correlated with the material median particle size. This may confirm that 

sorption rates increase with decreasing particle size, and therefore, that materials with smaller 

particle size could be better candidates for remediation purposes. 

 

Figure 4.4 Sorption kinetics of PFOS in TB, CE, MOW and CF. Solid lines indicate the 

PSOM fitting. 
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Table 4.5 PSOM kinetic fitting results for PFOS sorption in materials TB, CE, MOW and CF.  

Material  CS,eq  (ng g-1) V0 (ng g-1 h-1) K2 (g ng-1 h-1) r2 

TB 9.9 ·103 1.6 ·105 1.6 ·10-3 0.999 

CE 7.4 ·103 1.1 ·105 2.0 ·10-3 0.999 

MOW 8.4 ·103 7.7 ·103 0.11 ·10-3 0.998 

CF 6.6 ·103 1.0 ·104 0.24 ·10-3 0.998 

CS,eq = sorbed concentration at equilibrium; V0 = initial PSOM rate constant; K2 = PSOM rate constant 

 

4.3.3. Effect of initial concentration on PFOS sorption 

 Sorption isotherm plots (CS vs. Ceq plots) were constructed to evaluate the effect of the 

initial PFOS concentration on Kd (see Figure 4.5). Whereas previous reports have indicated 

saturated PFOS sorption in biochar and activated carbon samples at mg L-1 levels (Guo et al., 

2017; Ochoa-Herrera and Sierra-Alvarez, 2008), and also close-to-linear isotherms for PFOS 

on activated carbon (Zhang et al., 2016), linear sorption isotherms were obtained under our 

experimental conditions (r2 > 0.98) for all the tested materials (see Table 4.6). The linearity of 

the isotherms was further confirmed after obtaining Freundlich N parameters statistically equal 

to one. This could be attributed to both the higher solid-to-solution ratio (40 g L-1) and the lower 

initial PFOS concentration used in our experiments, providing a sufficient amount of sorption 

sites for the PFAS and, thus, ensuring a linear sorption pattern. 
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A) 

 

B) 

 

 

Figure 4.5  Sorption isotherms of PFOS in the materials TB, CE, MOW and CF (A); Sorption isotherms of PFOS in the material NGAC (B); 

Solid lines indicate the linear fitting .  
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Table 4.6 PFOS sorption parameters (± 95% confidence interval) derived from the linear and 

Freundlich fitting of the sorption isotherms.  

 

 

4.3.4. Effects of pH, Ca concentration and DOC content on PFOS sorption 

The sorption percentages of PFOS under different experimental conditions are shown 

in Figure 4.6. For a given Ca concentration, PFOS sorption generally decreased with increasing 

pH, in agreement with previous findings (Saeidi et al., 2020a). This may be partly due to the 

increasing number of repulsions between the negatively-charged surface and PFOS at 

increasing pH values. This decrease was more significant between pH 5 and pH 7 for the CE 

and CF materials, which had the lowest pHZPC, highlighting the importance of the chemical 

groups present at the material surface for PFAS sorption (Saeidi et al., 2020a). The sorption 

percentages under acidic conditions for each material were high and relatively constant, 

regardless of the calcium concentration. This is in contrast to what was observed at neutral and, 

especially, alkaline pH values, where the sorption percentages increased with the Ca 

concentration. This might be attributed to two complementary mechanisms: the shielding effect 

of calcium ions under alkaline conditions that reduces the negative repulsions between the 

PFOS and the material surface and the presence of electrostatic bridge interactions between the 

negatively-charged surface and PFOS assisted by divalent cations (Du et al., 2014). 

Material Kd (L kg-1) r2 KF (mg kg-1) / (mg L-1) N N (dimensionless) r2 

TB 2,290 ± 54 0.998 2,290 ± 234 1.02 ± 0.06 0.998 

CE 78 ± 6 0.989 120 ± 62 0.91 ± 0.11 0.989 

MOW 140 ± 10 0.991 130 ± 110 1.01 ± 0.20 0.978 

CF 67 ± 4 0.995 89 ± 68 0.94 ± 0.16 0.983 

NGAC 4.17 ·105 ± 3.00 ·104 0.982 3.85 ·105 ± 5.98 ·104 1.07 ± 0.17 0.982 
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DOC has been reported to negatively affect PFOS sorption in activated carbons at levels 

over 10 mg C L-1 (Yu et al., 2012), which may be explained by both the competition between 

DOC and the PFAS for the solid material, whereas other authors attributed this effect to the 

blocking effect of DOC on the sorption sites present in the microporous (Saeidi et al., 2020b). 

For our materials, the DOC contents ranged from 10 to 250 mg C L-1 under acidic and neutral 

conditions depending on the material and regardless of the calcium concentration, although 

these levels significantly increased up to 1,100 mg C L-1 under alkaline conditions and low 

ionic strength conditions for some materials such as MOW (see Figure 4.6). The DOC content 

was reduced under acidic conditions likely due to the protonation of the carboxyl and alkoxy 

functional groups present at the surface of the materials. Under alkaline conditions, such acidic 

functional groups were deprotonated, thus increasing the solubility of the organic compounds 

and leading to an increase in the DOC level. An increase in ionic strength reduced the DOC 

content by decreasing DOC solubility and promoting organic matter flocculation. Therefore, 

according to the DOC contents in our experiments, a sorption inhibition due to DOC increasing 

concentration was anticipated for certain scenarios. At the highest Ca concentration, the DOC 

content remained low and much less dependent on pH, whereas a decrease in PFOS sorption 

percentages with pH could be partially explained by increasing DOC content for a given Ca 

concentration.  
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A)  B)  

C)  D)  

 

Figure 4.6 Effects of pH and Ca concentration on DOC content (solid line) and PFOS sorption percentage (bars) for: (A) TB; (B) CE; (C) MOW;     

(D) CF. Green bars: pH 5.0; orange bars: pH 7.0; blue bars: pH 11.0.   
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4.3.5. Effect of PFASs chain length 

Since the Kd of PFOS was constant at the concentration ranges tested, further 

experiments aiming to calculate the sorption parameters for other PFASs were carried out at a 

single spiking concentration ensuring the quantification of Kd within the linear sorption range.  

The results of these experiments are in Table 4.7. PFBS, PFHxA and PFHxS had Kd 

values up to 50 L kg-1 in the compost, charcoal fines and most biochars samples, being slightly 

lower than the Kd value of 100 L kg-1 reported for PFBA in a peach pit biochar with similar pH 

(6.5), CORG (69 %) and SSA (6 m2 g-1, Inyang and Dickenson, 2017), although they eventually 

increased up to 115 L kg-1 in the biochar TB. On the other hand, Kd values for PFOA, PFOS 

and PFNA were higher than those of the previous short-chained PFAS (up to 145 L kg-1) and 

increased up to 2,900 L kg-1 in the biochar TB. This is within the range of Kd values reported 

for these PFASs in different biochar samples (0.2 – 2,400 L kg-1, Chen et al., 2011; Sörengård 

et al., 2020). PFDoA was the PFAS presenting highest Kd values, which ranged from 190 to 

1,800 L kg-1 for all materials excepting for TB, for which Kd value was over the 104 L kg-1 

range, suggesting a moderate to high affinity between PFDoA and most carbon-rich materials. 

MOW showed a higher sorption affinity for those PFASs reported in Table 4.7 than other 

composted wood fibres and barks of unknown properties (Kd values up to 7 L kg-1), while CF 

also presented a higher sorption compared to similar materials rejected from the steel industry 

(Kd values up to 2 L kg-1, Sörengård et al., 2020), although, overall, their sorption Kd values 

were relatively low. The Kd values for all PFASs in the two activated carbon samples were 

much higher than for the rest of materials. These ranged from 8,0 ·103 to 2,6 ·106 L kg-1, in 

agreement with other reported literature values (5.6 ·103 – 4.8 ·105 L kg-1, Xiao et al., 2017), 

and indicated a very high PFAS sorption affinity for these materials. Moreover, FLSD test 

revealed that the sorption of PFASs for a given material increased when increasing PFAS chain 

length, in agreement with previous findings (Sörengård et al., 2020; Xiao et al., 2017). 
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Table 4.7 Kd values of the PFASs for the 10 carbon-rich materials. Uppercase letters indicate significant differences (p < 0.05) among the Kd 

(PFAS) for a given material among the PFAS tested, as determined by the FLSD test. 

Material PFBS PFHxA PFHxS PFOA PFNA PFOS PFDoA 

TB 19 A 25 B 115 C 450 D 1.2 x 103 E 2.9 x 103 F 5.6 ·104 G 

CE 8 A 20 B 23 B 35 C 61 D 75 D 395 E 

SB 9 A 17 B 22 BC 27 C 110 D 110 D 1.3 ·103 E 

WH 10 A 19 B 29 C 41 D 68 E 145 F 1.8 ·103 G 

CM 16 A 38 B 47 BC 53 C 74 D 89 D 185 E 

PC 11 A 15 AB 20 BC 30 CD 38 D 75 D 355 F 

MOW 9 A 21 B 33 C 41 C 105 D 130 D 680 E 

CF 8 A 10 A 16 B 31 C 42 C 63 D 360 E 

GAC 8.0 ·103 A 1.6 ·104 B 5.3 ·104 C 1.3 ·105 D 1.7 ·105 DE 2.3 ·105 E 1.7 ·106 F 

NGAC 8.9 ·104 A 1.2 ·105 B 1.9 ·105 C 2.7 ·105 D 3.2 ·105 DE 4.3 ·105 E 2.6 ·106 F 
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4.3.6. Multivariate analyses between material properties and PFASs sorption 

parameters 

To better identify the key sorbent properties affecting PFAS sorption in carbon-rich 

materials, a PCA was performed with the data obtained in our experiments (Table 4.7) and 

material properties. Using three principal components, 84% of the data variance was explained 

(48%, 26% and 10% by the first, second and third principal components, respectively). The 

election of three principal components, all of them with eigenvalues higher than 1.0, allowed 

to describe a high amount of variation of the original data without overexplaining data noise 

(Figure 4.7A). The influence plot allows the identification of samples with extreme variation 

of each sample within the PCA model (Hoteling T2 statistic index) or samples with a high error 

(Q statistic index) between a sample and its projection into the principal components retained 

in the model. Most of score samples were within the limits defined by the Q residuals vs. 

Hotelling T2 plot, indicating that the PCA only contained a few extreme samples (Figure 4.7B). 

A B 

  

 

Figure 4.7 Eigenvalues of each principal component (A) and Q residuals vs. Hotelling T2 

influencing plot (B). 
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The results of the PCA are represented in a biplot of the first two principal components 

(Figure 4.8). According to the relative positions of the loading variables in the first two 

principal components, the CORG/O molar ratio, which may be related to the aromaticity of the 

material, had a positive effect on Kd. Unlike soils, in which the CORG content is the main 

parameter governing sorption, this agrees with previous findings that the basic sites in π-

electron-rich regions in activated carbons materials are important for PFAS sorption, which 

may be explained by the adsorption of protons in π systems, thus providing sites for electrostatic 

interaction (Saeidi et al., 2020a), the presence of hydrophobic interactions (Li et al., 2019), or 

even the presence of additional stabilization mechanisms such as anion – π interactions. Further 

spectroscopic analysis are required to elucidate the interaction with these in π – electron-rich 

regions.  

 

Figure 4.8 Results of the PCA according to PFASs sorption and material properties data. 

Blue points indicate the loading variables. 
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Additionally, a higher CORG/O ratio indicates a lower amount of functional groups able 

to repel PFAS due to negative electrostatic repulsions. The SSA (with all values originating 

from N2-BET measurements) also had a positive effect on Kd in the PCA, in agreement with 

previous findings (Saeidi et al., 2020a). As the SSA is affected by both particle size distribution 

and porosity, this parameter may be considered an indicator of the number of sorption sites that 

can interact with PFASs. According to the PFASs molecular size (150 – 300 cm3 mol-1, Kim et 

al., 2015) and the pore width of the sorbents (Table 4.3), all PFASs molecules were expected 

to have access to the microporous structure.  

As discussed in Section 4.3.4, PFAS sorption is favoured when pH < pHZPC. According 

to our PCA results, the difference between pHZPC and pH had a positive influence on Kd. This 

may be explained by the presence of interaction mechanisms such as electrostatic interactions 

in the case of positively-charged surfaces (Du et al., 2014), highlighting the additional influence 

of polar surface functional groups on PFAS sorption (Saeidi et al., 2020a). Both CEC and ash 

content did not have a direct effect on Kd. However, DOC content had a negative effect on Kd, 

as previously discussed in Section 4.3.4. Despite the influence of ionic strength, as discussed 

in Section 4.3.4, water-soluble cations did not have a significant influence on Kd according to 

our PCA data. This suggests that despite shielding repulsions and/or cation bridge interactions 

possibly play a role in PFAS sorption under certain experimental conditions for a single material 

(Du et al., 2014), these interactions are, overall, not predominant when considering all the 

materials. Similarly, although anion exchange interactions have been suggested to play a role 

in PFAS sorption in activated carbons (Saeidi et al., 2020a), our PCA results showed that water-

soluble anions did not have a direct effect on Kd.  

The third principal component to the PCA explained an additional 11% of the data 

variance, which mostly accounted for the contribution of PFAS hydrophobicity, represented by 

its log KOW. Similar results were obtained by evaluating PFAS hydrophobicity with its number 
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of CF2. These findings agree with the increase in sorption observed in Section 4.3.5 with an 

increasing PFAS chain length, which might be due to the stronger binding of long-chained 

PFASs to carbon-rich materials through hydrophobic interactions (Li et al., 2019).  

 

4.3.7. Development of a prediction model 

A simple linear model was developed to predict Kd using specific physicochemical 

properties of the PFAS and the carbon-rich materials. The significant sorbent properties 

affecting PFAS sorption previously identified with the PCA (CORG/O molar ratio, SSA, log 

KOW, (pHZPC – pH) and DOC) were considered. As shown in Table 1.1, the hydrophobicity of 

the PFASs, expressed as log KOW, increased linearly with each fluorinated carbon added to the 

alkyl chain (log KOW = 0.75 (± 0.07) × number of CF2, r
2 = 0.98, p < 0.001, n = 15). Due to this 

strong correlation, PFAS hydrophobicity could be reasonably evaluated based on either the 

number of CF2 or the log KOW. In principle, KOW values differentiate better between PFASs 

that have the same number of CF2, but different functional groups (e.g., PFOS and PFNA). 

However, and although all log KOW values in Table 1.1 were calculated values, they may vary 

from experimental determinations. Therefore, CF2, an easily available parameter that is 

descriptive of PFASs, was chosen as the descriptor for hydrophobicity in the development of 

the prediction model. 

The small number of studies in the literature reporting DOC levels led to the exclusion 

of DOC content from the model. Subsequently, robust SMLR with the 85 entries of the 

calibration set was performed after a log10 transformation of the data (with the exception of 

pHZPC and pH). By considering only the CORG/O molar ratio, SSA and CF2 90% of the Kd 

(PFAS) data variance was explained. The inclusion of the variable (pHZPC – pH) resulted in a 

non-significant coefficient and did not increase the explained variance, and therefore was 

excluded from the model, also because pHZPC may be affected for some materials with high ash 
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contents. Accordingly, the final model included the CORG/O molar ratio and SSA, which may 

be indicative of the quality and quantity of the sorption sites available for PFAS sorption 

through hydrophobic interactions, respectively. In addition, the inclusion of the variable CF2 

allowed the model to be applicable to a wide range of PFASs. The robust SMLR resulted in the 

following equation, which defined the prediction model: 

 

log K
d
 = 1.87 (± 0.39) log CORG/O +  0.49 (± 0.14) log  SSA +  0.25 (± 0.06) CF2 − 0.94 (± 0.46) (4.7) 

r2 = 0.90, n = 85; p < 0.001 

 

 

The range of values of the model variables included in the calibration set establish the 

application range of the Kd (PFAS) prediction model. Specifically, the CORG/O molar ratio 

ranged 1.3 – 104, SSA (measured in all cases by N2-BET) ranged 0.06 – 2,450 m2 g-1, and 

PFASs chain length ranged 3 – 11 CF2 units. Although not included in the prediction model, 

the sample pH in the calibration set ranged 4 – 10, which suggests that the prediction model 

can be applicable to a wide range of environmentally relevant pH values. According to the 

expected maximum sorption capacities of carbon-rich products (up to several hundred g kg-1, 

Gagliano et al., 2020), and maximum PFASs concentrations in contaminated soils (up to several 

mg kg-1, Brusseau et al., 2020) the model should be applicable to most environmental 

conditions, since materials are not likely to reach saturation and, therefore, sorption would fall 

within the linear range of the isotherms, thus being Kd a good descriptor of the sorption process.  

 

4.3.8. External validation of the prediction model 

The Kd (PFAS) prediction model was externally validated with the validation set by 

splitting the data into two sets according to the type of materials (biochars and activated 

carbons), as shown in Figure 4.9. A satisfactory prediction was obtained in both cases, 

generating a slope between predicted and experimental log Kd values statistically equal to one 

and a null y-intercept, as well as explaining 75% and 68% of the data variance, respectively. 
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According to RMSE and RPD values, the model was of an acceptable quality for predicting Kd 

(PFAS) values in both biochars and activated carbons, especially considering that the validation 

dataset was affected by different sources of uncertainty, including the intrinsic variability of the 

literature data and the derivation of Kd values from different sorption parameters. The external 

validation of the model considering the overall dataset without refining data among materials 

also led to a satisfactory prediction, generating a slope between predicted and experimental log 

Kd statistically equal to one (0.94 ± 0.19) and a null y-intercept, as well as explaining 71% of 

the variance, and obtaining RMSE and RPD values of 0.53 and 1.57, respectively.  

 

Figure 4.9 External validation of the prediction model, with separated validation sets for   

(A) activated carbons and (B) biochars. 

The prediction errors were mostly around 0.5 log Kd units, increasing up to 1.2 log Kd 

units in the worst-case scenario. According to these results, the quality of the model was 

considered acceptable taking into account the variability of the validation dataset and that the 

A) log Kd,model = 0.89 (± 0.23) log Kd,experimental

r² = 0.67; n = 31; RMSE = 0.48; RPD = 1.44
B) log Kd,model = 0.99 (± 0.35) log Kd,experimental

r² = 0.75; n = 15; RMSE = 0.60; RPD = 1.77
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model aims to roughly group materials according to their PFAS sorption affinity that may vary 

over six orders of magnitude. All these results suggest that the log Kd values of PFASs for 

carbon-rich materials can be predicted with an acceptable accuracy using easily-derived 

physicochemical properties of the sorbent (CORG/O and SSA) and PFAS (number of CF2 units) 

 

4.4. Conclusions 

 In this chapter, it has been demonstrated that the sorption of anionic PFASs by carbon-

rich materials (biochars, activated carbon, compost and charcoal fines), although affected by 

solution-specific properties (i.e., pH, concentration of divalent cations and DOC content), was 

mainly controlled by hydrophobic interactions. According to the proposed model, Kd values for 

PFASs in carbon-rich materials (biochars and activated carbons) can be predicted with 

acceptable accuracy using only a few physicochemical properties of the sorbent (CORG/O molar 

ratio and SSA) and the PFAS (number of CF2). The successful external validation of the 

proposed model using literature data, although affected by intrinsic sources of variability, 

suggests that the model may be useful in assessing the potential affinity of carbon-rich materials 

for PFASs in the early screening of candidate materials for environmental remediation. 

However, additional sorption data of PFASs of different chain-length in extensively 

characterized carbon-rich materials will be valuable to further improve the application range of 

the model. In addition, the identification of key sorbent properties affecting PFAS sorption may 

be useful in optimizing industrial processes (i.e., pyrolysis/composting conditions or the 

physicochemical activation methods) to magnify these properties to increase sorbent affinity. 
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5.1. Introduction 

The antimicrobial applications of quinolones were discovered in the early 1960s, 

although their industrial production increased during the 1970s and 1980s. Currently, FQs are 

prescribed for treating human and animal diseases against Gram positive and Gram negative 

pathogens (Andersson and MacGowan, 2003). Due to their widespread use, partial excretion 

by organisms and low photo and biodegradation (Girardi et al., 2011; Lin et al., 2018), high 

levels of FQs have been reported in environmental compartments. Specifically, FQs have been 

detected at mg kg-1 levels in animal manure such us chicken droppings, poultry and piggery, at 

levels up to few hundreds µg kg-1 in soils and at levels up to few hundreds of ng L-1 in freshwater 

systems (Riaz et al., 2018). These concentrations may affect bacterial communities and provoke 

bacterial resistance against these drugs, then disrupting the balance of the original ecosystem 

with direct consequences to human health and other initially non-targeted organisms.  

The environmental fate of FQs is mainly controlled by their sorption to soil particles 

(Chen et al., 2015). They have been suggested to have a low mobility and high accumulation in 

soils, although their sorption affinity to soil particles is pH dependent (Vasudevan et al., 2009; 

Pan and Chu, 2017). Evaluating the sorption of FQs in pure soil organic and mineral phases, in 

addition to elucidate their main interaction mechanisms, may be a first, preliminary step to 

assess and understand their environmental fate and overall interaction in soils.  

FQs have shown a strong affinity to bind with humic and fulvic acids within the SOM 

phase. This process appears to depend on the physicochemical properties of the humic and 

fulvic acid (i.e., amount and nature of functionalities, degree of aromaticity), in addition to the 

physicochemical properties of the aqueous solution (i.e., pH, ionic strength and DOC content) 

and of the target FQ (i.e., pKa1; pKa2) (Aristilde and Sposito, 2013; Martínez-Mejía et al., 2017). 

Although some results seem to indicate that the sorption affinity of FQs with similar chemical 

structures may differ (Zhao et al., 2019a), their overall sorption analogy in SOM has not yet 
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fully assessed. Regarding interaction mechanisms of FQs sorption in humic and fulvic acids, it 

has been hypothesized that cation exchange interactions are the main sorption mechanisms, 

although contributions of hydrogen bonding and hydrophobic interactions may play a role in 

sorption (Zhang et al., 2012; Martínez-Mejía et al., 2017; Liu et al., 2017a). Finally, scarce 

desorption data of FQs on humic acids have been reported to date (Martínez-Mejía et al., 2017). 

Therefore, systematic studies evaluating FQ sorption process in humic acids of contrasting 

properties are still required.  

Regarding the role of mineral phases in FQ sorption in soils, the sorption of FQs in 

different metal oxides has been evaluated (Zhang and Huang, 2005; Rakshit et al., 2013; Qin, 

et al., 2014a), and a wide range of Kd values for specific oxides (i.e., Fe oxides) has been 

reported (Zhang and Huang, 2007; Carrasquillo et al., 2008). Despite these studies, a 

comprehensive compilation of FQ sorption data in metal oxides, along with a discussion of their 

sorption patterns, the identification of key physicochemical properties affecting sorption and 

the development of Kd prediction models in these materials are still lacking.  

Clay minerals may also play a relevant role in FQ sorption in soils. In fact, FQ sorption 

in acidic soils has been proved to positively correlate with the clay content (Leal et al., 2013). 

FQs have been found to strongly sorb at phyllosilicate minerals, which are the main components 

of the clay fraction, although the FQ sorption, quantified in terms of Kd, varied within orders 

of magnitude depending on the clay nature (Wan et al., 2013). Therefore, sorption of FQs in 

phyllosilicate minerals such as kaolinite, illite, vermiculite, palygorskyte and montmorillonite 

has been individually evaluated in several studies (Wu et al., 2010; Li et al., 2011; Chang et al., 

2016; Liu et al., 2017) but there is still a lack of studies assessing and comparing the sorption 

at these phyllosilicates (Nowara et al., 1997; Wan et al., 2013). Besides, sorption of FQs in 

phyllosilicate minerals is expected to be pH-dependent, but Kd prediction models in different 

clays applicable to environmentally relevant pH ranges are scarce in the literature. Thus, to 
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build up a compilation of sorption Kd (FQ) data in phyllosilicate minerals and a subsequent 

systematic elucidation of the main physicochemical properties affecting FQ sorption is crucial 

to better assess the role of the clay fraction in the overall sorption of FQs in soils. 

In this chapter, the sorption of the most common FQs (i.e., NOR, CIP, ENR and OFL) 

in pure soil organic and mineral phases (specifically, humic and fulvic acids, metal oxides and 

phyllosilicate minerals) are discussed through data compilations originated by both own 

experiments and literature available data. Regarding FQ sorption at humic and fulvic acids, the 

sorption analogy among common FQs, the main factors affecting their sorption and their main 

interaction mechanisms are discussed after obtaining new sorption data in a total of seven humic 

acids of contrasting properties, which helped to feed a compilation of Kd (FQ) database in humic 

substances. Additionally, the FQ sorption in pure mineral phases and the effect of several 

properties (e.g., pH; composition of the contact solution) are discussed on the basis of literature-

compiled data, and moreover, prediction Kd (FQ) equations based on the Kd (FQ) - phase 

property correlations are suggested. 

 

5.2. Sorption of FQs in humic substances 

5.2.1. Materials and methods 

5.2.1.1. Reagents and materials characterization 

NOR (> 99%), CIP (> 99%), ENR (> 99%) and OFL (> 95%) were purchased from 

Sigma-Aldrich (Germany). Their main physicochemical properties are summarized in Table 

1.5. Milli-Q double deionized water (18.2 MΩ cm-1) was obtained from a water purification 

system (USF PureLaB Plus, Spain). A 1,000 mg L-1 individual FQ stock solution was prepared 

in acidified (pH 4.0) Milli-Q water using diluted HCl (37%, Panreac, Spain), and working 

solutions were prepared by appropriate dilution. Extra pure (≥ 99%) dihydrated calcium 

chloride, sodium azide and potassium bromide were supplied by Merck (Germany). HPLC-
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grade ACN, formic acid (98%) and triethanolamine (≥ 99%) were purchased at Panreac (Spain). 

Pahokee Peat (PPHA, 1S103H), Leonardite (LHA, 1S104H), Elliot Soil (ESHA, 4S102H) and 

Suwannee River (SRHA, 3S101H) humic acids (HA) were purchased at the International 

Humic Substances Society (IHSS, https://humic-substances.org/), whereas additional humic 

acids were purchased at Janssen Chimica Belgium (JHA, 12.086.58), Sigma-Aldrich (AHA, 

H1,675-2, sodium salt) and Fluka Chemika Switzerland (FHA, 53680).  

Besides the properties already reported for the HA samples, additional properties were 

characterized. The DOC content of the HA blank aqueous solutions was quantified using a 

DOC analyser (Analytic Jena Multi N/C) with previous acidification to pH 3.0 using HCl. 

Specific ultraviolet absorbance at 254 nm (SUVA254), was acquired using a UV-spectrometer 

(Varian Cary 100) using a 1 cm optical cell and calculated as described elsewhere (Weishaar et 

al., 2003). The main physicochemical properties of the HA are summarized in Table 5.1. 

 

 

Table 5.1 Physicochemical properties of the commercial humic acids 

a Data extracted from the IHSS official webpage; b Data obtained from Rigol et al. (1994);  

c Referred to total carbon; d Data obtained from Huculak-Mączka et al. (2018). N.R.: not reported 

 

 LHA ESHA PPHA SRHA FHA AHA JHA 

% C 63.8 a 59.5 a 56.4 a 54.6 a 45.9 b 42.2 b 39.2 b 

% O 31.3 a 32.2 a 37.3 a 40.0 a 49.8 b 53.4 b 56.3 b 

Molar C/O ratio 2.72 2.47 2.01 1.82 1.23 1.05 0.93 

Aromatic C (%) c 58 a 41 a 47 a 35 a N.R. 54 d N.R. 

Carboxyl (meq g C-1) 7.46 a 8.28 a 9.01 a 9.59 a N.R. N.R. N.R. 

Phenolic (meq g C-1) 2.31 a 1.87 a 1.91 a 4.24 a N.R. N.R. N.R. 

DOC (mg C L-1) 3.7 6.2 7.5 70 13 23 18 

SUVA254 (L mg-1 m-1) 5.0 3.0 2.8 1.5 2.1 1.8 1.2 
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The carbon content of the HA samples ranged 39 – 64%, and the C/O molar ratio ranged 

0.9 – 2.7. Both carboxyl and phenolic contents increased with decreasing C/O molar ratio. DOC 

content was relatively low (4 – 23 mg C L-1) under experimental conditions, although increased 

to 70 mg C L-1 for SRHA. The SUVA254 index ranged 1.2 – 5.0 and was comparable to other 

reported values (0.6 – 5.3) in a set of ten humic and fulvic acids (Weishaar et al., 2003). 

FTIR spectra (Thermo Nicolet 5700) were obtained in selected samples by mixing the 

dried residues derived from the sorption isotherm experiments containing the maximum NOR 

sorbed concentration with solid KBr. The peaks in the FTIR spectra were identified using the 

OMNICTM software.  

 

5.2.1.2. Batch sorption experiments 

Whereas three HA samples (LHA, ESHA and PPHA) were selected as representative 

materials to evaluate NOR (as representative for the rest of FQs) sorption kinetics, NOR 

sorption isotherms were subsequently obtained for all HA samples. Following this, the same 

three selected HA were used to evaluate NOR desorption and the effect of pH, DOC content, 

and Ca concentration (as subrogate for the ionic strength) in NOR sorption. Additional sorption 

experiments were carried out in the three HAs with other FQs (CIP, ENR and OFL) to test FQ 

sorption analogy.  

Batch sorption experiments were conducted according to a procedure described 

elsewhere (OECD, 2000). Briefly, 6 mg of HA sample were weighed in a 50 mL PP centrifuge 

tube. Then, 30 mL of 10 mM CaCl2 solution containing 1 g L-1 of NaN3 adjusted to pH 5.0 ± 

0.2 (being NOR mainly under its cationic form), using 0.1 N HCl were added to achieve a 0.20 

g L-1 suspension of HA. After, a certain amount of NOR working solution was added to achieve 

a concentration of 10 mg L-1 for the sorption kinetics and a concentration ranging 1–10 mg L-1 

for the sorption isotherms, which ensured a reliable determination of FQ concentration in the 
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supernatant after the sorption process. For the other sorption experiments, the single initial 

concentration was of 1 mg L-1, which felt within the linear range of the sorption isotherms. For 

the experiments aiming to evaluate the effect of pH, the contact solution was adjusted using 

either HCl or NaOH to achieve a pH ranging from 3 to 11 after equilibrium. For the experiments 

aiming to evaluate the effect of Ca as a representative for changes in the ionic strength, different 

calcium additions were tested: 0 (use of Milli-Q water), and 5, 10 and 20 mM CaCl2. With the 

exception of the experiments under Milli-Q water, all aqueous solutions contained NaN3 at 1 g 

L-1. Control samples were run in parallel at the same pH/Ca status, and the DOC content in 

solution was mon0itored. 

After the FQ addition, the tubes were end-over-end shaken at 30 rpm and room 

temperature (25 ± 1 ºC) and wrapped with aluminium foil to avoid photodegradation. At 

selected times, tubes were centrifuged for 15 min at 4ºC and 7,800 g (AJ2-HS, Beckman 

Coulter, USA). Supernatants were filtered through 0.45 μm and analysed as described in 

Section 5.2.1.3. Desorption experiments were performed after drying the residues of the 

respective sorption experiments at 40 ± 1 ºC. Then, 30 mL of contact solution containing 10 

mM CaCl2 and 1 g L-1 NaN3 were added to the tubes, which were shaken during 48 hours, 

assuming that would be enough to reach desorption equilibrium according to previous studies 

evaluating desorption kinetics in HAs (Martínez-Mejía et al., 2017). After, tubes were 

centrifuged and supernatants were filtered and analysed as described previously.  

Both sorption and desorption experiments were run in triplicate, and quality control 

samples were run in parallel in each batch. These controls included blank samples, to ensure 

that no background FQs were present in the HA samples, and control samples run without any 

suspended HA to account for possible losses through the experimental stages. Blank samples 

revealed that no FQ was present in the HA samples, whereas control samples revealed null FQ 

losses due to the experimental setup. 
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5.2.1.3. FQs determination by HPLC-FLD 

An Agilent 1200 chromatograph was used for the FQ determination in both sorption and 

desorption supernatants, using an isocratic 85:15 0.1% formic acid (adjusted to pH 3.0 using 

triethanolamine):ACN mobile phase and a ZORBAX SB-C18 (5 µm, 4.6 x 250 mm) separation 

column. Flow rate and injection volume were set at 1 mL min-1 and 10 µL, respectively. NOR, 

CIP, ENR and OFL detection was carried using a FLD set at an excitation/emission wavelength 

of 280/447, 284/449, 284/467 and 298/499 nm, respectively. LOQ, determined as a signal-to-

noise ratio of 10:1, were 0.01 mg L-1 for all FQs. In order to avoid biased results due to possible 

matrix effects (Peruchi et al., 2015), matrix-matched calibration curves were prepared for each 

pH, Ca concentration, HA sample and FQ combination. Seven-point calibration curves were 

prepared in each case, and Pearson coefficients were in all cases up to 0.99. The precision of 

10 consecutive injections of a 0.2 mg L-1 NOR aqueous standard was 3.8% RSD, whereas the 

precision of 10 injections of 0.2 mg L-1 NOR aqueous standards during 10 different days was 

6.1% RSD. Similar results were obtained for CIP, ENR and OFL. 

 

5.2.1.4. Data treatment 

The kinetic data was fitted to the PSOM equation: 

t

CS,t
=  

1

K2 CS,eq
2 +  

t

CS,eq
=  

1

V0
+  

t

CS,eq
 

(5.1) 

where CS,t (mg kg-1) is the sorbed concentration at time t (h), K2 (kg mg-1 h-1) is the PSOM rate 

constant and CS,eq is the sorbed amount at equilibrium (mg kg-1). The initial PSOM rate constant 

(V0, mg kg-1 h-1) can be further calculated as the product of K2 and CS,eq
2 (Ho and McKay, 

1998). The sorbed concentration on the solid phase (CS, mg kg-1) was calculated as the 

difference between the initial FQ spiked concentration (Cin, mg L-1) and the FQ concentration 

determined in supernatants (Ceq, mg L-1) by HPLC-FLD, according to Equation 5.2: 
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CS = 
(C

in
- Ceq) · V

m
 (5.2) 

where V (L) is the total volume of contact solution and m (kg) refers to the dry mass of HA. 

Similarly, the concentration remaining in the solid phase after running the desorption 

experiments (CS,des, mg kg-1) was calculated as: 

CS,des = Cin,des - 
Ceq,des · V

𝑚
 (5.3) 

where Ceq,des (mg L-1) is the FQ concentration in the aqueous phase quantified by HPLC-FLD 

after desorption experiments, whereas Cin,des (mg kg-1) is the initial FQ concentration in the 

solid after sorption step. Thus, Cin,des is CS corrected by the amount of FQ present in the residual 

volume of solution (Vres, L
-1) and incorporated into the solid after drying the residues of the 

sorption experiments: 

Cin,des = CS + 
Ceq· Vres

m
 (5.4) 

The experimental data from the sorption and desorption isotherms were fitted to the 

Freundlich model, which has been applied to describe the sorption of different pollutants on 

heterogeneous surfaces containing sites with different affinities (Limousin et al., 2007): 

CS = KF (Ceq)
N

 (5.5) 

where KF ((mg kg-1)/(mg L-1)N) and N (dimensionless) are the fitted Freundlich parameters, 

representative of the sorption affinity and the heterogeneity of sorption sites available in the 

sorbent surface, respectively. An N < 1 value is indicative of the presence of heterogeneous 

sorption sites with different affinities for the sorbate, being the sites with higher affinity the first 

to be involved in the sorption process (Limousin et al, 2007).  

Kd (L kg-1), defined in Equation 5.6, and Kd,des (L kg-1), defined in Equation 5.7, were 

calculated within the linear range of the respective sorption isotherm as: 
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Kd =  
CS

Ceq
 (5.6) 

Kd,des =  
CS,des

Ceq,des
 (5.7) 

Lastly, sorption and desorption percentages (%S and %D, respectively) were calculated as: 

%S =  
(Cin − Ceq)

Ceq
· 100 (5.8) 

%D = 
Ceq,des · V

Cin,des · m
·100 (5.9) 

The kinetic and isotherm data were fitted using the least squares method using Matlab 

(cftoolbox, Matlab® R2009a (MathWorks Inc., USA)).  

 

5.2.1.5. Creation of a dataset of Kd (FQ) and data treatment 

 A dataset compiling sorption Kd (FQ) values in different humic substances was created 

to complete the dataset originated from our sorption experiments. Literature data of sorption Kd 

values for humic and fulvic acids were pooled in the dataset. Acceptance criteria to include a 

Kd (FQ) value in the dataset were: (i) sorption parameters for FQs in humic and fulvic acids not 

only originate from batch sorption experiments, as other approaches can be followed, such as 

dialysis experiments (Carmosini et al., 2009), fluorescence quenching spectroscopy (Wang et 

al., 2015), cyclic voltammetry (Antilen et al., 2016) and affinity capillary electrophoresis (ACE, 

Schmitt-Kopplin et al., 1999); (ii) Kd (FQ) values were derived when necessary from other 

reported sorption parameters as described in Section 4.2.7 of this thesis; (iii) for those studies 

reporting sorption parameters at different ionic strengths and/or temperatures, 0.01 M CaCl2 

and 25 ºC were preferably selected. The overall number of Kd (FQ) entries of the resulting 

dataset was 119. When testing sorption analogy among different FQs, in case of having various 

Kd (FQ) entries obtained at varying pH, only one Kd (FQ) value was used (the one most 

representative for environmental conditions, as marked in bold in Table 5.2). 



CHAPTER V: SORPTION OF FQs IN PURE SOIL COMPONENTS 
_______________________________________________________________________________________________________________________________ 

224 

 

Table 5.2. List of references used to build up the Kd (FQ) sorption database in humic substances. 

Reference Methodology Type of HS samples FQ Experimental conditions Total entries (*) 

Aristilde and Sposito, 2013 Fluorescence quenching 3 HA; 1 FA CIP Synthetic freshwater; pH = 4.0; 5.0; 6.0; 7.0; 8.0 20 (4) 

Carmosini and Lee, 2009 Dialysis + HPLC (FLD) 2 HA; 2 FA CIP 0.01 M KCl; pH = 4.0; 6.0; 7.5 12 (4) 

Antilen et al., 2016 Cyclic voltammetry 2 HA CIP 0.01 M PO4
3- buffer; pH = 7.0 2 (2) 

Martínez-Mejía et al., 2017 Batch + HPLC (FLD) 3 HA ENR 0.01 M CaCl2; pH = 3.0; 4.5; 7.0 9 (3) 

Zhang et al., 2012 Batch + HPLC (FLD) 1 HA  NOR 0.01 M CaCl2; pH = 2.0; 3.0; 4.0; 5.0; 6.0; 7.0; 8.0 7 (1) 

Zhu et al., 2018 Batch + HPLC (MS/MS) 4 HA NOR 0.01 M CaCl2; pH = 6.0 4 (4) 

Peng et al., 2015 Batch + HPLC (UV-Vis) 1 HA  NOR, OFL 0.02 M NaCl; pH = 5.8 2 (2) 

Zhang et al., 2011 Batch + HPLC (UV-Vis) 1 HA  NOR 0.01 M CaCl2; pH = 5.0 1 (1) 

Wu et al., 2013  Batch + HPLC (UV-Vis) 5 HA NOR 0.01 M CaCl2; pH = 7.0 5 (5) 

Zhao et al., 2019b Batch + HPLC (FLD) 1 HA  NOR 0.1 M NaNO3; pH = 5.0 1 (1) 

Wang et al., 2017 Batch + HPLC (UV-Vis) 1 HA  OFL 0.01 M CaCl2; pH = 4.7 1 (1) 

Lei et al., 2014 Fluorescence quenching 4 HA OFL 0.01 M NaCl; pH = 7.1 4 (4) 

Wang et al., 2015 Fluorescence quenching 4 HA OFL 0.01 M NaCl; pH = 7.0 4 (4) 

Pan et al., 2012a Dialysis + HPLC (UV-Vis) 1 HA OFL 0.01 M NaCl; pH = 7.0 1 (1) 

Pan et al., 2012b Dialysis + HPLC (UV-Vis) 1 HA OFL Aqueous solution, pH = 7.0 1 (1) 

Pan et al., 2012c Batch + HPLC (UV-Vis) 1 HA  OFL 0.01 M CaCl2; pH = 4.7 1 (1) 

Schmitt-Kopplin et al., 1999 ACE 1 HA NOR, CIP, ENR, OFL Carbonate buffer; pH = 9.2 4 (0) 

This study Batch + HPLC (FLD) 7 HA NOR, CIP, ENR, OFL 0.01 M CaCl2; pH = 3.0; 4.0; 5.0; 6.0; 7.0; 8.0; 9.0; 10.0; 11.0 40 (16) 

HA: Humic acid; FA: Fulvic acid; ACE: Affinity capillary electrophoresis; (*) selected number of entries to assess sorption analogy. 
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A two-way ANOVA (α = 0.05) was used to statistically compare FQ sorption data for 

NOR, CIP, ENR and OFL derived from our experiments, whereas FLSD (run at α = 0.05) was 

applied to evaluate the sorption analogy among FQ populations. Both tests were applied using 

Statgraphics Centurion 18.1.14 (Statgraphics Technologies, USA). 

 

5.2.2. Results and discussion 

5.2.2.1. Sorption kinetics of NOR in humic acids 

The results of the kinetic sorption experiments of NOR on LHA, ESHA and PPHA are 

shown in Figure 5.1. The variation of Cs over time indicated that a contact time of 48 hours 

was enough to achieve the sorption equilibrium, in agreement with that observed in previous 

kinetic experiments (Pan et al., 2012c; Zhang et al., 2012).  

 

 

Figure 5.1 Sorption kinetics of NOR on LHA, ESHA and PPHA. Solid lines indicate the 

PSOM fitting. 
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The kinetic data was successfully fitted to the PSOM (see Table 5.3), thus indicating 

that sorption may have occurred mainly by chemisorption processes (Ho and McKay, 1998). In 

addition, the obtained PSOM rate constants and initial rate constants were comparable to those 

reported in the literature (Pan et al., 2012c; Zhang et al., 2012).  

 

Table 5.3 PSOM fitting parameters of NOR in LHA, ESHA and PPHA samples. 

Humic acid CS,eq  

(mg kg-1) 

K2 

(kg mg-1 h-1) 

V0  

(mg kg-1 h-1) 

r2 

LHA 4.09 ·104 0.49 ·10-4 8.16 ·104 0.998 

ESHA 3.06 ·104 1.13 ·10-4 1.06 ·105 0.999 

PPHA 6.12 ·104 1.84 ·10-4 1.79 ·105 0.997 

CS,eq = sorbed concentration at equilibrium; K2 = PSOM rate constant; V0 = PSOM initial rate constant 

 

According to these results, the subsequent sorption experiments were conducted at 48 hours. 

 

5.2.2.2. Sorption isotherms of NOR in humic acids 

Sorption isotherms of NOR in the seven HA samples were conducted under equilibrium 

conditions (see Figure 5.2).  

 

Figure 5.2 Sorption isotherms for NOR in the seven HA samples. Solid lines indicate the 

Freundlich fitting. 
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The isotherm sorption data was fitted to the Freundlich model and the resulting fitting 

parameters are summarized in Table 5.4. 

 

Table 5.4 Sorption parameters of NOR in the seven HA samples. 

HA KF (mg L-1) / (mg kg-1) N N (dimensionless) r2 %S Kd (L kg-1) 

LHA 4.12 ·104 ± 3.24 ·103 0.64 ± 0.10 0.98 94 ± 0.9 7.45 ·104 ± 5.64 ·103 

ESHA 1.64 ·104 ± 1.53 ·103 0.55 ± 0.11 0.96 84 ± 1.6 2.46 ·104 ± 4.38 ·103 

PPHA 1.77 ·104 ± 1.11 ·103 0.56 ± 0.08 0.98 85 ± 1.1 4.38 ·104 ± 1.77 ·103 

SRHA 1.21 ·104 ± 1.36 ·103 0.66 ± 0.10 0.98 80 ± 1.9 1.11 ·104 ± 2.02 ·103 

FHA 7.30 ·104 ± 8.30 ·103 0.62 ± 0.02 0.97 97 ± 0.5 1.74 ·105 ± 3.38 ·104 

AHA 4.25 ·104 ± 1.72 ·103 0.53 ± 0.05 0.99 97 ± 1.2 1.54 ·105 ± 5.36 ·104 

JHA 2.91 ·104 ± 9.80 ·102 0.55 ± 0.05 0.99 93 ± 2.8 7.38 ·104 ± 2.99 ·103 

 

Good fittings were observed for all the isotherms, with N values < 1, indicating sorption 

site heterogeneity and, thus, non-linear sorption within the concentration range tested. Both 

linear and non-linear sorption isotherms have been previously observed for FQs in HA 

(Aristilde and Sposito, 2013; Zhang et al., 2012). At low initial concentrations, FQ are sorbed 

at high-affinity sorption sites, whereas when higher concentrations are tested, the saturation of 

the high-affinity sites permits that other sites with lower affinity participate in the sorption 

process. This suggests that different interaction mechanisms may govern FQ sorption in HA. 

Table 5.4 also shows the Kd values derived from the respective sorption isotherms, as 

well as the related sorption percentages. As all the isotherms were non-linear, sorption 

parameters (Kd and %S) were calculated from specific experimental points (those with Cin = 1 

– 3 mg L-1) that were ensured to fell within the linear range.  The Kd values agreed with previous 

values observed for NOR and CIP in HAs at acidic pH (Aristilde and Sposito, 2013; Zhang et 

al., 2012), and were indicative of a high sorption affinity of FQs to SOM fractions, also in 

agreement with the high sorption percentages (> 80%) quantified.  
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5.2.2.3. Desorption isotherms of NOR in humic acids 

NOR desorption isotherms were obtained for a selection of HA samples (Figure 5.3).  

 

Figure 5.3 NOR desorption isotherms for LHA, ESHA and PPHA samples. Solid lines 

indicate the Freundlich fitting. 

 

The desorption isotherm data were successfully fitted by the Freundlich model (Table 5.5).  

 

Table 5.5 Desorption parameters for NOR in LHA, ESHA and PPHA samples. 

HA KF (mg L-1) / (mg kg-1) N N (dimensionless) r2 %D Kd,des (L kg-1)  H 

LHA 8.79 ·104 ± 2.50 ·104 0.64 ± 0.17 0.95 2.7 ± 0.9 1.99 ·105 ± 4.66 ·104 2.7 

ESHA 2.95 ·104 ± 2.91 ·103 0.64 ± 0.17 0.94 8.4 ± 2.0 5.55 ·104 ± 9.30·103 2.3 

PPHA 5.12 ·104 ± 5.64 ·103 0.87 ± 0.12 0.99 6.3 ± 1.5 6.88 ·104 ± 9.48 ·103 1.6 

 

Desorption isotherms displaying a Freundlich behaviour have been previously described 

for FQs in humic acids (Martínez-Mejía et al., 2017), suggesting that the fraction of FQ sorbed 

at less affinity sites are more likely to be mobilized to the liquid phase, which is observed at 

increasing FQ concentration. Similarly to Section 5.2.2.2, Kd,des values were derived from those 
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experimental points (Cin = 1 – 3 mg L-1) which fell within the linear range of the respective 

desorption isotherms, and all cases were higher than the respective sorption Kd. Desorption 

percentages were relatively low (< 8.4%). The hysteresis coefficient (H) was higher than one 

in all materials, suggesting a strong sorption irreversibility at the low FQ initial concentration. 

 

5.2.2.4. Effect of Ca concentration and DOC content on NOR sorption in humic 

acids 

 The Kd values of NOR in LHA, ESHA and PPHA obtained at calcium concentrations 

ranging 0 – 20 mM (where 0 refers to natural sample soluble Ca, which is < 0.003 mM in all 

cases) and pH 5.0 are shown in Figure 5.4.  

At pH 5.0, NOR is mainly present under its cationic form, and thus, calcium cations 

may compete with NOR for the available sorption sites present in the HA. In agreement with 

previous findings for ENR in a set of three HA samples extracted from soils (Martínez-Mejía 

et al., 2017), NOR sorption was reduced in all HA samples when increasing Ca concentrations. 

This reduction differed slightly among materials: whereas LHA and ESHA suffered a strong 

inhibition in Kd when increasing Ca concentration from sample Ca to 5 mM, NOR sorption in 

PPHA was less affected by the presence of Ca, thus indicating a different weight of the different 

interaction mechanisms among NOR and the HAs. The reduction of the observed Kd at 

increasing Ca concentrations from 5 to 20 mM was similar for the three tested materials. 
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Figure 5.4 Effect of Ca concentration (bars) and DOC content (solid lines) on NOR sorption 

in LHA, ESHA and PPHA samples. 

 

On the other hand, the increase in Ca concentration (and thus in the ionic strength) of 

the contact solution reduced the DOC content, likely by an associated decrease in organic 

compounds solubility and increase in organic matter flocculation. The DOC pattern decrease 

was similar to Kd (NOR) decrease. It has been observed that sorption of NOR was reduced at 

DOC contents around 20 mg C L-1 likely due to FQ-DOC interactions (Zhang et al., 2018). The 

NOR sorption pattern observed for the three HA in the absence of additional Ca could be nicely 

explained by DOC competitive effects, as the sequence of Kd (NOR) among the three HA 

samples was inversely related to the sequence of DOC content. However, when Ca 

concentration increased, the Kd (NOR) reduction observed for the three HA could not be only 

explained by DOC competitive effects, as the DOC content also decreased, thus suggesting that 

the increase in Ca concentration was the main responsible factor inhibiting NOR sorption from 

sample Ca to 5 mM Ca, with a minor additional effect for higher Ca concentrations.  
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The interaction mechanisms suggested to play a role in the sorption of FQs in HA are 

mainly electrostatic interactions, cation exchange, hydrogen, cation bridge and hydrophobic 

interactions (Aristilde and Sposito, 2010; Liu et al., 2017a; Martínez-Mejía et al., 2017; Zhang 

et al., 2012; Zhao et al., 2019a). In addition, cation – π and π – π interactions may also occur in 

highly aromatic HA (Zhao et al., 2017). To better elucidate the interaction mechanisms between 

FQs and LHA, ESHA and PPHA responsible for the effect of Ca and DOC on Kd (NOR) values, 

FTIR analysis were conducted to analyse HA samples before and after NOR sorption. The 

spectra of the HA samples prior and after NOR sorption were recorded, and specific bands of 

the spectra representative of the hydrophobic and hydrophilic regions were identified according 

to previous reports (Rodríguez and Núñez, 2011), and the shift of these bands before and after 

NOR sorption were semi quantified (Table 5.6). 

 

Table 5.6. Wavenumber and chemical shifts (into brackets) observed for specific bands in HA 

samples before and after NOR sorption. 

HA 

sample 

O – H stretch 

(phenol, carboxyl) 

C = C stretch 

(aromatic rings) 

O – H bend 

(carboxyl) 

C – O stretch 

(phenol, carboxyl) 

C – O stretch 

(alcohols) 

LHA 3,389 (1) 1,585 (7) 1,385 (1) 1,269 (1) 1,046 (4) 

ESHA 3,383 (1) 1,582 (1) 1,384 (0) 1,261 (7) 1,034 (0) 

PPHA 3,388 (4) 1,577 (8) 1,385 (3) 1,266 (4) 1,044 (3) 

 

The aromatic regions of the HA were likely to be a significant sorption domain for LHA 

and PPHA, which were the HA with a higher aromatic carbon contents (see Table 5.1), as 

revealed by the significant shifts in the aromatic C = C stretch bands. These interactions may 

be driven by cation – π rather than by π – π interactions at acidic to neutral pH (Zhao et al., 

2017), which could also explain the enhanced sorption observed for FQ in highly aromatic HA 

(Aristilde and Sposito, 2013). Hydrophilic domains also played a role in sorption in PPHA. 

Protonated carboxyl and phenol groups of the HA at pH 5 may participate in hydrogen bonding 
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with the fluorine moiety of the FQ structure, whereas carboxylate groups may participate in 

electrostatic and cation exchange interactions, in addition to participate in hydrogen bonding 

with the protonated carboxylate of the FQ. Sorption of NOR in ESHA, which was the tested 

HA with the lowest aromatic carbon content (see Table 5.1) was mainly in the hydrophilic 

domains, likely through the abovementioned interaction mechanisms. Furthermore, the 

presence of all cation – π, electrostatic and cation exchange mechanisms could support the 

sorption decrease observed due to competition of Ca cations for the sorption sites.  

 

5.2.2.5. Sorption analogy of FQs in humic substances 

 The Kd (FQ) values from the additional sorption experiments for CIP, ENR and OFL in 

LHA, ESHA and PPHA samples are summarized in Table 5.7.  

 

Table 5.7 Kd (FQ) values (L kg-1) of NOR, CIP, ENR and OFL in LHA, ESHA and PPHA 

samples. RSD of the replicates was ≤ 20%.  

HA  NOR CIP ENR OFL 

LHA 6.31 ·104 6.46 ·104 3.10 ·104 1.91 ·104 

ESHA 2.57 ·104 1.07 ·104 7.25 ·103 4.17 ·103 

PPHA 2.19 ·104 2.34 ·104 1.29 ·104 7.42 ·103 

 

 A general sorption trend was observed in which the sequence of Kd (FQ) was NOR ≈ 

CIP > ENR > OFL, which is inversely related to the molecular weight and/or the log KOW of 

the FQs (see Table 1.5). This trend agrees with the binding capacity revealed by 

thermodynamic sorption data in HAs (Zhao et al., 2019). A two-way ANOVA with replicates 

revealed that both HA material and FQ significantly affected Kd (FQ) values, confirming that 
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sorption of FQs may not be analogous when tested in similar materials at specific experimental 

conditions. 

The overall assessment of FQ sorption analogy (at pH 4 – 7) should include humic and 

fulvic acid samples with contrasting properties, as well as data affected by additional sources 

of Kd (FQ) variability (as the replicate data dispersion quantified in our experiments was 

extremely low). To better assess the sorption analogy among these four FQs in humic 

substances, 55 entries of those gathered in the built-up dataset were selected for such analyses, 

including data from own experiments. Only those FQs with a sufficient number of entries (n > 

10) were used to compare FQ populations. Figure 5.5 shows the comparison among literature-

derived Kd values for NOR, CIP and OFL in a box and whisker plot. FLSD tests applied in the 

three FQ populations confirmed that the overall sorption in humic substances at varying 

experimental conditions was analogous for the three FQ. 

 

Figure 5.5 Compiled Kd values for NOR, CIP and OFL in humic substances at pH 4 - 7. 

Capital letters indicate FLSD test results, n are the total entries and the number of studies 

these entries were derived from are into brackets. Central values are median values. 
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Thus, it could be concluded that the effect of minor differences in FQ structure on Kd 

(FQ) is of a lesser significance than humic and fulvic acid characteristics and experimental 

procedure applied to quantify the given Kd (FQ) values.   

 

5.2.2.6. Effect of pH on FQs sorption in humic substances 

The sorption of NOR in LHA, ESHA and PPHA at pH ranging 3 – 11 was evaluated, as 

pictured in Figure 5.6, which shows a sort of U-shaped variation of log Kd (NOR) with pH 

increase that agrees with the changes in NOR species at varying pH. The %RSD of the 

replicates was < 20%. The fitting of the experimental data with a second-order polynomic 

equation confirmed that NOR sorption was maximized at pH 5.2 – 5.5, indicating that sorption 

of the positively charged FQ specie was favoured. A further increase in pH led to a decrease in 

NOR sorption, likely due to electrostatic repulsions between the negatively charged functional 

groups present in the HA surface and the NOR zwitterion form. The sorption decrease was 

further observed at pH > pKa2, in which NOR existed mainly under its negative form, leading 

to log Kd values around 2.3, in agreement with reported Kd (FQ) values in HA at basic 

conditions (Schmitt-Kopplin et al., 1999). In fact, at basic pH the role of the HA characteristics 

diminished, and the Kd (NOR) values approached in the three HA samples tested. Overall, these 

pH-dependent sorption trends highlighted the significant role of FQ speciation in the sorption 

process. 
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Figure 5.6 Effect of pH on NOR sorption in LHA, PPHA and ESHA. Solid lines indicate the 

second-order polynomic fitting.  

 

The good fitting of our own experimental data to a second-order polynomic equation 

encouraged the exploration of the role of pH in the overall available Kd (FQ) entries in the built-

up dataset. Sorption data for NOR, CIP, OFL and ENR was pooled after showing their sorption 

analogy. Log Kd (FQ) entries were grouped in intervals of 1.0 pH unit to facilitate visualization 

of the Kd (FQ) vs. pH dependence, although the fitting was done for all the individual entries 

(n=119). The resulting fitting is also plotted in Figure 5.7. 
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Figure 5.7 Effect of pH on Kd (FQ) in humic and fulvic acids. Solid lines indicate standard 

deviation of data grouped for visualization purposes. Dashed line indicates the second-order 

polynomic fitting. 

 

The fitting of the overall FQ (Kd) sorption data by the second-order polynomic equation 

revealed that maximum sorption occurred at pH 5.9 and showed that pH alone could describe 

around 50% of Kd (FQ) variability regardless the nature and characteristic of the humic 

substance, the tested methodology and the selected experimental conditions, which confirmed 

the crucial role of pH in the FQ sorption process in SOM fractions.  
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5.3. Sorption of FQs in metal oxides 

5.3.1. Creation of a Kd (FQ) dataset and data treatment  

Sorption Kd (FQ) values in metal oxides and ancillary information about material 

physicochemical properties and experimental conditions was compiled from available literature 

data. Acceptance criteria to include a Kd (FQ) value in the database were: (i) sorption data in 

metal oxides of Cu, Fe (including data on Fe oxyhydroxides (FeO(OH); goethite)), Ti, Al, Mn, 

Mg and Si were accepted, although a few of these oxides may be present at trace levels in soils. 

(ii) sorption data was included regardless of the origin of the material (i.e., synthetic or natural 

oxides), and ancillary information of the sorbents and experimental conditions was also 

collected. As most sorption data were obtained at slightly acidic/neutral (5 – 7) pH, this pH 

range was used to evaluate the role of metal nature and material characteristics responsible for 

sorption, thus ruling out the pH effect in FQ sorption. (iii) for those studies reporting sorption 

parameters at different ionic strengths or temperatures, 0.01 M CaCl2 and 25 ºC were preferably 

selected; (iv) only sorption data for NOR, CIP, ENR and OFL was accepted, as their sorption 

was assumed to be analogous according to previous analyses performed in humic substances. 

Besides, as levofloxacin (LEV) and OFL are two isomeric FQs, sorption of OFL and LEV was 

assumed to be analogous and were pooled into OFL data; (v) Kd (FQ) values were derived when 

necessary from other reported sorption parameters as described in Section 4.2.7 of this thesis.  

Expert judgement was applied to carefully select Kd (FQ) entries of the overall dataset 

when elucidating the individual role of significant factors, such as the role of metal or SSA in 

FQ sorption. When required, data were fitted using the least-squares method using Matlab 

(cftoolbox, Matlab® R2009a (MathWorks Inc., USA)). 
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5.3.2. Evaluating the role of metal on FQs sorption in metal oxides 

Different metal oxides have been tested for their ability to sorb FQs (Fries et al., 2016; 

Tan et al., 2015). Table 5.8 summarize some selected studies in which Kd (FQ) on metal oxides 

at neutral pH were derived.  

 

Table 5.8 Sorption parameters (Kd and surface area-normalized Kd (Kd,SSA)) of FQs in metal 

oxides and ancillary information of the batch experiments. 

Reference FQ Material SSA  

(m2 g-1) 

Contact solution;  pH  Kd  

(L kg-1) 

Kd,SSA  

(mL m2) 

Goyne et al., 2005 OFL SiO2 7.5 0.02 M CaCl2, pH 7.2 0.87 0.12 

Khoshnamvand et al., 2017 CIP MgO 1,236 Aqueous solution, pH 6.0 277 0.22 

Zhang and Huang, 2005 ENR MnO2 255 0.01 M NaCl, pH 6.0 188 0.73 

Goyne et al., 2005 OFL Al2O3 37 0.02 M CaCl2, pH 7.2 55 1.5 

Fries et al., 2016 CIP TiO2 45 0.001 M NaCl, pH 8.0 275 6.1 

Peng et al., 2015 NOR Fe2O3 45 0.02 M NaCl, pH 5.8 916 20 

Ahmadi et al., 2017 CIP CuO 20 Aqueous solution, pH 7.0 2,100 105 

 

 The Kd (FQ) values in metal oxides were generally much lower than those quantified in 

humic substances. Therefore, when both types of phases may be present in soils, the role of the 

SOM can be anticipated to be more significant than that of the metal oxides. Nevertheless, it is 

worth to elucidate the main factors affecting FQ sorption in metal oxides. 

Computational studies have suggested that FQs are capable to bind metallic atoms 

through covalent bonds by forming FQ-M complexes (Aristilde and Sposito, 2008). To test this 

and facilitate the comparison among metal oxides, Kd (FQ) values in Table 5.8 were normalized 

to the material surface area (Kd,SSA) to remove the influence of SSA in the assessment of metal 

nature in FQ sorption. These SSA-normalized Kd values followed the trend: Cu >> Fe >> Ti > 

Al > Mn > Mg ≈ Si, which roughly agree with the Irving – Williams series describing the 
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complexation stability of organic ligands by metallic atoms (Irving and Williams, 1949). These 

results suggest an increasing binding affinity of FQ under neutral conditions with specific 

metallic atoms in the mineral surface through covalent bonds, besides the key role of SSA metal 

oxides in FQ sorption, which is further explored in the following section. 

 

5.3.3. Factors affecting FQs sorption: the case of Fe oxides and (hydro)oxides 

As the metal atom present in the mineral surface plays a role sorption, Kd (FQ) in Fe 

oxides and (hydro)oxides were selected to discuss the role of other factors in FQ sorption in 

oxides. The sorption of FQ (specifically CIP) in goethite (pHZPC = 9; Qin et al., 2014b) has been 

shown to be affected by pH, reaching its maximum sorption at pH 6 – 7, where the zwitterion 

CIP species is predominant. At pH < pKa1, electrostatic repulsion occurs between the positive 

FQs and the mineral surface, although FQ sorption could be attributed to complexation 

mechanisms with Fe atoms, since goethite can promote the deprotonation of the FQ carboxylate 

moiety at pH < pKa1 (Trivedi and Vasudevan, 2007). At pH > pKa1, these complexation 

mechanisms may become predominant, and in addition, electrostatic interactions between the 

negatively charged FQ and the positively charged goethite surface may further contribute to 

sorption. At pH > pHZPC, electrostatic repulsions between the anionic FQ specie and the 

negatively charged goethite surface leads to an abrupt decrease in sorption.  

Ionic strength and composition of the aqueous solution also affect FQs sorption in 

goethite. Whereas some authors found that the presence of dissolved Ca cations enhanced CIP 

sorption through ternary complexes assisted by cation bridging mechanisms (FQ-Ca-HA, Tan 

et al., 2015), other authors reported that dissolved Ca cations decreased FQ sorption due to the 

formation of soluble Ca-FQ complexes in solution (Qin et al., 2014a). The different Ca 

concentrations used in each study (0.1 and 10 mM, respectively) may explain these differences: 

at low Ca concentrations, cation-bridging mechanisms may be more likely to occur, whereas at 

high Ca concentrations Ca-FQ complexes may be more prone to form in solution.  
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 As concluded in the former section, material surface seems to play a major role in the 

sorption of FQ in metal oxides. Table 5.9 summarizes the list of references used to build up a 

partial dataset for FQs in Fe-containing minerals (including Fe2O3, Fe3O4 and FeO(OH)), as 

well as additional information on specific material properties and the experimental conditions 

in which Kd (FQ) values were derived. 

 

Table 5.9 Literature-derived Kd (FQ) values in common Fe-minerals present in soils.  

Reference FQ Material SSA  

(m2 g-1) 

Experimental conditions Kd  

(L kg-1) 

Mackay and Seremet, 2008 CIP FeO(OH) 15 PIPES buffer, pH 7.0 100 

Carrasquillo et al., 2008 CIP FeO(OH) 10 0.01 M PIPES, pH 6.6 214 

Shi et al., 2013 CIP Fe3O4 24 Aqueous solution, pH 7.0 276 

Yu et al., 2019 OFL FeO(OH) 20 PIPES buffer, pH 6.6 314 

Tan et al., 2015 CIP FeO(OH) 64 0.01 M NaNO3, pH 6.0 333 

Zhang and Huang, 2007 CIP FeO(OH) 49 0.01 M NaCl, pH 5.0 416 

Paul et al., 2014 OFL FeO(OH) 64 0.01 M NaCl, pH 7.0 514 

Rakshit et al., 2013 CIP Fe3O4 40 0.01 M NaCl, pH 6.0 852 

Peng et al., 2015 NOR Fe2O3 45 0.02 M NaCl, pH 5.8 916 

Qin et al., 2014a LEV FeO(OH) 84 0.01 M NaCl, pH 5.2 1,180 

Lin and Lee, 2020 CIP FeO(OH) 140 Aqueous solution, pH 7.0 1,270 

Qin et al., 2014b LEV FeO(OH) 98 0.01 M NaCl, pH 6.6 1,310 

Gu and Karthikeyan, 2005 CIP FeO(OH) 332 0.01 M NaCl, pH 7.1 5,010 

Zhang and Huang, 2007 CIP FeO(OH) 159 0.01 M NaCl, pH 5.0 12,300 

PIPES = 1,4-piperazinediethanesulfonic acid; Fe2O3 = hematite; Fe3O4 = magnetite; FeO(OH) = goethite 

 

The Kd (FQ) values for these Fe-containing minerals at pH ranging 5 – 7 varied within 

a 100 – 12,300 L kg-1 range. As FQs were mostly in their zwitterion form under these 

conditions, surface complexation with the Fe atoms present in the mineral surface could be 
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expected (Paul et al., 2014). A bidentate complex involving both carboxylate and the carbonyl 

moieties of CIP with the Fe atoms present in the mineral surface was suggested for hematite 

and magnetite (Rakshit et al., 2013; Martin et al., 2015), whereas other bi- and tridentate 

complexes were hypothesized for goethite (Paul et al., 2014).  

Differences in Kd (FQ) values could be attributed to specific surface properties. As 

shown in Table 5.9, SSA varied within the 10 – 330 m2 g-1 range. In this sense, a significant 

linear relationship between log10-transformed Kd and SSA data was found, which described 

nearly 75% of the Kd (FQ) variability (Figure 5.8). This positive relationship between Kd and 

SSA confirmed the key role of SSA in the sorption of FQs in Fe-containing minerals.  

 

Figure 5.8 Correlation between Kd (FQ) and SSA for Fe minerals. Solid line indicate the 

Linear fitting. 

 

The resulting relationship may be of interest for Kd (FQ) predicting purposes. However, 

in the context of soils, the SSA of naturally occurring Fe-minerals are expected to be low (≈ 10 

m2 g-1, Jacobson and Fan, 2019), and then low Kd (FQ) values are also expected. Therefore, a 

low contribution of metal oxides in the overall FQ sorption in bulk soils can be anticipated. 

log Kd = 1.12 (± 0.43) log SSA + 0.93 (± 0.76); r² = 0.74; n = 14; p < 0.01
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5.4. Sorption of FQs in phyllosilicate minerals 

5.4.1. Creation of a Kd (FQ) dataset and data treatment 

Sorption Kd (FQ) values in phyllosilicate minerals and ancillary information about 

material physicochemical properties and experimental conditions was compiled from the 

literature. Acceptance criteria to include a Kd (FQ) value in the dataset were: (i) only sorption 

data in 1:1 and 1:2 dioctahedral phyllosilicates (i.e., kaolinite, illite, vermiculite, palygorskyte 

and montmorillonite) was considered; (ii) only data from NOR, CIP, ENR and OFL were 

considered, as their sorption was assumed to be analogous according to previous analyses 

performed in humic substances. Besides, as LEV and OFL are two isomeric FQs, sorption of 

OFL and LEV was assumed to be analogous and were pooled into OFL data; (iii) sorption Kd 

values at different pH values was included in the database, although for those studies reporting 

sorption at different ionic strengths or temperatures, 0.01 M CaCl2 and 25 ºC were preferably 

selected; (iv) Kd (FQ) values were derived when necessary from other sorption parameters as 

described in Section 4.2.7 of this thesis.  

Table 5.10 summarizes the list of references included in the dataset. Phyllosilicates 

were grouped as 1:2 swelling (i.e., montmorillonite), 1:2 non-swelling (i.e., palygorksyte, illite, 

and vermiculite) and 1:1 phyllosilicates (i.e., kaolinite). When various Kd (FQ) values were 

reported at varying pH for a single FQ and phyllosilicate group, a unique Kd value was selected 

for every FQ and phyllosilicate combination, preferably at an environmentally relevant pH (4.5 

– 7.5) in which the FQs are under cationic or zwitterion forms, to examine the role of the 

phyllosilicate. If different sorption isotherms were reported within this pH range, the derived 

Kd values from the best fitted isotherm were selected. All entries in Table 5.10 were used to 

model the Kd dependence with pH. The overall number of entries and those selected to 

statistically compare sorption among phyllosilicates (in brackets) were: 38 (20) for 1:2 swelling 

phyllosilicates; 11 (7) for 1:2 non-swelling phyllosilicates; and 20 (12) for 1:1 phyllosilicates. 
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Table 5.10. List of references used to build up the Kd (FQ) dataset in phyllosilicates. 

Reference FQ Experimental conditions Number of entries 

Montmorillonite    

Rivagli et al., 2014 ENR Tap water; 0.01 M CaCl2; pH = 2.0; 7.5 8 (4) 

Wan et al., 2013 ENR Aqueous solution; pH = 4.5 1 (1)  

Wu et al., 2010 CIP Aqueous solution; pH = 3.0; 4.5; 11.0 3 (1) 

Roca et al., 2015 CIP Aqueous solution; pH = 3.0; 6.0; 7.5; 10.0 4 (1) 

Yan et al., 2012 ENR 0.01 M KCl; pH = 3.5; 4.5; 5.5; 6.5; 7.5; 8.5 6 (1)  

Wu et al., 2014 CIP Aqueous solution; pH = 4.0; 11.0 2 (1)  

Genç et al., 2013a CIP Aqueous solution; pH = 4.5, 5.5 1 (1)  

Septian et al., 2018 CIP Aqueous solution; pH = 5.0; 8.0 2 (1)  

Genç et al., 2013b CIP Aqueous solution; pH = 5.5 1 (1)  

Wang et al., 2010 CIP Aqueous solution; pH = 5.8 1 (1) 

Nowara et al., 1997 ENR Aqueous solution; pH = 5.9 1 (1)  

Zhou et al., 2014 OFL 0.1 M CaCl2; pH = 6.1 1 (1)  

Wu et al., 2012 CIP Aqueous solution; pH = 6.4 1 (1)  

Hanamoto and Ogawa, 2019 LEV 0.005 M CaCl2; pH = 6.5 1 (1) 

Carrasquillo et al., 2008 CIP 0.01 M PIPES buffer; pH = 6.6 1 (1)  

Pei et al., 2011 NOR 0.01 M NaNO3; pH = 7.0; 9.0 2 (1)  

Gulen and Demircivi, 2020 CIP Aqueous solution; pH = 7.0 1 (1)  

Jalil et al., 2017 CIP Aqueous solution; pH = 10.0 1 (0) 

Palygorskyte    

Chang et al., 2016 CIP Aqueous solution; pH = 2.0; 7.0; 11.0 3 (1) 

Quan and Bi, 2017 OFL 0.01 M NaCl; pH = 2.0; 7.4; 9.5 3 (1) 

Berhane et al., 2016 CIP 0.01 M CaCl2; pH = 7.0 1 (1)  

PIPES = 1,4-piperazinediethanesulfonic acid; 
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Table 5.3 (Continued)  

Reference FQ Experimental conditions Number of entries 

Illite    

Wan et al., 2013 ENR Aqueous solution; pH = 4.5 1 (1) 

Nowara et al., 1997 ENR Aqueous solution; pH = 5.9 1 (1)  

Vermiculite    

Nowara et al., 1997 ENR Aqueous solution; pH = 5.9 1 (1) 

Liu et al., 2017b CIP Aqueous solution; pH = 5.0 1 (1)  

Kaolinite    

Rivagli et al., 2014 ENR Tap water; 0.01 M CaCl2; pH = 2.0; 7.5 4 (2) 

Li et al., 2011 CIP Aqueous solution; pH = 3.8 1 (1) 

Wan et al., 2013 ENR Aqueous solution; pH = 4.5 1 (1) 

Li et al., 2017a OFL 0.01 M NaCl; pH = 4.5; 7.0; 11.0 3 (1) 

Li et al., 2017b OFL 0.01 M NaCl; pH = 4.5; 7.0; 9.5 3 (1) 

Nowara et al., 1997 ENR Aqueous solution; pH = 6.0 1 (1) 

Pan et al., 2012c OFL 0.01 M CaCl2; pH = 6.4 1 (1) 

Wu et al., 2012 CIP Aqueous solution; pH = 6.4 1 (1) 

Zhou et al., 2014 OFL 0.1 M CaCl2; pH = 6.6 1 (1) 

Carrasquillo et al., 2008 CIP 0.01 M PIPES buffer; pH = 6.6 1 (1) 

Zhang et al., 2020 CIP 0.001 M NaCl; pH = 5.0; 7.0; 9.0 3 (1) 

PIPES = 1,4-piperazinediethanesulfonic acid; 

 

Among the 69 total entries included in the database, most of the sorption data was 

attributed to CIP and ENR (42% and 36%, respectively), whereas few data were available for 

NOR. When required, data were fitted using the least-squares method using Matlab (cftoolbox, 

Matlab® R2009a (MathWorks Inc., USA)). FLSD test was run at a significance level of α = 

0.05 to statistically assess sorption differences among types of phyllosilicate using Statgraphics 

Centurion 18.1.14 (Statgraphics Technologies, USA). 
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5.4.2. Influence of the type of phyllosilicate in FQs sorption 

The selected Kd (FQ) values from the overall dataset were classified and compared in 

terms of box and whisker plots and FLSD analyses (Figure 5.9).  

 

Figure 5.9 Compiled Kd (FQ) values in (A) 1:2 swelling phyllosilicates; (B) 1:2 non-swelling 

phyllosilicates; (C) 1:1 phyllosilicates; n are the entries tested (in brackets the number of the studies 

they were derived); lower case letters indicate FLSD-test results; central values are median values. 

 

 

Kd (FQ) depended significantly on the nature of the phyllosilicates: the highest Kd (FQ) 

values corresponded to 1:2 phyllosilicate swelling clays (over one order of magnitude higher 

than the rest of phyllosilicate materials), with values similar to those observed for SOM 

substances. This finding agrees with previous studies that showed the key role of 

montmorillonite in FQ sorption, as the interlayer space of montmorillonite may contain specific 

sites with a high affinity for FQ sorption, as revealed by the observed interlayer expansion after 

X-ray diffraction analyses along FQ sorption (Nowara et al., 1997). In contrast, this was not 

observed for illite, vermiculite or palygorskite (Chang et al., 2016; Liu et al., 2017b; Wan et al., 

2013).  



CHAPTER V: SORPTION OF FQs IN PURE SOIL COMPONENTS 
__________________________________________________________________________________ 

246 

 

5.4.3. Effect of pH on FQs sorption in phyllosilicate minerals 

Sorption of FQs in phyllosilicate minerals is pH-dependent. Specifically, FQ sorption 

increases with pH, reaching its maximum at pH 3 – 5 in which the FQ is mostly under its 

cationic form. At pH < pKa1, the cationic FQ species strongly sorb at the clay surface due to 

cationic exchange mechanisms (Li et al., 2011). At pH > pKa1, despite the FQ molecules still 

participate in cation exchange, sorption may decrease due to increasing negative electrostatic 

repulsions between the negatively charged clay surface and the carboxylate moiety of the FQ. 

These repulsions are maximized at increasing pH above pKa2 and may differ among clays 

depending on their specific pHZPC (Wan et al., 2013). 

To examine the role of pH in the overall sorption of FQs in clay minerals, Kd (FQ) 

values from the dataset were grouped within ± 1 pH unit and plotted against the pH (Figure 

5.10). The pH trend observed when grouping literature data by the phyllosilicates classes 

defined before agreed with could be expected on the basis of changes in FQ speciation when 

varying pH (Wan et al., 2013). A second-order polynomic fitting of the overall dataset resulted 

in an explained Kd (FQ) variance of 50%, 70% and 48% for 1:2 swelling phyllosilicates, 1:2 

non-swelling phyllosilicates and 1:1 phyllosilicates, respectively, although for visualization 

purposes data in Figure 5.10 were grouped in 1 pH-unit intervals. This explained variance of 

the data was relatively high taking into account the different sources of variability of the original 

data (i.e., materials from different procedences; sorption data obtained at varying experimental 

conditions; Kd values derived in some cases from other reported sorption parameters), thus 

confirming the key role of pH on FQ sorption in phyllosilicate minerals.  
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Figure 5.10 Correlation between Kd (FQ) and pH for 1:2 swelling phyllosilicates (A, blue); 

1:2 non-swelling phyllosilicates (B, green); 1:1 phyllosilicates (C, red); dashed lines indicate 

the second-order polynomic fitting. 

 

The second-order polynomic fitting allowed to calculate the pH values in which 

maximum FQ sorption is achieved. These pH values were 3.4, 3.2 and 2.9 for 1:2 swelling 

phyllosilicates, 1:2 non-swelling phyllosilicates and 1:1 phyllosilicates, respectively. These 

values are close to the pHZPC of these respective clays (Chang et al., 2016; Pan, et al., 2012c), 

which also indirectly highlighted the role pHZPC in FQ sorption in phyllosilicates.  

 

 

 

A) log Kd = -0.03 pH2 + 0.23 pH + 4.60; r2 = 0.50; n = 38; p < 0.01
B) log Kd = -0.02 pH2 + 0.13 pH + 3.74; r2 = 0.70; n = 11; p < 0.01
C) log Kd = -0.02 pH2 + 0.05 pH + 3.54; r2 = 0.48; n = 20; p < 0.01
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5.4.4. Elucidating interaction mechanisms and additional phyllosilicate properties 

governing FQs sorption  

The role of secondary properties of the phyllosilicates, such as CEC and SSA, was 

examined when the information was available in the built-up dataset. Table 5.11 summarizes 

the CEC, SSA and the density of exchangeable sites per m2. Besides, it is reported FQ sorption 

data for a number of phyllosilicates, specifically Kd (FQ) values and maximum sorption 

capacities, CS,MAX, derived from Langmuir fitting performed in the cited publications.  

 

Table 5.11. Physicochemical properties and FQ sorption parameters in selected studies.  

Reference FQ Material Physicochemical 

Properties 

Solution nature 

and pH 

Sorption  

Parameters 

Wu et al., 2010 CIP Montmorillonite CEC = 110 ceq kg-1 

SSA = 35 m2 g-1 

CEC/SSA = 3.1 ceq m2 

Aqueous solution 

pH = 3.0 

Kd = 56,000 L kg-1 

CS,MAX = 120 ceq kg-1 

Chang et al., 2016 CIP Palygorskyte 

 

CEC = 18 ceq kg-1 

SSA = 173 m2 g-1 

CEC/SSA = 0.10 ceq m2 

Aqueous solution 

pH = 7.0 

Kd = 11,232 L kg-1 

CS,MAX = 16 ceq kg-1 

Liu et al., 2017b CIP Vermiculite 

 

CEC = 86 ceq kg-1 

SSA = 3.5 m2 g-1 

CEC/SSA = 25 ceq m2 

Aqueous solution 

pH = 5.0 

Kd = 2,507 L kg-1 

CS,MAX = 5.5 ceq kg-1 

Wang et al., 2011 CIP Illite CEC = 12 ceq kg-1 

SSA = 22 m2 g-1 

CEC/SSA = 0.55 ceq m2 

Aqueous solution 

pH = 4.5 

Kd = 2,456 L kg-1 

CS,MAX = 10 ceq kg-1 

Li et al., 2017a OFL Kaolinite 

 

CEC = 1.3 ceq kg-1 

SSA = 65 m2 g-1 

CEC/SSA = 0.02 ceq m2 

0.01 M NaCl 

pH = 7.0 

Kd = 1,111 L kg-1 

CS,MAX = 0.91 ceq kg-1 

CEC: cation exchange capacity; SSA = specific surface area; CS,MAX = maximum sorption capacity 
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Cation exchange of FQs and clays is supposed to be the main interaction mechanism at 

acidic to neutral pH, as already proved (Wu et al., 2010; Li et al., 2011; Chang et al., 2016), in 

agreement with the FQ sorption inhibition due to the increase in the concentration of competing 

cations in solution (Rivagli et al., 2014). As seen in Table 5.11, Kd (FQ) generally increased 

with CEC and SSA, although the individual effect of every property was difficult to be assessed 

as a high CEC was not necessarily related to a high SSA. In accordance, maximum sorption 

capacities derived from Langmuir fittings (CS,MAX) in these clays usually reached values close 

to their CEC, from which can be deduced that the CEC of the phyllosilicates play a role in 

restricting FQ sorption extension under these pH conditions.  

An exception to this pattern was the sorption of CIP in a vermiculite clay, for which the 

CS,MAX reached only 6% of the CEC. Although CIP molecules may also access to the interlayer 

space of vermiculite (Turel and Golobic, 2003; Liu et al., 2017b), the low sorption capacity 

compared to the CEC value could be due to its high density of CEC sites per square meter in 

comparison to the other clays reported in Table 5.11, which may compromise FQ fully access 

to all the sorbing sites due to steric effects. SSA values of the clays reported in Table 5.11 may 

significantly vary depending on clay nature and origin. Hence, it may be concluded that CEC 

is the main factor affecting FQ sorption capacity in phyllosilicates at acidic to neutral pH, 

although depending on exchangeable sites density, SSA contributes to determine the FQ 

sorption capacity of the phyllosilicate. 
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5.5. Conclusions 

The sorption of FQs in pure soil organic and mineral phases has been evaluated through 

compiled datasets originated from own experiments and literature data. It has been revealed 

that sorption of NOR, CIP and OFL in humic substances can be considered analogous, being 

this sorption process relatively fast, strong (with Kd (FQ) values usually within the 104 – 105 L 

kg-1 range), irreversible and affected by specific solution physicochemical properties (i.e., 

dissolved Ca concentration, DOC content and pH). Mechanisms involved in FQ sorption in 

humic substances were electrostatic, cation-π, hydrogen and halogen bonding interactions at 

slightly acidic pH. Sorption in metal oxides was, however, driven by complexation 

mechanisms, and varied according to both metal nature and surface area. The resulting sorption 

parameters in these materials pointed to a low contribution in the overall fate of FQs in bulk 

soils according to the low surface areas observed in metal oxides present in soils and the related 

lower Kd (FQ) values than for humic substances. Contrarily, sorption of FQs in phyllosilicate 

minerals, although dependent on clay nature and pH, was much higher than for metal oxides 

and similar to the values observed for humic substances. The main physicochemical property 

influencing sorption was pH, affecting both FQ speciation and clay surface charge. Clay 

property limiting maximum sorption capacity was CEC at acidic pH, although for those 

minerals with a high exchangeable site density, SSA became the main limiting factor due to 

steric effects among FQ molecules. The high Kd values observed in both humic acids and 

phyllosilicate minerals, although being highly pH-dependent, suggested that pH, organic matter 

and clay contents significantly contribute to the sorption FQ in bulk soils. 
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6.1. Introduction 

FQs are currently prescribed for treating human and animal diseases caused by Gram 

positive and Gram negative pathogens (Andersson and MacGowan, 2003). Due to their 

widespread use, partial elimination in the organism, and low photo and biodegradation (Girardi 

et al., 2011; Lin et al., 2018), high levels of FQs have been reported in environmental 

compartments. Specifically, FQs have been detected at mg kg-1 levels in animal manure such 

as chicken droppings, poultry and piggery, and the application of manure as a soil amendment 

is considered an important FQ input pathway in the environment (Picó and Andreu, 2007). 

Thus, FQs have been detected in soils at levels of up to a few hundred µg kg-1 (Riaz et al., 

2018); these levels may lead to bacterial resistance against these drugs (Redgrave et al., 2014), 

and thus disrupt the balance of the original ecosystems. 

The environmental fate of FQs is mainly controlled by their sorption to soil particles 

(Chen et al., 2015). As seen in the previous chapter, sorption of FQs in pure soil components, 

including humic acids, phyllosilicate minerals and metal oxides is highly pH-dependent. 

Fluoroquinolone sorption increases in acidic soils with clay content (Leal et al., 2013), being 

sorption on pure clay minerals is mainly controlled by cation exchange interactions at acidic to 

neutral pH. The addition of humic acid to soils also increases FQ sorption at acidic to neutral 

pH (Teixidó et al., 2014), involving cation exchange, electrostatic and hydrogen bonding 

interactions. Besides, the presence of metal oxides may increase FQ sorption at neutral to basic 

pH through surface complexation mechanisms (Paul et al., 2014), although this contribution is 

suspected to be negligible in average soils due to the low Kd values expected in naturally 

occurring metal oxides. Besides, soluble metals may decrease FQ sorption due to competition 

for exchangeable sites (Kong et al., 2014).  

Due to the multiple interaction mechanisms involved in FQ sorption, the development 

of models to predict Kd (FQ) based on the soils physicochemical properties as descriptors of 
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these chemical interactions is challenging. Based on the results obtained in the previous chapter, 

all soil pH, clay and organic matter content may play a significant role in the sorption process 

of FQs in soils, whereas the role of other soil and FQ physicochemical properties in the overall 

sorption in bulk soils is still unclear. In addition, some of the currently available commercial 

FQs differ slightly in their chemical structure (Van Doorslaer et al., 2014), and it is not yet clear 

whether their sorption in bulk soils can be considered analogous.  

A few empirical equations aiming to predict Kd for FQs in soils have been reported. For 

instance, a set of five equations have been proposed at different pH aiming to predict CIP 

sorption by multiple linear regressions (MLR) (Vasudevan et al., 2009). However, these 

equations were developed after forcing CIP sorption in 30 soils at different pH, thus modifying 

the surface charge of the original soil particles, and they may not be totally representative of 

real environmental scenarios. In addition, a parametric model aiming to predict NOR sorption 

was proposed after a PLS regression (Gong et al., 2012). The model included the following 

predictive variables: pH, clay, Fe, OM and exchangeable Ca content, and leaded to a 

satisfactory prediction of their own Kd (FQ) data.  However, the model was not tested against 

external validation data, and so its predictive effectiveness for other scenarios not contemplated 

in its construction is unclear. 

 Alternatively to parametric models based on specific physicochemical properties, to 

consider probabilistic tools allowing the derivation of best-estimate Kd values with their 

associated variability through CDFs are also of interest (USEPA, 2014). CDFs describe the 

population and variability of a given property, here Kd (FQ), and their related accumulated 

frequency through a continuous function. CDFs have been successfully used to describe Kd 

variability and to derive best-estimate Kd values of several pollutants after refining datasets 

according to the key soil properties governing interaction, instead of suggesting an overall Kd 

value regardless of soil properties (Ramírez-Guinart et al., 2020a, 2020b, 2020c).  
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In this chapter, we aimed to obtain Kd values for four FQs (NOR, CIP, ENR and OFL) 

in seven soils with contrasting physicochemical properties. The Kd (FQ) values were 

subsequently incorporated in a dataset built up with data gathered from the literature. Sorption 

analogy among FQs was assessed and a PLS prediction model was constructed. Due to the low 

predictive quality of the PLS model, we derived best-estimate Kd (FQ) values through CDFs 

by grouping Kd (FQ) data according to the most relevant soil properties affecting sorption. This 

strategy made it possible to reduce Kd (FQ) variability compared to that of the overall Kd (FQ) 

dataset, and thus appears better suited for risk assessment of a specific soil scenario.  

 

6.2. Materials and methods 

6.2.1. Reagents and materials 

NOR (> 99%), CIP (> 99%), ENR (> 99%) and OFL (≥ 95 %) were purchased from 

Sigma-Aldrich (Germany). Their main physicochemical properties are summarized in Table 

1.5. Milli-Q double deionized water (18.2 MΩ cm-1) was obtained from a water purification 

system (USF PureLaB Plus, Spain). A 1,000 mg L-1 FQ stock solution was prepared in HCl-

acidified (pH 4.0) Milli-Q water. HPLC-grade methanol, formic acid (> 95%), HCl (37%) and 

NaOH (> 95%) were purchased from Panreac (Spain).  

The soil samples used in this study were selected to cover a wide range of 

physicochemical properties, especially pH, CEC, OC and clay contents. The main soil 

properties are summarized in Table 6.1, and exchangeable and water-soluble cation contents 

for Na, K, Ca and Mg are provided in Table 6.2. Additional soil characterization information 

can be found elsewhere (Gil-García et al., 2008; Ramírez-Guinart et al., 2017).  

The pH of the blank soils was determined in a 40 g L-1 Milli-Q water suspension slurry 

after being shaken during 48 hours, whereas OC content was determined by elemental analysis 

(EA-1108 C.E Instruments, Thermo Fisher Scientific). Soil texture (sand, silt and clay contents) 
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was deduced after analysing the particle size of the soil particles by the pipette method (Burt, 

2004). CEC was determined by BaCl2-triethanolamine exchange at pH 8.2, accounting for the 

sum of exchangeable K, Na, Mg, Ca, NH4
+, Fe and Al (Burt, 2004). The amount of amorphous 

Fe was determined by ascorbic extraction (Kotska and Luther, 1994), whereas the amount of 

amorphous Al and Mn was determined by oxalate extraction (Carter and Gregorich, 2006). The 

calcium carbonate content, CaCO3, was determined by the Bernard method (Müller and 

Gastner, 1971).  

The DOC content in the blank soil suspensions was determined using a DOC analyser 

(Shimadzu TOC-5000 A, Japan) after acidification to pH 2.0 using HCl 1 N. Main water-soluble 

cations in the blank samples (including K, Na, Mg and Ca) were determined by ICP-OES 

(Thermo-Jarrell Ash 25 and Perkin Elmer Optima 3200 RL, USA) in a 40 g L-1 Milli-Q water 

suspension slurry. The pH of the samples ranged from 3.9 to 9.9, whereas the OC varied from 

0.3% to 41%. The CEC of the soils ranged from 22 to 185 cmolc kg-1, and sand and clay contents 

ranged from 12% to 86% and from 0.2% to 28%, respectively. Amorphous Fe, Al and Mn 

contents ranged 60 – 20,000; 120 – 580 and 110 – 390 mg kg-1, respectively. The sum of water-

soluble and exchangeable cations ranged from 0.90 to 9.5 mmolc L
-1 and from 5.9 to 116 cmolc 

kg-1, respectively. DOC contents in the supernatants ranged from 4 to 187 mg C L-1 and 

correlated with soil OC (p < 0.05, data derived from Table 6.1).  
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Table 6.1 Physicochemical properties of the soils 

 
a CEC = Cation Exchange Capacity; b OC = Organic Carbon; c Sand and Clay contents referred to mineral phase; d Amorphous metal content;  e DOC = 

Dissolved Organic Carbon; ∑ Ex cations: sum of exchangeable Na, K, Ca and Mg concentrations; ∑ WS cations: sum of water-soluble Na, K, Ca and Mg 

concentrations. 

 

Soil pH CEC a 

(cmolc kg-1) 

OC b   

(%) 

Sand c 

(%) 

Clay c 

(%) 

Fe d 

(mg kg-1) 

Al d 

(mg kg-1) 

Mn d   

(mg kg-1) 

CaCO3
  

(%) 

DOC e 

(mg L-1) 

∑ Ex cations  

(cmolc  kg-1) 

∑ WS cations  

(mmolc L-1) 

RED STONE 3.9 68 9.3 46 6 4.42 ·103 584 114 1.3 180 17 0.90 

ALM 5.5 23 1.6 54 10 1.01 ·103 404 204 2.0 15 5.9 1.6 

KOM 5.7 185 41 20 0.2 1.97 ·104 481 393 0.5 187 116 4.5 

BAD1 7.7 22 0.9 50 19 580 493 168 2.0 11 8.3 3.5 

DELTA2 8.0 87 7.7 12 28 2.97 ·103 230 330 51 39 66 9.5 

ZORITA 8.5 27 1.0 41 20 56 118 199 40 7 11 4.3 

VAN1 9.9 25 0.3 86 6 238 138 150 5 4 15 4.1 
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Table 6.2 Exchangeable and water-soluble cation concentrations for Na, K, Ca and Mg. 

 Exchangeable cations (cmolc kg-1) Water-soluble cations (mmolc L
-1) 

 Na K Ca Mg Na K Ca Mg 

RED STONE 14 0.60 1.0 1.7 0.09 0.18 0.30 0.33 

ALM 0.60 0.41 4.1 0.76 0.04 0.08 1.2 0.25 

KOM 8.8 0.50 100 6.7 0.17 0.13 3.5 0.67 

BAD1 0.48 0.62 5.5 1.7 0.06 0.10 2.2 1.1 

DELTA2 2.2 3.5 52 8.6 4.0 0.13 4.0 1.4 

ZORITA 0.13 0.48 9.3 1.2 0.01 0.08 4.0 0.17 

VAN1 0.77 0.34 13 0.93 0.06 0.03 3.8 0.25 

 

6.2.2. Batch experiments 

Batch experiments were applied to construct sorption isotherms for NOR and to 

determine Kd at a single initial concentration for CIP, ENR and OFL (OECD, 2000). Briefly, 

25 mL of Milli-Q water were added in 50 mL PP centrifuge tubes containing 1.00 g of soil. 

Tubes were shaken in an end-over-end shaker at 30 rpm and room temperature (22 – 25ºC) for 

24 hours to reach a pre-equilibrium state. Next, a certain amount of NOR solution was added 

to achieve a concentration range of 10 – 80 mg L-1 (1 – 8 mg L-1 for the VAN1 soil), whereas 

for CIP, ENR and OFL a concentration of 50 mg L-1 (5 mg L-1 for the VAN1 soil) was used, 

after ensuring that the selected concentrations fell within the NOR sorption linear range. After 

the spike, the tubes were shaken again wrapped with aluminium foil. After 48 hours, a period 

identified in previous kinetic studies as sufficiently long to achieve the equilibrium stage  (Pan 

et al., 2012; Peruchi et al., 2015), tubes were centrifuged at 7,800 g at 4 ºC for 15 min (AJ2-

HS, Beckman Coulter, USA), and then the supernatants were filtered through 0.45 μm and 

analysed as described in Section 6.2.3. Desorption experiments were run similarly with the solid 

residues obtained for the NOR sorption isotherms, after drying the residues at 40 ± 1 ºC. It was 
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also anticipated that desorption equilibrium would be reached after 48 hours in the light of 

previous kinetic studies in pure soil components (Martínez-Mejía et al., 2017; Wu et al., 2012). 

The pH of the resulting sorption and desorption supernatants did not significantly differ (± 0.2) 

from the soil pH reported in Table 6.1.  

Both sorption and desorption experiments were run in triplicate, and quality control 

samples were run in parallel in each batch. These controls included blank samples, to ensure 

that no background FQs were present in the soils, and control samples run without any soil to 

account for possible losses through the experimental stages. Blank samples revealed that no 

FQs were present in the soils prior to analysis, and control samples revealed null FQ losses 

during the experimental setup.  

 

6.2.3. FQs analysis by HPLC-FLD  

The HPLC separation conditions were adapted from elsewhere (Teixidó et al., 2014). 

An Agilent 1200 chromatograph was used for the FQ determination in both sorption and 

desorption supernatants, using an isocratic 75:25 0.01 M oxalic acid:MeOH mobile phase and 

a ZORBAX SB-C18 (5 µm, 4.6 x 250 mm) separation column. Flow rate and injection volume 

were set at 1 mL min-1 and 10 µL respectively. NOR, CIP, ENR and OFL detection was carried 

out using a FLD set at excitation/emission wavelengths of 280/447, 284/449, 284/467 and 

298/499 nm respectively.  

LOQ, determined as a signal-to-noise ratio of 10:1, were 0.01 mg L-1 for all FQs. In 

order to avoid biased results during the HPLC determination due to possible matrix effects 

(Peruchi et al., 2015), matrix-matched calibration curves were prepared during both sorption 

and desorption experiments for each soil and FQ pair. Seven-point calibration curves were 

prepared for each case, and Pearson coefficients rose to 0.99. The quantification precision of 

10 consecutive injections of a 0.2 mg L-1 NOR aqueous standard was 3.8% RSD, whereas the 
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quantification precision of 10 injections of 0.2 mg L-1 NOR aqueous standards on 10 different 

days was 6.1% RSD. Similar results were obtained for CIP, ENR and OFL. 

 

6.2.4. Creation of a Kd (FQ) dataset 

 A critically-reviewed dataset was created including batch sorption Kd data of FQs in 

soils, subsoils and sediments, all environmental matrices considered as analogues, in addition 

to ancillary information on physicochemical properties such as pH, OC and mineral contents. 

The dataset also included information on the experimental conditions in which the batch 

experiments were carried out. The sorption data obtained in this study for NOR, CIP, ENR and 

OFL were also included in the dataset. Other geochemical materials, such as pure organic and 

oxide and clay phases, were not considered. The percentages of sand, silt and clay of the soils, 

often reported referred to the mineral phase, were recalculated in this study when necessary to 

ensure that all mineral data was referred to the bulk soil. Acceptance criteria for the entries of 

the dataset were: (i) Only data originated from batch experiments was contemplated; (ii) For 

those studies reporting both the soil pH and the final pH after the sorption experiments, the 

latter pH was considered. Those studies reporting the pH of the aqueous solution but not the pH 

of the soil were included in the dataset, but excluded when grouping samples according to pH. 

Since changes in the pH of the contact solution may change some of the physicochemical 

properties of the soil, as well as affect the speciation of the FQs, for those studies reporting Kd 

(FQ) values at varying pH values only the sorption data obtained at ± 1 pH units differing from 

soil pH were considered; (iii) For those studies in which the organic matter was reported instead 

of OC, a conversion factor of 2.0 was applied (Pribyl, 2010); (iv) For those studies where the 

organic or mineral contents were modified (either removing one of the phases or adding pure 

components as surrogates), only the unmodified soils were included; (v) For those studies 

reporting Kd values at different ionic strengths only those Kd values attributed to the lowest 
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ionic strength were considered; (vi) Those studies reporting soil classification but not the 

specific percentages of sand, silt and clay were not considered when grouping according to 

mineral content; (vii) For those studies in which Kd values were not provided but Freundlich 

fitting parameters were reported, Kd values were calculated at an aqueous concentration of 100 

ng L-1, which is representative for FQs concentration in freshwaters (Massey et al., 2010). (viii) 

As LEV and OFL are two isomeric FQs, sorption of OFL and LEV was assumed to be 

analogous and was pooled into OFL data. As only a few sorption data were found for other FQs 

such as danofloxacin (i.e., Leal et al., 2013; Rath et al., 2019) the final dataset included only 

entries for NOR, CIP, ENR, OFL.  

The dataset had a total of 312 entries, and the list of references used to build up the 

dataset can be found in Table 6.3.  
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Table 6.3  List of references used to build up the sorption dataset  

 

OC was reported in all entries, and soil/sediment pH was reported in 295. pH, OC and 

textural mineral (sand/silt/clay) data were simultaneously available in only 251 entries, which 

Matrix Number  

of samples 

NOR CIP ENR OFL Number  

of entries 

Reference 

Soil 4 X    4 Peruchi et al., 2015 

Soil 4  X X  8 Rath et al., 2019 

Soil 30  X   30 Vasudevan et al., 2009 

Soil 5 X  X  10 Figueroa-Diva et al., 2010 

Soil 13 X X X  39 Leal et al., 2013 

Soil 1  X X  2 Parpounas et al., 2017 

Soil 1   X  1 Graouer-Bacart et al., 2015 

Soil 2    X 2 Wu et al., 2014 

Soil 3 X    3 Kong et al., 2014 

Soil 3 X    3 Zhang et al., 2009 

Soil 2    X 2 Drillia et al., 2005 

Soil 3 X    3 Zhang and Dong, 2008 

Soil 1 X    1 Pan and Chu, 2016 

Soil 1 X X X  3 Conkle et al., 2010 

Soil 11    X 11 Zhou et al., 2014 

Soil 3  X X  6 Uslu et al., 2008 

Soil 3   X  3 Sturini et al., 2012 

Soil 1 X X X  3 Leal et al., 2012 

Soil 5  X X X 7 Nowara et al., 1997 

Soil 2  X X  4 Teixidó et al., 2014 

Soil 4  X   4 Dalkmann et al., 2014 

Soil 4    X 4 Li et al., 2017 

Soil 23 X    23 Gong et al., 2012 

Soil 8 X    8 Williams et al., 2009 

Soil 3 X    3 Peng et al., 2014 

Soil 4 X  X X 12 Chen et al., 2016 

Soil 4 X    4 Zhang and Dong, 2007 

Soil 3  X   3 Sidhu et al., 2019 

Soil 1  X   1 Zhao et al., 2017 

Soil 1  X X X 3 Riaz et al., 2019 

Soil 20   X  20 Álvarez-Esmorís et al., 2020 

Soil 4  X  X 8 Kiecak et al., 2019 

Soil 9    X 9 Hanamoto and Ogawa, 2019 

Soil 2   X  2 Aldana et al., 2021 

Soil 1    X 1 Wei et al., 2021 

Soil 7 X X X X 28 This study 

Sediment 7  X   7 Mutavd et al., 2017 

Sediment 3 X    3 Cao et al., 2015 

Sediment 6 X    6 Jin et al., 2011 

Sediment 1    X 1 Wang et al., 2017 

Sediment 1 X    1 Hari et al., 2005 

Sediment 1 X    1 Dong et al., 2018 

Sediment 3  X   3 Córdova-Kreylos and Scow, 2007 

Sediment 4 X    4 Williams et al., 2009 

Sediment 2 X  X X 6 Chen et al., 2016 

Sediment 1    X 1 Zhang et al., 2019 

Sediment 1  X   1 Belden, 2007 

Total 226 97 87 74 54 312  
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originated from samples that were representative for a wide range of soil texture types according 

to the USDA classification (see Figure 6.1). 

 

Figure 6.1 USDA classification of the soil/sediment samples included in the dataset 

according to their pH, OC and sand/silt/clay relative percentage. 

 

6.2.5. Data treatment and statistical analysis 

The sorbed concentration on the solid phase (Cs, mg kg-1) was calculated as the 

difference between the initial spiked concentration (Cin, mg L-1) and the FQ concentration 

determined in solution by HPLC-FLD (Ceq, mg L-1), according to Equation 6.1: 

 

CS = 
(C

in
- Ceq)·V

m
 (6.1) 
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where V (L) is the total volume of contact solution and m (kg) refers to the dry mass of soil 

added.  The Kd (L kg-1), was calculated as follows: 

Kd =  
CS

Ceq
 (6.2) 

Similarly, the concentration remaining in the solid phase after running the desorption 

experiments (CS,des, mg kg-1) was calculated according to Equation 6.3: 

CS,des = Cin,des - 
Ceq,des·V

m
 (6.3) 

where Ceq,des (mg L-1) is the FQ concentration in the solid and aqueous phases after desorption 

experiments, whereas Cin,des (mg kg-1) is the sorbed concentration in the solid phase before 

running the desorption experiments. Thus, Cin,des is CS corrected by the amount of FQ present 

in the residual volume of solution (Vres, L
-1) removed after drying the residues of the sorption 

experiments: 

Cin,des = CS + 
Ceq· Vres

m
 (6.4) 

Desorption percentage was calculated as: 

% D = 
Ceq,des·V

Cin,des·m
·100 (6.5) 

The experimental data obtained after the isotherm experiments were fitted to the Linear 

(Equation 6.2) and Freundlich (Equation 6.6) models. This last model considers a parameter 

(KF, (mg kg-1) / (mg L-1) N ) related to the affinity of the sorbate-sorbent interaction and a 

dimensionless parameter, N, related to the heterogeneity of sorption sites. For N = 1, the model 

assumes that the sorbent has a sufficient amount of equally-affine sorption sites able to bind the 

sorbate, and therefore, Equation 6.2 equals to Equation 6.6 and KF equals to Kd (Limousin et 

al., 2007). 

 

CS =  KF (Ceq) N  (6.6) 
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The sorption data for NOR, CIP, ENR and OFL for our own experiments were compared 

by a two-way ANOVA with replicates at α = 0.05, whereas the sorption data derived from the 

literature dataset were examined by classifying log Kd values in box and whisker plots, and 

FLSD test run at α = 0.05 (Statgraphics Technologies, USA) was used for statistical comparison 

of the FQ populations. 

 

6.2.6. Development of a partial least squares prediction model  

PLS is a multivariate regression method that builds a model for predictive purposes in 

a low-dimensional space formed by Latent Variables (LVs). PLS can also be used to determine 

which variables are more important for correlating with the Y property, here Kd (FQ), by 

checking certain indexes such as the Variable Importance in Projection (VIP) scores. In 

addition, the influence plot allows the identification of samples with extreme properties for the 

model (those with a high Hoteling T2 value) or samples with a high error between observed and 

predicted Kd (those with a high Q residual value). The PLS regression was run using Matlab 

(PLS Toolbox703, Matlab® R2009a (MathWorks 181 Inc., USA)), and all data were log10 

transformed (with the exception of pH) and autoscaled prior to running the PLS analysis.  

To build the model, selected literature data were used to complement part of our data to 

construct a “calibration set” representative for a wide range of soil properties. The calibration 

set comprised 80 soils and 92 entries, all of them reporting pH, soil texture, CEC, OC and Fe 

content, and included Kd data for NOR, CIP, ENR and OFL (Table 6.4). The fraction of each 

FQ species at a given pH was calculated as described elsewhere (Septian et al., 2018) and were 

also included in the model. Only the Kd values of a single representative FQ were considered 

for soils for which sorption Kd data of different FQ were reported, but Kd values for different 

FQs obtained in the same soil were accepted in the calibration matrix only for those soils that 

could improve the calibration set due to their having extreme soil property values (e.g., pH and 

OC).  
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Table 6.4 List of references to build up the calibration set. 

Reference FQ soils pH  OC (%) Sand (%) Silt (%) Clay (%) CEC (ceq kg-1) Fe (g kg-1) 

This study* 

 

NOR 

CIP 

ENR 

OFL 

4 

4 

4 

7 

5.7 – 9.9 

5.7 – 9.9 

5.7 – 9.9 

3.9 – 9.9 

0.30 – 41  

0.30 – 41  

0.30 – 41  

0.30 – 41  

3.6 – 86 

3.6 – 86 

3.6 – 86 

3.6 – 86  

8.0 – 51   

8.0 – 51 

8.0 – 51 

8.0 – 51  

0.04 - 24 

0.04 - 24 

0.04 - 24 

0.04 – 24  

25 – 185 

25 – 185 

25 – 185 

22 – 185  

0.06 – 20 

0.06 – 20 

0.06 – 20 

0.06 – 20  

Riaz et al., 2019 OFL 1 5.8 2.7 9.5 68 17 2.1 8.3 

Vasudevan et al., 2009 CIP 30 3.2 – 7.5 0.04 - 9 8.9 – 92  3.7 – 66  1.2 – 60  0.98 – 62  0.04 – 31  

Leal et al., 2013 ENR 13 3.7 – 6.9 0.67 – 21 6.5 – 86  3.9 – 41  3.9 – 57  28 – 218  3 – 192  

Aldana et al., 2021 ENR 2 8.1 – 8.2 1.7 – 2.9  26 – 37  35 – 40  20 – 33  28 – 70  0.05 – 0.18 

Gong et al., 2012 NOR 23 4.7 – 7.8 0.12 - 24 0.97 – 89  10 – 68  0.40 – 21 2.5 – 41  12 – 364  

Zhang and Dong, 2007 NOR 4 5.2 – 8.1 0.3 – 1.5 34 – 62  24 – 47  13 – 28 10 – 24  10 – 50  

Total  92 3.2 – 9.9 0.04 - 41 0.97 - 92 1.8 - 72 0.04 - 60 0.98 - 218 0.01 - 364 

* Additional data for NOR, CIP and ENR in soils KOM, DELTA2, ZORITA and VAN1 was contemplated. 
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The samples selected for the calibration set had pH and OC values ranging from 3.2 to 

9.9 and from 0.04 to 41% respectively. Besides, sand, silt and clay percentages, all of them 

referring to the bulk soil, ranged 1.0 – 92%, 1.8 – 72% and 0.04 – 60% respectively. Soil CEC 

ranged 0.98 – 218 cmolc kg-1, whereas Fe contents ranged 0.01 – 364 g kg-1. The histograms of 

the selected properties revealed a good distribution of their values within the calibration set (see 

Figure 6.2).  

pH OC (%) 

  

Sand (%) Silt (%) 

  

  

Figure 6.2 Histograms displaying the range of selected soil properties for the calibration 

(green) and validation (orange) datasets. 
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Clay (%) CEC (cmolc/kg) 

  

Fe (g/kg)  

 

 

Figure 6.2 (Continued) 

 

The model used only the variables that significantly described Kd (FQ) (those with VIP 

scores > 1) and it was validated using both cross-validation (using the venetian blind method 

with 10 data splits) and external data. This external validation included data from the literature 

not considered in the calibration set with the reported physicochemical properties of the 

variables selected in the final model (Table 6.5).  
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Table 6.5 List of references to build up the external validation set 

Reference FQ soils Entries pH  %OC % Sand CEC 

Parpounas et al., 2017 ENR, CIP 1 2 7.2 0.60 19 190 

Graouer-Bacart et al., 2015 ENR 1 1 8.1 3.4 45 18 

Uslu et al., 2008 ENR, CIP 3 6 6.0 – 6.6 0.59 – 2.3 78 – 93  4.0 – 9.0 

Sturini et al., 2012 ENR 3 3 6.4 – 6.5 1.1 – 1.8 43 – 46  13 – 18  

Leal et al., 2012 NOR, CIP, ENR 1 3 5.9 1.6 12 128 

Nowara et al., 1997 ENR, CIP, OFL 5 7 4.9 – 7.5 0.70 – 1.6 27 – 84  7.4 – 19  

Teixidó et al., 2014 ENR, CIP 2 4 7.4 – 7.4 1.0 – 1.6 14 – 37  8.9 – 16  

Peng et al., 2014 OFL 3 3 4.8 – 8.7  0.52 – 2.1 9.8 – 42  6.4 – 26  

Chen et al., 2016 NOR, ENR, OFL 6 18 7.1 – 7.9 0.39 – 3.3 6.5 – 92  8.9 – 25  

Zhao et al., 2017 CIP 1 1 7.1 2.8 34 7.7 

Álvarez-Esmorís et al., 2020 ENR 20 20 4.1 – 7.3 0.30 – 11  35 – 70  3.3 – 28  

Córdova-Kreylos and Scow, 2007 CIP 3 3 5.1 – 8.6 2.0 – 2.8 27 – 56  5.1 – 11  

Jin et al., 2011 NOR 2 2 6.2 – 8.7  0.25 – 2.8 31 – 56  7.9 – 20  

Peruchi et al., 2015 NOR 4 4 4.1 – 5.0 0.89 – 1.9 15 – 91  1.9 – 6.6 

Rath et al., 2019 CIP, ENR 4 8 4.1 – 5.0 0.89 – 1.9 15 – 91  1.9 – 6.6 

Belden, 2007 CIP 1 1 5.6 1.3 16 16 

Zhang and Dong, 2008 NOR 3 3 4.8 – 4.9 0.21 – 0.35 42 – 47  5.3 – 8.9 

TOTAL  59 89 4.1 – 8.7 0.21 - 11 6.5 – 92  1.9 – 190  
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The external validation set comprised 59 soils, with a total number of entries of Kd (FQ) 

of 89. The samples in this external validation set had pH, OC, sand and CEC values ranging   

4.1 – 8.7%, 0.21 – 11%, 6.5 – 92% and 1.9 – 190 cmolc kg-1 respectively, and fell within the 

variable ranges contemplated in the calibration set (see Figure 6.2).  

To evaluate the predictive accuracy of the model, the root square mean error (RMSE) 

and the residual predictive deviation (RPD) were calculated as: 

RMSE = 
√ ∑  (log Kd, measured,i- log K

d,predicted,i
)

2
n
i=1

N
 

 

(6.6) 

where log Kd,measured,i are the measured experimental log Kd values, log Kd,predicted,i are the 

predicted log Kd values by the model, i is the entry being tested and N is the total number of 

entries included in the model.  

The RPD was calculated as:  

RPD = 
SD

RMSE
 

 

(6.7) 

where SD is the standard deviation of the original experimental log Kd,measured data. RPD values 

therefore relate the variability of the original data to the variability of the prediction errors, and 

are indicative of the quality of the model. Despite RPD thresholds are subjective and dependent 

on imposed quality requirements, usually RPD values < 1.5 are considered as models with poor 

prediction ability; RPD values from 1.5 to 2.0 are considered as models with acceptable 

prediction ability; RPD values between 2.0 and 3.0 are considered as models with good 

prediction ability, and RPD values > 3.0 are considered as models with excellent prediction 

ability (Knight et al., 2019). 
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6.2.7. Construction of cumulative distribution functions  

 Since Kd is a ratio between concentrations (see Equation 6.2), Kd data are expected to 

follow a log10 normal distribution (Sheppard, 2011). Therefore, the statistical parameters 

describing a symmetrical log Kd distribution are the location parameter (µ), considered as the 

most probable log Kd value corresponding to the 50th percentile (which permits derivation of 

the best-estimate value of a Kd population), and the scale parameter (σ), which gives an 

estimation of the dispersion among log Kd values.  

 The overall dataset was refined according to a few soil physicochemical properties 

affecting FQs sorption. The log Kd data within each dataset were sorted by increasing value and 

an empirical frequency (fexp,i) equal to 1/N (where N is the total number of entries) was assigned 

to each entry. Experimental cumulative frequency distribution was constructed by assigning to 

each sorted log Kd value its corresponding cumulative frequency (Fexp,i), i.e., the sum of the 

preceding frequencies (𝐹(𝐾𝑑,𝑗) =  ∑ 𝑓(𝐾𝑑,𝑖)
𝑗
𝑖=0 ). The Kolmogorov-Smirnov test was applied 

to ensure the lognormal distribution of each resulting CDF, and then these were fitted to the 

theoretical normal CDF equation (Equation 6.8) using the cftool toolbox of Matlab (Matlab® 

R2009a (MathWorks Inc., USA)): 

P (log Kd,i  ≤  log Kd,j) =  ∑ p (log Kd,i)

log Kd,i ≤ log Kd,j

=  
1

2
+ 

1

2
erf (

log(Kd,i) −  µ

σ √2
) ; Kd,i > 0   

(6.8) 

where P is the cumulative probability, erf is the error function, and subscripts i and j represent 

two different Kd values in the ranked grouping (Ramírez-Guinart et al., 2020a). Both µ and σ 

were derived from each dataset after fitting the data to Equation 6.8, and the 5th and 95th 

percentiles were calculated accordingly.  

As the overall sorption dataset was split into partial datasets according to the threshold 

values of the soil variables that were relevant in FQ sorption, CDFs were obtained for the 

overall and partial datasets, the latter aiming to derive representative best-estimate Kd (FQ) 
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values with a lower associated variability than that of the overall dataset. As the construction 

of reliable CDFs requires a minimum number of entries (around N ≥ 7-10 entries, Ramírez-

Guinart et al., 2020a), the thresholds of the variable ranges to define the partial datasets were 

adapted to ensure a minimum number of entries in the partial datasets. For cases for which a 

CDF could not be constructed, the reported Kd best estimates were straightforwardly calculated 

from the geometrical mean (GM) and geometrical standard deviation (GSD) of the original 

data. Finally, FLSD tests were run at α = 0.05 (Statgraphics Technologies, USA) to complete 

the CDF analyses and to carry out a statistical comparison with the populations resulting from 

the partial datasets defined according to the thresholds of each soil variable considered. 

 

6.3. Results and discussion 

6.3.1 Sorption and desorption pattern of NOR in soils 

 Figure 6.3 shows the NOR sorption isotherms in the seven soils and summarizes the 

results of the fitting of the isotherms to the linear and Freundlich model. Although previous 

studies performing sorption of NOR on soils found non-linear isotherms (Kong et al., 2014; 

Peruchi et al., 2015), the isotherms in the present study had a linear trend, as revealed by their 

high Pearson coefficients (> 0.98) and the N values resulting from Freundlich fitting equals to 

one (see Table 6.6). The linearity of the isotherms obtained could be attributed to both the lower 

initial concentration range (≤ 80 mg L-1) tested and to the higher soil-to-solution ratio (40 g L-

1) than those used in previous works, leading to a higher number of available sorption sites able 

to interact with NOR. Therefore, the linearity of the isotherms validated the derivation of Kd 

values from the slope of the respective sorption isotherm.  

 The derived Kd values varied within the 44 – 5,600 L kg-1 range, and in general they 

indicated a strong sorption and therefore a low expected mobility of FQs in soils, with the 

exception of the ZORITA and (especially) VAN1 soils.  
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Figure 6.3 Sorption isotherm of NOR in the seven studied soils. Solid lines indicate the 

Linear fitting. 

 

The sequence of Kd (NOR) variation between soils agreed with the changes in the soil 

properties that are expected to govern NOR sorption.  

 

Table 6.6 Sorption Kd values and desorption percentages for NOR in the studied soils. 

Soil Kd (L kg-1) r2 KF (mg kg-1) / (mg L-1) N N (dimensionless) r2 %D 

RED STONE 3,940 ± 400 0.989 4,010 ± 560 1.13 ± 0.18 0.991 0.37 ± 0.10 

ALM 5,600 ± 560 0.988 5,870 ± 1,470 1.00 ± 0.18 0.984 0.36 ± 0.16 

KOM 4,810 ± 530 0.988 5,320 ± 770 1.13 ± 0.14 0.991 0.25 ± 0.11 

BAD 2,080 ± 200 0.989 1,990 ± 165 0.88 ± 0.17 0.983 1.1 ± 0.08 

DELTA2 2,920 ± 290 0.988 2,650 ± 230 0.89 ± 0.12 0.991 0.50 ± 0.10 

ZORITA 640 ± 37 0.996 575 ± 45 1.09 ± 0.09 0.997 1.5 ± 0.09 

VAN1 44 ± 4 0.989 37 ± 6 1.09 ± 0.18 0.989 20 ± 2.4 
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ALM presented the highest Kd, followed by KOM, despite their contrasting mineral and 

organic contents. However, these two soils had a pH around 5.5, at which FQ sorption is 

favoured at both clay minerals and humic substances sites (Martínez-Mejía et al., 2017; Wan et 

al., 2013). RED STONE presented a slightly lower Kd value than KOM probably due to its 

lower pH (3.9), which does not favour sorption of NOR cationic species due both to a decrease 

in the negative charges in the soil surface particles and to the competition of protons for 

exchangeable sites (Wan et al., 2013). BAD1 presented a lower Kd value than ALM, despite 

containing a higher clay content, probably due to its lower OC and its slightly basic pH, which 

strongly affects the sorption in mineral phases due to the negative repulsions of the zwitterion 

NOR form and the negative charges present in mineral particles (Wan et al., 2013). DELTA2, 

although slightly more alkaline than BAD1, presented a higher Kd value. Albeit the presence of 

mono- and divalent cations in solution may compete for exchangeable sorption sites with the 

zwitterion NOR species (Kong et al., 2014), its higher Kd could be attributed both to its higher 

Fe content, which may favour sorption at this pH due to complexation mechanisms with Fe-

minerals (Paul et al., 2014), and to its higher OC content. The much lower Kd value found in 

ZORITA than in DELTA2 could therefore be attributed to higher pH, lower OC and Fe contents 

and higher sand content, which all negatively affect sorption of FQs (Vasudevan et al., 2009). 

Finally, the Kd value found for VAN1 was the lowest among the soils analysed. Although no 

sorption data obtained in soils at pH 10 could be found in the literature, this extremely low 

sorption could be attributed to its alkaline pH, low OC and high sand content.  

Since NOR sorption is affected by multiple soil properties including pH, OC, sand, Fe, 

DOC contents and concentration of water-soluble cations, our sorption Kd data for NOR were 

correlated with soil properties. A preliminary overview of our data revealed that Kd (NOR) 

values were not linearly correlated to any single property of the soils at α = 0.05, with the 

exception of pH (r2 = 0.72). In this regard, Figure 6.4 displays the Kd (NOR) values for all 
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tested soils along with soil pH, superimposed over the NOR speciation diagram over pH, to 

illustrate the key role of pH and NOR speciation in Kd (NOR) variability. For soil pH below 

pKa1, NOR sorption increased with pH, as is often observed for cationic species. Sorption 

increased when approaching pKa1, regardless of other soil characteristics, as NOR was present 

in the soil under its cationic and zwitterion forms. 

 

Figure 6.4 Dependence of Kd (NOR) values with soil pH superimposed with NOR speciation 

diagram. Dashed lines indicate the respective NOR fraction of each NOR species at each pH. 

 

At pH above pKa1, sorption started to decrease likely due to the increase in electrostatic 

repulsions between the carboxylate group of the increasingly predominant zwitterion species 

and the negatively charged soil particles; these repulsions were further maximized for scenarios 

with pH > pKa2, for which the anionic form gradually became the majority species.  

NOR desorption percentages are also given in Table 6.6. They were extremely low 

(generally < 1%), with the exception of VAN1 (20%). In fact, the sequence of desorption yields 
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roughly agreed with the inverse of the sequence of Kd (FQ) in the soils tested. These results, 

combined with the previous sorption data, strongly suggest a low leaching potential of FQs in 

slightly acidic soils, but a higher mobility is expected, and therefore a higher environmental 

risk, for basic sandy soils with low OC content, in agreement with previous leaching data 

obtained in the laboratory (Pan and Chu, 2017; Domínguez et al., 2014).  

 

6.3.2. Assessing the sorption analogy between NOR, CIP, ENR and OFL 

In order to test sorption analogy between FQs in the tested soils, Kd values for CIP, ENR 

and OFL were derived using the same batch methodology. Since Kd (NOR) was constant along 

the range of concentrations tested, the Kd values for CIP, ENR and OFL could be obtained at a 

single initial concentration within the range tested for NOR. The %RSD of the Kd (FQ) 

replicates was ≤ 20%. Figure 6.5 displays the Kd values derived for the four FQs. Smaller 

differences were observed between FQs for a given soil than between soils for a given FQ, 

suggesting a lesser role of the FQ structure for the tested FQs in soil sorption. A two-way 

ANOVA analysis confirmed that Kd (FQ) was significantly affected by the soil factor but not 

by the FQ factor.  

 

Figure 6.5 Comparison of Kd values obtained for NOR, CIP, ENR and OFL in the seven soils. 
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In order to extend these comparisons to a larger scale, the sorption data for NOR, CIP, 

ENR and OFL gathered in the literature dataset were analysed by box and whisker plots (see 

Figure 6.6).  

 

Figure 6.6 Box and whisker plots of Kd values for NOR, CIP, ENR and OFL derived from the 

overall dataset; Central values are the calculated median values. 

 

FLSD results showed that sorption of these four FQs was statistically comparable, with 

median Kd (L kg-1) values of 2,500, 2,300, 1,900 and 2,000 for NOR, CIP, ENR and OFL 

respectively, suggesting that sorption differences that could be attributed to target FQs have a 

much lower contribution to Kd (FQ) variability than that caused by soil physicochemical 

properties. 
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6.3.3. Development of a multivariate Kd (FQ) prediction model 

 As Kd (FQ) is affected by multiple soil and FQ physicochemical properties, PLS 

regression was used to construct a multivariate Kd (FQ) prediction model. Considering the data 

in the calibration dataset (Table 6.4), the PLS explained 75% of the Kd (FQ) data variance using 

five LVs. The influence plot revealed that most of the data was within the acceptance range of 

the Q residuals vs. Hotelling T2 statistics, suggesting the presence of minor extreme soils 

samples in the calibration set (Figure 6.7).  

 

Figure 6.7 Influence plot (Q Residuals vs. Hotelling T2) of the PLS-based Kd (FQ) model. 

 

The VIP projection of the original variables are displayed in Figure 6.8.  

 

Figure 6.8 VIP scores of the original variables of the PLS-based Kd (FQ) model. 



CHAPTER VI: SORPTION OF FQs IN SOILS 
__________________________________________________________________________________ 

291 

 

 The VIP scores confirmed that pH, CEC, OC and sand contents were good descriptors 

(VIP score > 1) of Kd (FQ), while silt, clay and Fe contents did not significantly describe the 

Kd (FQ) of the calibration dataset (VIP score < 1). Among the three FQ species (cationic, 

zwitterion and anionic), only the cationic species (FQ(+)) contributed significantly (VIP score 

> 1) to Kd (FQ).  

Accordingly, a new simplified model considering only the relevant properties (VIP 

score > 1) describing Kd (FQ) was created. The new PLS model explained 61% of the Kd (FQ) 

data variance using three LVs, and the model resulted in the following equation:  

 

log Kd = - 0.06 pH - 0.17 log OC - 0.48 log Sand + 0.79 log CEC + 0.34 log FQ(+) + 3.54 (6.9) 

 

Cross-validation revealed that the prediction ability of the model was acceptable, 

obtaining RMSE and RPD values of 0.44 and 1.88 respectively, although a slope and y-intercept 

between the experimental and modelled log10-transformed Kd values statistically differed to one 

and zero respectively (see Figure 6.9). 

 

Figure 6.9 Cross-validation results of the PLS-based FQ (Kd) model. 
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The predictive ability of the model was lower when the external validation set was 

tested, describing only 32% of the Kd (FQ) data variance, and obtaining RMSE and RPD values 

of 0.57 and 1.13 respectively and a slope and y-intercept between the experimental and 

modelled log10-transformed Kd values statistically different to one and zero respectively (see 

Figure 6.10).  

 

Figure 6.10 External validation results of the PLS-based FQ (Kd) model. 

 

The low predictive quality of the PLS-based model could be attributed to its inability to 

explain the non-linear sorption trend with pH observed in Section 6.3.1. Hence, due to the low 

predictive quality of the PLS-based prediction model, best-estimate Kd (FQ) values with 

informed variability were derived by a probabilistic approach. 
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6.3.4. Deriving best-estimate Kd (FQ) values in soils  

CDFs were constructed to derive best-estimate Kd values for soils grouped according to 

the values of specific soil properties, to reduce the variability affecting the proposal of Kd (FQ) 

values for risk assessment, and to better describe Kd (FQ) variability for a given soil group. 

Therefore, the literature dataset was split into partial datasets according to pH as the main 

relevant parameter, OC, and sand content. These three properties, besides being key soil 

properties affecting FQ sorption, are the ones for which the most information is available in the 

literature dataset.  

Regarding pH grouping criteria, the thresholds of every pH group were defined 

according to FQ pKa values in order to represent the effect of each FQ species on sorption. The 

first group comprised soils with pH < 5.5, whereas the second group was formed by soils with 

pH ranging from 5.5 to 7.5. This latter pH threshold also ensured that there were sufficient data 

to assess the sorption of the negatively charged FQ species in soils with pH ≥ 7.5. The median 

pH values of the entries in each group were 4.7, 6.6 and 7.8 respectively, thus confirming that 

these partial datasets could be considered descriptors of the presence of cationic, zwitterion and 

anionic FQ species. As regards the OC variable, soils were grouped as those with OC < 2% 

(representative for mineral soils) and those with OC ≥ 2%. The soils with OC > 10% could not 

be grouped due to the lack of sorption data for organic soils. The textural characteristics of soil 

affect FQ sorption, which is mainly driven by clay minerals. Since clay minerals may also be 

found in the silt fraction of the soil, sand content was chosen as the Kd (FQ) descriptor for the 

overall dataset refinements to derive CDFs based on textural information. Thus, soil Kd (FQ) 

data were grouped according to soils having < 50% and ≥ 50% sand content, which obtained a 

sufficient amount of data in each partial dataset to allow the construction of CDFs. Figure 6.11 

displays the CDFs derived for the overall dataset and for pH partial datasets.  
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

Overall Blue 312 1,679 7.59 0.998  

pH < 5.5 Red 117 1,690 7.88 0.998 A 

pH 5.5 – 7.5 Green 127 3,390 5.80 0.995 B 

pH ≥ 7.5 Pink 51 324 4.49 0.989 C 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 1Different 

letters in the datasets compared indicate statistically significant differences between GMs according to the Fisher’s 

Least Significant Differences test.  

 

Figure 6.11 CDFs of log Kd (FQ) distributions for soil groups according to the pH criterion. 
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This approach permitted the derivation of best-estimate Kd (FQ) values of 

approximately 1,700 and 3,400 L kg-1 for the acidic and neutral soil datasets respectively, 

whereas for basic soils the best-estimate Kd (FQ) value was nearly one order of magnitude 

lower (320 L kg-1; see Table 6.6). These values agree with the pH trend observed in Section 

6.3.1, in which sorption was maximized at pH 5 – 7. Moreover, the FLSD test revealed that all 

three resulting datasets led to the quantification of statistically different descriptors, confirming 

that pH was an important parameter affecting sorption and that Kd (FQ) best estimates may 

change within one order of magnitude solely based on changes in pH, besides generally 

decreasing the data variability with respect to that of the overall dataset.  

To reduce data variability further, double groupings were tested according to pH_OC 

and pH_Sand criteria. Refining the overall dataset by pH_OC and pH_Sand criteria led to 

datasets that were significantly different according to FLSD tests for soils with pH < 5.5 (see 

Figure 6.12 and Figure 6.13) and pH 5.5 – 7.5 (see Figure 6.14 and Figure 6.15). For soils 

with pH > 7.5, the application of both the pH_OC and pH_Sand criteria did not result in 

significantly different datasets (Figure 6.16 and Figure 6.17), suggesting a minor effect of the 

organic matter and textural characteristics in Kd (FQ) for these scenarios. The best estimate Kd 

(FQ) results from the application of the pH_OC criterion (see Table 6.6) agreed with the pH-

dependent sorption of FQs in soil organic matter components (Martínez-Mejía et al., 2017) and 

confirmed the positive effect of OC on FQ sorption in soils (Teixidó et al., 2014). In addition, 

application of the pH_OC criterion allowed the derivation of Kd (FQ) best estimates with a 

generally lower variability than the overall data. Similarly, the refinement by the pH_Sand 

criterion revealed lower best-estimate Kd (FQ) values with increasing sand contents, which 

confirm the higher FQ leaching observed in sandy soils than in other loamy and clay soils (Pan 

and Chu, 2017), and data variability was generally reduced in each refinement. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH < 5.5 Blue 117 1,690 7.88 0.998  

pH < 5.5; OC < 2 % Red 67 1,028 4.16 0.984 A 

pH < 5.5; OC ≥ 2 % Green 50 3,837 14.0 0.989 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.12 Resulting CDFs after splitting the soils by the pH_OC criteria for those soils 

with pH < 5.5. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH < 5.5 Blue 117 1,690 7.88 0.998  

pH < 5.5; Sand < 50 % Red 64 4,581 8.59 0.983 A 

pH < 5.5; Sand ≥ 50 % Green 50 478 4.11 0.983 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.13 Resulting CDFs after splitting the soils by the pH_Sand criteria for those soils 

with pH < 5.5. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH 5.5 – 7.5 Blue 127 3,390 5.80 0.995  

pH 5.5 – 7.5; OC < 2 % Red 71 2,028 6.45 0.993 A 

pH 5.5 – 7.5; OC ≥ 2 % Green 56 3,828 4.34 0.992 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.14 Resulting CDFs after splitting the soils by the pH_OC criteria for those soils 

with pH 5.5 - 7.5. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH 5.5 – 7.5 Blue 127 3,390 5.80 0.995  

pH 5.5 – 7.5; Sand < 50 % Red 61 3,846 2.93 0.984 A 

pH 5.5 – 7.5; Sand ≥ 50 % Green 26 750 3.16 0.992 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.15 Resulting CDFs after splitting the soils by the pH_Sand criteria for those soils 

with pH 5.5 – 7.5. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH ≥ 7.5 Blue 51 324 4.49 0.989  

pH ≥ 7.5; OC < 2 % Red 38 261 4.82 0.971 A 

pH ≥ 7.5; OC ≥ 2 % Green 13 427 3.18 0.982 A 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.16 Resulting CDFs after splitting the soils by the pH_OC criteria for those soils 

with pH ≥ 7.5. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH ≥ 7.5 Blue 51 324 4.49 0.989  

pH ≥ 7.5; Sand < 50 % Red 24 459 6.07 0.966 A 

pH ≥ 7.5; Sand ≥ 50 % Green 26 175 3.11 0.977 A 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.17 Resulting CDFs after splitting the soils by the pH_Sand criteria for those soils 

with pH ≥ 7.5. 
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Triple groupings according to the pH_OC_Sand criterion were examined (see Figure 

6.18, Figure 6.19, Figure 6.20, Figure 6.21 and Figure 6.22). As revealed by the FLSD tests, 

this allowed the derivation of significantly different best-estimate Kd (FQ) values for those soils 

with pH < 5.5 and pH 5.5 – 7.5, with OC contents either below or above 2% (see Table 6.6). 

In addition, best-estimate Kd (FQ) values for a given OC content were consistent with the 

previously observed pH-dependent sorption, for sand contents either below or above 50%, and 

moreover, the variability of the original data was generally reduced in each refinement. For 

those soils with pH ≥ 7.5, although best-estimate Kd (FQ) values followed the same pattern as 

those soils with pH < 5.5 and pH 5.5 – 7.5, refining the dataset with the pH_OC_Sand criterion 

did not result in statistically significant datasets for soils with OC < 2% and varying sand 

contents. For those soils with OC > 2% and varying sand contents, the low number of entries 

did not allowed a proper statistical analysis of both datasets.  

 

 

 

 

 

 

 

 

 

 

 

 

 



CHAPTER VI: SORPTION OF FQs IN SOILS 
__________________________________________________________________________________ 

303 

 

 

Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH < 5.5; OC < 2% Blue 67 1,028 4.16 0.986  

pH < 5.5; OC < 2%; sand < 50 % Red 27 2,148 5.76 0.926 A 

pH < 5.5; OC < 2%; sand ≥ 50 % Green 37 621 3.72 0.995 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.18 Resulting CDFs after splitting the soils by the pH_OC_Sand criteria for those 

soils with pH < 5.5 and OC < 2%. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH < 5.5; OC ≥ 2% Blue 50 3,837 14.0 0.989  

pH < 5.5; OC ≥ 2%; sand < 50 % Red 37 7,516 9.35 0.994 A 

pH < 5.5; OC ≥ 2%; sand ≥ 50 % Green 13 240 1.96 0.920 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.19 Resulting CDFs after splitting the soils by the pH_OC_Sand criteria for those 

soils with pH < 5.5 and OC ≥ 2%. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH 5.5 – 7.5; OC < 2% Blue 71 2,028 6.45 0.993  

pH 5.5 – 7.5; OC < 2%; sand < 50 % Red 31 2,636 3.12 0.972 A 

pH 5.5 – 7.5; OC < 2%; sand ≥ 50 % Green 17 619 3.68 0.977 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.20 Resulting CDFs after splitting the soils by the pH_OC_Sand criteria for those 

soils with pH 5.5 – 7.5 and OC < 2%. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH 5.5 – 7.5; OC ≥ 2% Blue 56 3,828 4.34 0.992  

pH 5.5 – 7.5; OC ≥ 2%; sand < 50 % Red 30 6,561 3.63 0.937 A 

pH 5.5 – 7.5; OC ≥ 2%; sand ≥ 50 % Green 9 914 2.17 0.921 B 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test.  

 

Figure 6.21 Resulting CDFs after splitting the soils by the pH_OC_Sand criteria for those 

soils with pH 5.5 – 7.5 and OC ≥ 2%. 
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Soil groups  Colour N µ (Kd, L kg-1) σ r2 FLSD1 

pH ≥ 7.5; OC < 2% Blue 38 261 4.82 0.971  

pH ≥ 7.5; OC < 2%; sand < 50 % Red 20 560 6.17 0.935 A 

pH ≥ 7.5; OC < 2%; sand ≥ 50 % Green 17 165 3.64 0.980 A 

pH ≥ 7.5; OC ≥ 2 % - 13 427 3.18 0.982  

pH ≥ 7.5; OC ≥ 2%; sand < 50 % - 8 765* 2.53* N.A. N.A. 

pH ≥ 7.5; OC ≥ 2%; sand ≥ 50 % - 5 219* 2.28* N.A. N.A. 

N = number of observations; µ: best-estimate Kd (50th percentile); σ = geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles. 1Different letters among the datasets compared indicate statistically significant differences 

between GMs according to the Fisher’s Least Significant Differences test. * Data derived from GM and GSD of 

the original data; N.A. = non analysed. 

 

Figure 6.22 Resulting CDFs after splitting the soils by the pH_OC_Sand criteria for those 

soils with pH ≥ 7.5 and OC < 2%. 
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All the resulting best-estimate Kd (FQ) values with associated uncertainty derived from 

the CDFs are summarized in Table 6.6: 

 

Table 6.6: Best-estimate Kd (FQ) values (µ, L kg-1), geometrical standard deviation (σ,                  

L kg-1), 5th and 95th percentiles (L kg-1) and maximum and minimum values for each partial 

dataset defined according to relevant soil properties affecting FQ sorption in soils.  

Group 1 Group 2 Group 3 N µ (Kd, L kg-1) σ 5th 95th Min Max 

Overall   312 1,680 7.6 93 56,234 10 1,288,250 

pH < 5.5   117 1,690 7.9 141 125,892 65 1,288,250 

pH < 5.5 Sand < 50  64 4,580 8.6 347 251,189 245 1,288,250 

pH < 5.5 Sand ≥ 50  50 480 4.1 120 12,022 65 26,303 

pH < 5.5 OC < 2  67 1,030 4.2 123 33,884 65 54,954 

pH < 5.5 OC ≥ 2  50 3,84 14 170 263,027 120 1,288,250 

pH < 5.5 Sand < 50 OC < 2 27 2,150 5.8 525 36,307 302 54,954 

pH < 5.5 Sand ≥ 50 OC < 2 37 620 3.7 89 5,888 65 9,120 

pH < 5.5 Sand < 50 OC ≥ 2 37 7,520 9.4 331 45,708 245 1,288,250 

pH < 5.5 Sand ≥ 50 OC ≥ 2 13 240 2.0 141 12,589 120 26,303 

pH 5.5 – 7.5   127 3,390 5.8 269 83,176 38 269,153 

pH 5.5 – 7.5 Sand < 50  61 3,850 2.9 654 22,579 282 169,284 

pH 5.5 – 7.5 Sand ≥ 50  26 750 3.2 115 5,370 38 5,888 

pH 5.5 – 7.5 OC < 2  71 2,030 6.4 354 40,738 38 190,546 

pH 5.5 – 7.5 OC ≥ 2  56 3,830 4.3 324 83,176 229 269,153 

pH 5.5 – 7.5 Sand < 50 OC < 2 31 2,640 3.1 363 18,197 282 40,738 

pH 5.5 – 7.5 Sand ≥ 50 OC < 2 17 620 3.7 115 5,370 38 5,888 

pH 5.5 – 7.5 Sand < 50 OC ≥ 2 30 6,560 3.6 1,738 63,096 832 169,824 

pH 5.5 – 7.5 Sand ≥ 50 OC ≥ 2 9 910 2.2 254 1,445 229 1,995 

pH ≥ 7.5   51 320 4.5 40 3,311 13 3,548 

N = number of observations; µ: best-estimate Kd (50th percentile); σ: geometric standard deviation; 5th, 95th: 5% 

and 95% percentiles; Min, Max: minimum and maximum Kd value of the distribution   
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In brief, the application of CDFs to the overall Kd (FQ) dataset allowed the derivation 

of more accurate best-estimates Kd (FQ) values according to specific environmental scenarios. 

Specifically, these best-estimates Kd (FQ) values ranged from 320 to 7,500 L kg-1 depending 

on easily-derivable soil physicochemical properties (pH, OC and sand contents), indicating that 

the most suitable best-estimate Kd (FQ) values for use as input data for risk assessment might 

vary within more than one order of magnitude just according to properties of the target soils. 

 

6.4. Conclusions 

Kd (NOR) values in soils followed a non-linear pattern along changes in pH, reaching a 

peak at pH 5 – 7, in which the cationic and zwitterion FQ species were predominant, confirming 

that pH was the main soil parameter affecting FQ sorption, both by modifying soil surface 

charges and affecting FQ speciation. The construction of a literature-assembled sorption Kd 

(FQ) dataset, including Kd data from NOR, CIP, ENR and OFL, confirmed that their sorption 

was statistically comparable. The development of a PLS-based prediction model based on 

relevant soil and FQ properties affecting sorption (pH, fraction of cationic FQ, CEC, OC and 

sand contents) led to a poor prediction of the Kd (FQ) when externally tested with literature 

data. Therefore, CDFs were constructed to derive best-estimate Kd (FQ) values with a known 

associated variability as input data for environmental risk assessment according to the specific 

characteristics of the scenario to be assessed, specifically pH, OC and sand content. Refining 

the sorption Kd dataset according to soil properties permitted derivation of more representative 

Kd (FQ), often with a lower related variability than that derived from the overall dataset. These 

Kd values were above 1,000 L kg-1 under most environmental conditions, suggesting a strong 

sorption to soil particles and therefore a low predicted mobility, although higher environmental 

mobility might be expected in scenarios with alkaline pH, low OC and high sand contents.  
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Regarding the identification of key parameters governing PFASs and FQs sorption in soils 

and other environmental matrices, the following conclusions can be drawn: 

 

 Sorption of PFASs in soils is largely governed by soil organic carbon content through 

hydrophobic interactions, and it increases with increasing PFAS chain length. The 

contribution of the mineral phase (i.e., silt and clay phases) can play a significant role in 

sorption for those soils with a low organic carbon content, but sorption in these scenarios is 

generally very low. 

 

 Sorption of PFASs in carbon-rich materials (e.g., biochars and activated carbons) is governed 

by hydrophobic interactions and it increases with increasing PFAS chain length. Contrarily to 

what was observed in soils, not only the quantity of organic carbon, but its quality (expressed 

by its aromaticity through the CORG/O molar ratio) is an important descriptor of PFAS 

sorption. Sorption increases when increasing material aromaticity, and additionally, material 

surface area plays an additional role in sorption providing extra sorption sites.  

 

 Sorption of FQs in humic acids is fast, strong, irreversible, affected by calcium cations and 

highly pH-dependent. Sorption is driven by multiple interaction mechanisms, including cation 

– π, electrostatic and hydrogen and halogen bonding interactions. Moreover, the sorption of 

norfloxacin, ciprofloxacin and ofloxacin in humic and fulvic acids can be considered 

analogous. On the other hand, sorption of FQs in phyllosilicate minerals is relatively strong, 

although highly pH-dependent. This pH dependence is due to both the speciation of the FQs 

and the overall surface charge of the clay, related to its pHZPC. Under acid to neutral 

conditions, sorption is driven by cation exchange mechanisms, and follows the trend: 1:2 

swelling clays (e.g., montmorillonite) > 1:2 non-swelling clays (e.g., palygorskyte, 

vermiculite, illite) > 1:1 clays (e.g., kaolinite).  
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Lastly, sorption of FQs in metal oxides, although affected by pH and ionic strength, is mainly 

driven by complexation mechanisms with the metal atoms in the mineral surface under neutral 

pH conditions. The resulting sorption affinity is dependent on the metal nature (with 

increasing affinity according to the Irving-Williams series), whereas for a specific set of metal 

oxides and (hydro)oxides (e.g., Fe), sorption increases when increasing mineral surface area. 

 

 The identification of key properties affecting FQ sorption in pure soil components allowed to 

deduce the main phases responsible for sorption in soils. Besides confirming the sorption 

analogy among target FQs, it was confirmed that sorption of FQs in bulk soils is pH-

dependent, being soil pH, clay and organic matter content key parameters descriptors of 

sorption.  

 

Regarding the development of Kd prediction models for PFASs and FQs in environmental 

matrices, the following conclusions can be drawn: 

 

 An empiric Kd prediction model for PFASs in soils was developed by accounting the 

relative contribution of organic and mineral phases in the overall Kd. The model, 

constructed by contemplating a wide range of PFAS and soils after gathering data from 

the literature, included only three variables: the organic carbon and the reactive mineral 

phase (silt + clay) contents, and the number of fluorinated carbons of the PFAS. A 

validation procedure ensured its ability to roughly predict Kd values for a wide range of 

scenarios and PFASs.  

 

 An empiric Kd prediction model for PFASs in carbon-rich materials (applicable to 

biochars and activated carbons) was developed with our own sorption data supplemented 

with a few literature data to enhance its range of applicability. The model included only 

three variables: the quality and quantity of sorption sites (represented by the CORG/O molar  
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ratio and the specific surface area, respectively) and the number of fluorinated carbons of 

the PFAS. Validating the model against additional data gathered from the literature 

ensured its applicability to roughly predict the potential affinity of these materials to sorb 

PFASs. To our knowledge, this is the first available model with these features in the 

current literature. 

 

 Using both experimental and literature data in the case of humic acids, and only literature 

data in the case of metal oxides and phyllosilicate minerals, several empirical equations 

have been proposed to predict the Kd of FQs in these pure soil components. Specifically, 

and despite the multiple sources of variability due to the contemplation of different 

materials and experimental conditions, the sorption Kd values in humic acids and different 

phyllosilicate minerals at different pH values were relatively well described by a second-

grade polynomic fitting, highlighting the important role of pH on the sorption of FQs in 

these materials. Besides, a linear model was proposed to predict Kd values for FQs in metal 

oxides and (hydro)oxides of Fe at neutral pH according to its surface area. To our 

knowledge, these are the first proposed equations to predict the sorption of FQs in these 

pure soil components. 

 

 An empiric Kd prediction model for FQs in soils was developed after multivariate 

analyses. The model was constructed with own and selected literature data to be applicable 

to a wide range of scenarios. Whereas similar, previously reported prediction models had 

not been externally validated, the external validation exercise applied to our model 

revealed a poor prediction ability when tested against additional literature data, likely due 

to its incapability to describe the non-linear sorption of FQs with pH.  
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 Due to the low prediction quality of the Kd (FQ) prediction model, alternatively, a set of 

best-estimate Kd values with associated uncertainty were proposed by refining an overall 

sorption Kd dataset for FQs in soils grouped according to specific key properties (pH, 

organic carbon and sand contents) through cumulative distribution functions. According 

to our knowledge, this is the first time that probabilistic Kd values for FQs in soils have 

been derived. 
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